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Figure 3.10: Nickel removal by a.) aluminum, and b.) iron electrocoagulation in six syn-
thetic water matrices spiked with mixed contaminants. Test water types were abbreviated
as follows: SL (“surface low”), SH (“surface high”), GL (“ground low”), GH (“ground
high”). See Section 2.2 for a description of the four test water types. Values shown are
means of triplicate tests; error bars are ±1 standard deviation.
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next analyzed by Kruskal-Wallis ANOVA. The Kruskal-Wallis analysis showed a

significant difference between the combinations (X2(3, 43) = 33.5, p < 0.0001). A post hoc

Bonferroni multiple comparison showed significant differences in nickel removal at pH 6.5

and pH 8.5 for both aluminum and iron electrodes. Aluminum and iron electrodes did not

differ significantly at a given pH, though iron electrodes at pH 6.5 differed significantly

from aluminum electrodes at pH 8.5. For both electrodes, removal was signficantly greater

at pH 8.5 than pH 6.5, as shown in Table 3.3, page 53. The point estimates of mean

removal also suggest the pH x electrode material interaction may be valid, with iron

outperforming aluminum at pH 8.5 and aluminum outperforming iron at pH 6.5.

Aqueous NiCO3 comprises approximately 1.5% of soluble nickel (II) at pH 6.5 in

high alkalinity waters, as shown in Figure A.6, page 87. Postitive Ni2+ ions attracted to

the cathode would experience more basic conditions. As shown in Figure A.6, NiCO3(aq)

continues to increase in concentration until pH 9.5, where nickel (II) carbonate accounts

for approximately 85% of soluble nickel (II). In surface waters, however, Ni2+ ions account

for nearly all soluble nickel (II) in the pH range tested, as shown in Figure A.8, page 88.

Because NiCO3 is uncharged, adsorption to flocs was expected to be lower at higher pH.

However, NiCO3 may be more likely to form precipitates or a scale layer in the basic

environment of the cathode.

In groundwaters, Box-Cox transformations of nickel removal showed significant

effects for post-treatment (F (1, 20) = 11.75, p = 0.0027), test water (F (1, 20) = 4.58,

p = 0.045), and electrode material (F (1, 20) = 9.48, p = 0.0059). Ground waters were

tested only at pH 6.5. Nickel removal in groundwater was significantly higher after

microfiltration (M = 19.4%, SD = 6.44%) than settling alone (M = 12.4%, SD = 7.30%).

Aluminum electrodes (M = 19.6%, SD = 8.49%) routinely outperformed iron electrodes

(M = 12.3%, SD = 4.46%). Finally, removal was greater in “ground high” than “ground

low” test waters. Removal in all four test waters is shown in Table 3.4, page 54. Lower

removal with increasing solids supports the hypothesis that nickel removal was inhibited

by formation of charge-neutral NiCO3 in solution.
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Figure 3.11: Nickel removal at pH 6.5 in the four synthetic test waters used in this study:
“surface low” (SL), “surface high” (SH), “ground low” (GL), and “ground high”. High-
solids groundwaters show significantly less variation and poorer removal efficiencies than
surface waters. Data are shown only for tests at pH 6.5 to accurately compare variance
between test water types.

Table 3.3: Nickel removal efficiency, interaction between pH and electrode material. Alu-
minum outperformed iron electrodes at pH 6.5, while iron outperformed aluminum at pH
8.5. Values are for nickel removal from “surface low” and “surface high” test waters only.

Electrode Material

pH Aluminum Iron

6.5

n 12 12

M 35% 28%

SD 18% 11%

8.5

n 11 12

M 61% 74%

SD 16% 10%
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Table 3.4: Nickel removal efficiency, summary matrix of test water and pH results. Re-
moval efficiencies at pH 8.5 were greater than those at pH 6.5 for both surface waters.
Nickel trended toward poorer removal with increasing ionic strength of the electrolyte, from
“surface high” to “ground high”.

pH

Test water 6.5 8.5

Surface Low

n 12 11

M 29% 67%

SD 19% 14%

Surface High

n 12 12

M 34% 68%

SD 10% 16%

Ground Low

n 12 0

M 19% NA *

SD 9.2% NA *

Ground High

n 12 0

M 13% NA *

SD 4.5% NA *

* Groundwaters were tested only at pH 6.5.
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3.4.3 Arsenic

The results for arsenic removal in Phase 2 are shown in Figure 3.12, page 57.

ANOVA analysis of arsenic removal efficiency under various test conditions showed

potential effects from post-treatment, test water, and electrode material, as well as

post-treatment x test water and post-treatment x electrode material interactions.

However, grouping data by electrode type and post-treatment failed the assumptions of

heteroscedacity and normality. Box-Cox transformations of the data were reanalyzed.

Even after transformation, grouping data by significant variables continued to result in

heteroscedastic and non-normal groups. In particular, the variation for settled samples

using iron electrodes was too broad compared to settled samples for aluminum and filtered

samples for either electrode material. Also, the tests using aluminum electrodes formed a

non-normal distribution of results.

Transformed data were therefore analyzed separately by post-treatment

(microfiltration versus settling only) with three-way ANOVA (pH, test water and

electrode material). Analysis of filtered samples showed a strong effect from electrode

material (F (1, 30) = 848.4, p < 0.0001). Analysis of settled samples showed effects from

both electrode material (F (1, 29) = 87.8, p < 0.0001) and test water (F (3, 29) = 3.22,

p = 0.037). In no analysis of the data was pH shown to have an effect.

As with chromium removal, iron electrodes (M = 0.831, SD = 0.139) drastically

outperformed aluminum electrodes (M = 0.173, SD = 0.174). The superiority of iron

electrodes was anticipated. Previous authors had proposed that ephemeral iron species

oxidize arsenite to form arsenate, which is readily adsorbed to flocs (Li et al., 2012). Also

like chromium, arsenic showed enhanced removal from microfiltration with iron electrodes

but not with aluminum electrodes, as shown in Table 3.5, page 58. As previously

mentioned, iron flocs were observed in suspension after centrifugation. The stochastic

inclusion of these tiny flocs likely increased the overall arsenic concentration in digested

samples. The lack of a significant difference between filtered and unfiltered samples after

aluminum EC explains the interaction between electrode material and post-treatment.
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Between test water types, arsenic removal followed the same trend seen in previous

metals of decreasing performance with increasing TDS concentration: “surface low”

(M = 0.521, SD = 0.406), “surface high” (M = 0.578, SD = 0.373), “ground low”

(M = 0.442, SD = 0.332), “ground high” (M = 0.403, SD = 0.307). Though filtered

samples did now show a significant effect from test water, point estimates (group means)

show the same approximate trend, as shown in Table 3.6, page 58.
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Figure 3.12: Arsenic removal by a.) aluminum, and b.) iron electrocoagulation in six
synthetic water matrices spiked with mixed contaminants. Note the dramatic removal of
arsenic with iron electrodes compared to that with aluminum electrodes. Test water types
were abbreviated as follows: SL (“surface low”), SH (“surface high”), GL (“ground low”),
GH (“ground high”). See Section 2.2 for a description of the four test water types. Values
shown are means of triplicate tests; error bars are ±1 standard deviation.
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Table 3.5: Arsenic removal efficiency, interaction between post-treatment and electrode ma-
terial. Arsenic showed enhanced removal from microfiltration after EC with iron electrodes,
but not aluminum electrodes.

Electrode Material

Post-treatment Aluminum Iron

Settling

n 17 18

M 20% 76%

SD 24% 15%

Microfiltration

n 18 18

M 15% 91%

SD 7.7% 7.0%

Table 3.6: Arsenic removal efficiency, interaction between test water and post-treatment.
Values shown summarize data at pH 6.5 only to avoid confounding the effects of pH with
those of test water type. Arsenic showed a trend of poorer removal with increasing ionic
strength of the electrolyte, from “surface high” to “ground high,” though this trend was
significant only for unfiltered samples (“Settling”).

Post-treatment

Test water Settling Microfiltration

Surface Low

n 6 6

M 47% 57%

SD 38% 44%

Surface High

n 6 6

M 52% 53%

SD 35% 41%

Ground Low

n 6 6

M 40% 49%

SD 31% 38%

Ground High

n 6 6

M 32% 49%

SD 22% 38%
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3.4.4 Cadmium

The results for cadmium removal in Phase 2 are shown in Figure 3.13, page 60.

Box-Cox transformations of the cadmium removal showed a significant interaction between

pH and test water by ANOVA. Because not all test waters were tested at multiple pH

levels, the data were further analyzed separately by both pH and surface versus ground

water. In the four-way ANOVA of only synthetic “surface waters”, pH (F (1, 40) = 132.2,

p < 0.0001) and post-treatment (F (1, 40) = 8.86, p = 0.0049) effects were both significant

variables. The test water x pH interaction remained significant when limited to results

from the “surface” waters (F (1, 40) = 4.87, p = 0.033), along with an interaction between

pH and electrode material (F (1, 40) = 7.45, p = 0.0094). In the three-way ANOVA of only

synthetic “groundwaters”, all three variables were very significant, with no significant

interactions: post-treatment (F (1, 20) = 27.96, p < 0.0001), test water (F (1, 20) = 74.19,

p < 0.0001), and electrode material (F (1, 20) = 214.24, p < 0.0001).

At pH 6.5, post-treatment (F (1, 39) = 30.14, p < 0.0001), test water

(F (3, 39) = 22.3, p < 0.0001), and electrode material (F (1, 39) = 114.9, p < 0.0001) were

all significant, with a significant interaction between test water and electrode material

(F (3, 39) = 18.07, p < 0.0001). While the transformed data did not meet the assumption

of homoscedacity when grouped by water type, grouping by combinations of electrode and

water type resulted in homogeneous variance. At pH 8.5, only post-treatment was

significant (F (1, 19) =, p = 0.0056), while electrode material was only significant for an α

value of 0.1 (F (1, 19) =, p = 0.086).

Because cadmium was spiked at a low initial concentration (30 µg/L), the mean

removal at pH 8.5 (86.0%) resulted in very low post-treatment concentrations (<5 µg/L

Cd). Since the MDL for cadmium is 2.83 µg/L, removal efficiencies were most likely

compressed beyond approximately 91.6% removal. In addition, cadmium is theoretically

about 35% as soluble at pH 8.5 as it is at pH 6.5, as shown in Figure A.13, page 91. At

pH 8.5, cadmium solubility was modeled to be approximately 10 µg/L assuming the

potential to form all precipitates within the duration of the experiment. Microfiltered,
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Figure 3.13: Cadmium removal by a.) aluminum, and b.) iron electrocoagulation in six
synthetic water matrices spiked with mixed contaminants. Test water types were abbrevi-
ated as follows: SL (“surface low”), SH (“surface high”), GL (“ground low”), GH (“ground
high”). See Section 2.2 for a description of the four test water types. Values shown are
means of triplicate tests; error bars are ±1 standard deviation.



61

untreated samples show that soluble concentrations of approximately 30 µg/L were

achieved even at pH 8.5. However, cadmium may have formed colloidal precipitates that

were able to pass through a 0.45 µm filter. Such precipitates would have a higher density

and lower charge density than truly aqueous species and would therefore be more readily

destabilized. Cadmium removal may have been driven primarily by solubility, and the

effect of other test variables would then be muted. Therefore, the significance of test water

at pH 6.5 only (i.e., the interaction between pH and test water) was likely an artifact of

experimental design and not necessarily descriptive of actual EC performance.

At pH 6.5, aluminum electrodes outperformed iron electrodes, as shown in Table

3.7, page 62. However, the increase in performance was apparent only in ground waters,

as shown in Figure 3.14, page 62. At pH 8.5, the mean removal for iron electrodes was

slightly greater than that of aluminum electrodes. However, the three-way test at pH 8.5

found only a potentially significant (α = 0.1) effect (p = 0.086) due to electrode material.

In all cases, the mean removal efficiency was greater after filtration (M = 0.656,

SD = 0.221) than settling alone (M = 0.557, SD = 0.223).

Comparison of removal in the four synthetic test waters shows an overall trend of

decreasing removal with increasing TDS, particularly in the highest-solids water (“ground

high”), as shown in Table 3.8, page 63. This trend was particularly apparent in tests using

iron electrodes, as shown in Figure 3.15, page 62. Regardless of the pH x test water

interaction, removal at pH 8.5 was consistently greater than that at pH 6.5, as shown in

Table 3.9, page 64. As mentioned, the slight difference in removal between “surface low”

and “surface high” at pH 8.5 was not significant.
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Table 3.7: Cadmium removal efficiency, interaction between pH and electrode material.
Aluminum electrodes outperformed iron electrodes at pH 6.5 only. At pH 8.5, mean cad-
mium removal with iron electrodes is higher than that with aluminum electrodes, but this
difference was not found to be significant. Values are shown for “surface high” and “surface
low” test waters only.

Electrode Material

pH Aluminum Iron

6.5

n 12 12

M 54% 48%

SD 7.6% 9.2%

8.5

n 11 12

M 82% 90%

SD 17% 9.2%

Figure 3.14: Cadmium removal efficiency by electrocoagulation with aluminum and iron
electrodes in four synthetic water matrices (t = 2 min, I = 0.5 A). Aluminum electrodes
out-performed iron electrodes in “ground low” and “ ground high” waters. Iron electrodes
showed poorer performance with the increase in electrolyte strength from “surface low” to
“ground high.” Data are shown only for tests at pH 6.5 to accurately compare variance
between test water types.
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Table 3.8: Cadmium removal efficiency, interaction between test water and electrode mate-
rial. EC with iron electrodes showed decreasing cadmium removal efficiency with increasing
ionic strength of the electrolyte from “surface low” to “surface high.” EC with aluminum
electrodes did not show this trend. Values are shown for pH 6.5 only to avoid confounding
the effect of pH with that of water type.

Electrode Material

Test water Aluminum Iron

Surface Low

n 6 6

M 55% 54%

SD 6.2% 9.6%

Surface High

n 6 6

M 54% 42%

SD 9.5% 3.2%

Ground Low

n 6 6

M 70% 39%

SD 6.4% 7.6%

Ground High

n 6 6

M 51% 24%

SD 5.1% 9.5%

Figure 3.15: Effect of TDS on cadmium removal efficiency by electrocoagulation with iron
electrodes (t = 2 min, I = 0.5 A). Data are shown only for tests at pH 6.5. Error bars
represent one standard deviation.
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Table 3.9: Cadmium removal efficiency, interaction between pH and test water. “Ground
high” water showed significantly lower removal than the other three water types at pH 6.5.
At pH 8.5, the slight increase in mean cadmium removal from “surface low” to “surface
high” was not significant.

pH

Test water 6.5 8.5

Surface Low

n 12 11

M 54% 83%

SD 7.7% 16%

Surface High

n 12 12

M 48% 89%

SD 9.3% 12%

Ground Low

n 12 0

M 55% NA *

SD 18% NA *

Ground High

n 12 0

M 38% NA *

SD 16% NA *

* Groundwaters were tested only at pH 6.5.
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3.4.5 Lead

The results for lead removal in Phase 2 are shown in Figure 3.16, page 66. Lead

removal showed significant effects from post-treatment and pH. However, grouping data

by either variable showed that the resulting groups were heteroscedastic. Box-Cox

transformation of the data resolved for homogeneous variance and normality, but also

revealed a likely interaction between pH and test water. Data were divided by pH and

analyzed by three-way ANOVA (post-treatment, test water, electrode material), then by

surface water versus groundwater and analyzed by a four-way (post-treatment, pH, test

water, electrode material) and a three-way ANOVA test (post-treatment, test water,

electrode material), respectively. This approach allowed separation of pH effects from test

water effects.

At pH 6.5, transformed data showed significant effects from post-treatment

(F (1, 39) = 154.5, p < 0.0001), test water (F (3, 39) = 3.95, p = 0.015), and electrode

material (F (1, 39) = 9.24, p = 0.0042). Post-treatment and test water also showed a

significant interaction (F (3, 39) = 3.04, p = 0.040). At pH 8.5, transformed data showed a

potentially significant effect only from post-treatment (F (1, 19) = 3.24, p = 0.088).

Analysis of surface water data showed only an effect from post-treatment

(F (1, 41) = 21.61, p < 0.0001) and a potentially significant interaction between

post-treatment and test water (F (1, 41) = 3.93, p = 0.054). Analysis of groundwater data

indicated possible effects from post-treatment, as well as two- and three-way interactions

between test water, electrode material and post-treatment. However, data were

heteroscedastic in all combinations, including between triplicate results for individual test

conditions. Therefore, the assumptions for ANOVA were not met. Furthermore, the

potential three-way interaction between all independent variables indicates the absence of

any prevailing pattern in test treatments in groundwater tests.

Though electrode material was shown to be have a significant effect on lead

removal at pH 6.5, the magnitude of the difference between removal at pH 6.5 with iron

electrodes (M = 0.888, SD = 0.0926) and aluminum electrodes (M = 0.876, SD = 0.0623)
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Figure 3.16: Lead removal by a.) aluminum, and b.) iron electrocoagulation in six synthetic
water matrices spiked with mixed contaminants. Test water types were abbreviated as
follows: SL (“surface low”), SH (“surface high”), GL (“ground low”), GH (“ground high”).
See Section 2.2 for a description of the four test water types. Values shown are means of
triplicate tests; error bars are ±1 standard deviation.
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was not great enough to be meaningful in application. Microfiltration enhanced lead

removal, as shown in Table 3.10, page 68. While post-treatment was only significant for an

α value of 0.1 (p = 0.088) at pH 8.5, Table 3.10 shows the same trend holds for the point

estimates (group means) of lead removal.

As observed for previous metals, lead removal efficiency decreased in high-solids

waters. However, the trend was not apparent in filtered samples, which uniformly showed

greater than 90% removal, as shown in Table 3.11, page 68. Though pH was initially

suspected to be significant, further analysis of surface waters alone (the only waters tested

at multiple pH levels) revealed pH to be insignificant (F (1, 41) = 2.68, p = 0.11).
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Table 3.10: Lead removal efficiency, summary matrix of pH and post-treatment results.
Mean removal was greater after microfiltration than settling alone, though this effect was
only significant at pH 6.5. Values at pH 6.5 summarize tests in ”surface high” and ”surface
low” test waters only to avoid confounding the effect of pH with that of water type.

Post-treatment

pH Settling Microfiltration

6.5

n 12 12

M 84% 94%

SD 8.1% 2.2%

8.5

n 11 12

M 80% 88%

SD 13% 14%

Table 3.11: Lead removal efficiency, interaction between test water and post-treatment.
Settled samples show a trend of decreasing lead removal with increasing ionic strength of
the electrolyte from “surface low” to “ground high”. Microfiltered samples show no such
trend, possibly due to consistently excellent removal. Values shown summarize tests at pH
6.5 only to avoid confounding the effect of pH with that of test water type.

Post-treatment

Test water Settling Microfiltration

Surface Low

n 6 6

M 79% 94%

SD 9.2% 3.0%

Surface High

n 6 6

M 89% 94%

SD 2.4% 1.2%

Ground Low

n 6 6

M 83% 94%

SD 6.4% 1.4%

Ground High

n 6 6

M 79% 94%

SD 5.4% 1.0%



69

3.5. Objective 2: Reactor parameters

3.5.1 Electrode material

Aluminum and iron electrodes starkly contrasted in removal of chromium and

arsenic, with poor removal from aluminum electrodes and greater than 90% removal from

iron. Iron’s superior performance came despite a molar loading rate nearly three times

lower than that of aluminum. In the two-minute tests with mixed contaminants, reduction

to below the MCL for these metals was achieved only with iron electrodes. Nickel,

cadmium and lead removal at pH 6.5 was greater with aluminum than iron electrodes.

Aluminum electrodes were expected to provide better cation removal at pH 6.5 because of

the negative charge of aluminum hydroxides above approximately pH 6 (see Figure A.1,

page 84), whereas iron (III) hydroxides have a positive charge below pH 9 (see Figure A.2,

page 85). In addition, aluminum is minimally soluble slightly above pH 6. However, both

nickel and cadmium showed no significant difference between electrodes at pH 8.5, with a

slightly greater mean removal by iron electrodes. Removal was also greater for both

metals at pH 8.5 than at pH 6.5. More importantly, aluminum only had a slight edge over

iron, even where that edge was statistically significant. To meet secondary standards for

aluminum and iron, aluminum is preferable at pH 6.5, and iron is preferable at pH 8.5. In

light of aluminum’s potential neurotoxicity, however, iron may be preferable for most

applications.

3.5.2 Post-treatment

Post-treatment with microfiltration increased removal of all metals, though

significance was often demonstrated only for a subset of tests. For chromium and arsenic,

microfiltration enhanced contaminant removal for iron electrodes but not aluminum

electrodes. This trend supports observations during the tests. Iron coagulants formed

small, slowly-settling flocs, while aluminum coagulants formed large, macro-flocs that

readily settled or floated to the surface. Thus, iron flocs were expected to require filtration
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beyond gravitational separation. The high variation in supernatant samples likely arose

from stochastic inclusion of small flocs. Settled samples were subjected to relatively weak

centrifugation before decanting, and the chance inclusion of small flocs in the sample

could greatly influence the contaminant concentration. This variance in settled iron

samples is likely indicative of real-world conditions and not an artifact of experimental

design. Even where microfiltration did not reduce the mean removal efficiency,

microfiltration reduced the variation in samples. Thus, microfiltration should be

considered a valuable post-treatment for EC, especially in reactors with iron electrodes.

3.6. Objective 3: Water quality parameters

3.6.1 pH

Cadmium and nickel both exhibited enhanced removal at pH 8.5 compared to pH

6.5, while the remaining metals showed no significant difference in removal over the range

tested. While cadmium was expected to be less soluble at pH 8.5 based on equilibrium

modeling, nickel was expected to be soluble at the spiked level to at least pH 9 (see Figure

A.7). Aluminum as well as iron electrodes were shown to be more effective at pH 8.5 for

cadmium and nickel, so decreased coagulant solubility is an unlikely cause for greater

removal. Speciation is also unlikely to have resulted in greater removal, as Cd2+ and Ni2+

remain the dominant species between pH 6.5 and 8.5. Close to pH 8.5, the uncharged,

aqueous species CdCO3 and NiCO3 begin to account for a relevant fraction of dissolved

species (see Figures A.13, page 91, and A.6, page 87). Of the remaining three metals

tested, lead shares a similar speciation scheme, with the exception that PbHCO3
+ may be

dominant over Pb2+ at pH 6.5 with a sufficient concentration of bicarbonate (see Figures

A.14, page 91, and A.16, page 92). However, pH was not a significant variable for lead. In

fact, mean lead removal was slightly greater at pH 6.5 than pH 8.5 (see Table 3.10, page

68).

The uncharged carbonate species were expected to be less likely to co-precipitate

in flocs, not more likely. Given the negative charge of aluminum hydroxides above pH 6
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and positive charge of iron hydroxides below pH 8.5, differential removal was expected

between electrodes if the primary mechanism of removal was adsorption or

co-precipitation. However, if the primary mechanism of removal at pH 8.5 was

enmeshment (sweep flocculation), carbonate species’ lack of charge may allow better

agglomeration. Previous experiments have shown precipitation of calcium and magnesium

carbonate onto the cathode (Malakootian et al., 2010; Vik et al., 1984). Reversing the

polarity of the electrodes was expected to re-dissolve scale or prevent its formation, but

this effect was not demonstrated. In addition, given the pH and concentration gradients

present in an EC reactor, speciation and solubility are likely more complex than can be

represented by an equilibrium model.

3.6.2 Water matrix composition

All metals showed decreasing removal efficiency with an increase in the ionic

strength of the test water. For arsenic and lead removal, the subset of microfiltered

samples did not show the same trend due to the water matrix, likely because overall

variation between filtered concentrations was low due to very high removal. Differences

between synthetic waters cannot be attributed to any one species or even broad water

quality parameters like hardness, alkalinity or ionic strength. The objective of this study

was not to delineate the fundamental water chemistry of EC, but rather to evaluate

performance across a representative range of water matrices. Nonetheless, the trend was

uniform across metals with disparate speciation schemes. In particular, arsenic and

chromium were not expected to show any speciation with the background electrolytes in

either stable valence state (see Figures A.11 - A.5, pages 90 - 86). In addition,

destabilization of charged particles from electrical double layer compression should

increase with the ionic strength of the solution. Therefore, the decreased removal

efficiency with high ionic strength is likely due to change(s) in the flocs themselves.

Bicarbonate, calcium and magnesium were expected to encourage the formation of

denser, more crystalline flocs in iron (van Genuchten et al., 2014). By observation,

aluminum flocs in high-solids waters also formed a more dense pellet after centrifugation
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and took on a dull, gray hue compared to the loose, whitish-gray pellet observed in surface

water tests. The background electrolytes likely adsorbed to or co-precipitated in the flocs,

thereby competing for sorption sites and reducing the floc surface charge.

3.6.3 Power consumption

As expected, power consumption decreased with increases in TDS concentration.

Table 3.12 on page 73 shows the mean conductivity and applied voltage for each test

water. The resistance of each test water was also calculated by Equation 1.4, page 13,

where the cell constant was estimated by the interelectrode distance and face area of the

plate electrodes ( l
A = 1cm

54cm2 ). The theoretical IR drop was calculated from this resistance

according to Ohm’s law, Equation 1.5, page 13. Power was calculated by the actual,

measured applied potential according to Equation 2.1, page 27. Applied energy was

calculated as the product of the power and the treatment time (2 minutes), normalized by

the volume of the reactor (300 mL). Aluminum and iron electrodes showed no significant

difference in applied potential.

Table 3.12 shows that the theoretical potentials required to overcome the IR drop

in each test water closely match the actual applied potentials. Thus, power can be

assumed to be primarily a function of the IR drop. This relationship is shown in Figure

3.17, page 73, in which power increases linearly with the inverse of conductivity (i.e.,

resistivity). Due to the low conductivity of potable water, the IR drop demands a much

higher applied potential than kinetic or mass transfer overpotentials alone. The reactor

used in this study was by no means optimized for energy efficiency. A smaller

interelectrode distance and larger ratio of electrode surface area to reactor volume (e.g.,

by increasing the number of electrodes) would lower the energy demand of the reactor.
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Table 3.12: Conductivity, potential and power consumption in four test waters. Note that
in some cases the actual applied voltage was slightly less than the theoretical potential
required by the IR drop. This discrepancy indicates a small error in the cell constant,
which was estimated from electrode dimensions. Applied energy was calculated based on
two minutes of treatment.

Conductivity Resistance Potential (V) Applied Energy

(mS/cm) (ohm) IR Drop Applied Potential (MJ/m3)

Surface low

mean 0.26 72 36 32 6.4

s 0.018 1.9

n 24 24

Surface high

mean 0.47 40 20 19 3.7

s 0.013 0.82

n 24 24

Ground low

mean 1.3 15 7.3 7.9 1.6

s 0.011 0.35

n 12 12

Ground high

mean 3.1 6.0 3.0 4.9 0.84

s 0.15 0.15

n 12 12

Figure 3.17: Reactor power consumption as a function of resistivity.
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4. CONCLUSIONS

Removal to below drinking water standards was demonstrated for five of seven

metal contaminants: chromium, copper, arsenic, cadmium and lead. Removal of these

metals to below drinking water standards was also demonstrated in a mixed-contaminant

scenario, with the exception of copper, which was not tested with other contaminants. EC

apparently removed zinc to below the secondary standard of 5 mg/L. However, the

method detection limit for zinc was higher than the standard, so the post-treatment

concentrations cannot be confirmed. Nickel was not removed to below the secondary

standard, though removal to near the limit was shown after two minutes of treatment at

pH 8.5. Zinc and nickel contamination posed a significant challenge in the first phase of

testing (single contaminants). Due to the high concentration of aluminum and iron after

running the reactor for 15 minutes, samples required 100x dilution before they could be

analyzed. The high dilution dramatically exaggerated the influence of ultra-low levels of

contaminants in the diluent acid. Later tests of nickel removal in a mixed-contaminant

solution with a 2 minute retention time required only a 10x dilution. These tests had a

much lower detection limit for all contaminants, but nickel was not removed to below

drinking water limits within the retention time.

As anticipated, iron electrodes showed far greater removal of chromium and arsenic

than aluminum electrodes, most likely due to redox reactions between ferrous iron and the

contaminants. Aluminum electrodes were only slightly more effective at removing nickel,

cadmium and lead, and only at pH 6.5. Thus, the marked advantage of iron electrodes

with arsenic and chromium outweighed the small advantage of aluminum electrodes with

the remaining metals. Other factors not considered in this study, such as air sparging or

the presence of NOM, may alter the relative effectiveness of aluminum or iron electrodes.

Microfiltration improved consistency and efficiency of removal of all metals,

particularly for iron electrodes. In addition, microfiltration was required to significantly

reduce residual aluminum and iron concentrations after treatment. Residual aluminum

concentration was on average double the secondary drinking water standard, while iron
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residuals were within 0.05 mg/L of the secondary standard. At pH 6.5, aluminum

concentrations met the secondary standard of 0.20 mg/L, but not the lower range of 0.05

mg/L (US EPA, 2009). At pH 8.5, iron concentrations met the secondary standard of 0.3

mg/L. Despite the slight excess of iron at low pH levels, removal of contaminant metals to

safe levels should outweigh non-enforceable, aesthetic limits. However, considering the

potential neurotoxicity of aluminum, the Hippocratic principle, ”Do no harm,” prevails,

and aluminum electrodes should not be used in high or variable pH waters.

The initial pH of the source water was not a significant factor for chromium,

arsenic or lead. Nickel and cadmium showed markedly greater removal at pH 8.5 than pH

6.5. The reason for lower removal is uncertain, but both metals form carbonate species in

the pH range tested. Nickel or cadmium carbonate may have precipitated onto the

cathode surface, as has been observed for calcium carbonate. Alternatively, the lack of

charge on the carbonate species may have allowed for more effective destabilization.

Cadmium in particular may have also more readily precipitated at higher pH due to lower

solubility. However, the low solubility was not reflected in cadmium concentrations in

untreated, microfiltered samples.

All metals exhibited poorer removal efficiencies as the ionic strength of the water

increased, particularly in the very high-solids, synthetic groundwaters. Hardness,

alkalinity, sulfate and chloride concentrations all increased from surface waters to

groundwaters. Nevertheless, the uniform affect on all contaminants suggests that

decreased efficiency is due to alteration of aluminum and iron flocs. The background

electrolytes most likely competed with contaminants by co-precipitating in, or adsorbing

to, the flocs. The change in ionic strength between test waters also affected the applied

potential on the cell.

Unfortunately, any change in an initial reactor or water quality parameter implies

a change in numerous other parameters. For instance, holding coagulant dose, CLR and

potential constant would require integrating the charge from varying current to establish

the correct residence time. Thus, the current density and residence time would still change

between tests. Even a difference in the effective electrode area in the reactor would change

the reactor hydraulics and the dipole field driving electrophoresis. Likewise, the mass and
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molar concentrations of aluminum and iron ions in solution necessarily differed with the

same CLR because of their different valences and molecular weights. In this study, CLR

and treatment time were deemed most fundamental, because coagulant dose is directly

related to current and time but only indirectly related to voltage. A full-scale

electrocoagulation reactor would likely control these two operating parameters (e.g.,

rather than applied potential or anode surface area), regardless of the source water or

electrode material.

This research demonstrated the effectiveness of EC in removing trace heavy metals

for drinking water applications. In addition, the study provided an extensive analysis

showing the relative importance of electrode material, post-treatment, and source water

characteristics. Wherever possible, iron should be sought as an alternative to aluminum

electrodes for reasons of both effectiveness and the safety of residuals for human

consumption. Post-treatment filtration is highly recommended for contaminant polishing

and limiting coagulant residuals. However, the optimal pore size and filter design remains

to be determined. The wide range of test waters in this study demonstrated that the

increase in power due to ohmic dissipation is at least partially balanced by greater

removal in low ionic strength waters. In addition, water with higher ionic strength will

require longer treatment times to achieve similar removal efficiency. Further testing is

required to determine an optimal range of contaminant removal versus power demand.
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A.1. Chemical equilibrium models

Figure A.1: Aluminum solubility and major soluble species, pH 2 to pH 12. Modeled with
MINEQL+ software (see Section 2.3.)



85

Figure A.2: Iron (III) solubility and major soluble species, pH 2 to pH 12. Modeled with
MINEQL+ software (see Section 2.3.)

Figure A.3: Iron (II) and solubility and major soluble species, pH 5 to pH 12. Modeled
with MINEQL+ software (see Section 2.3.)



86

Figure A.4: Soluble species of chromium (III) with change in pH. Chromium speciation
was modeled in a high-solids groundwater at a spiked concentration of 5.66x10−6 M Cr(III)
using MINEQL+ software (see Section 2.3.)

Figure A.5: Soluble species of chromium (VI) with change in pH. Chromium speciation
was modeled in a high-solids groundwater at a spiked concentration of 5.66x10−6 M Cr(VI)
using MINEQL+ software (see Section 2.3.)
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Figure A.6: Soluble species of nickel (II) with change in pH. Nickel speciation was modeled in
a high-solids groundwater at a spiked concentration of 8.51x10−6 M Ni(II) using MINEQL+
software (see Section 2.3.)

Figure A.7: Variation in nickel solubility with pH at a spiked concentration of 8.51x10−6 M
Ni(II) in four synthetic test waters: “surface low” (SL), “surface high” (SH), “ground low”
(GL), and “ground high.” See Section 2.2 for a description of the test waters used in this
study. Modeled with MINEQL+ software (see Section 2.3.)
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Figure A.8: Soluble species of nickel (II) with change in pH in low solids water. Nickel
speciation was modeled in “surface low” test water at a spiked concentration of 8.51x10−6

M Ni(II) using MINEQL+ software (see Section 2.3.)

Figure A.9: Soluble species of copper (II) with change in pH. Copper speciation was mod-
eled in a high-solids groundwater at a spiked concentration of 4.72x10−5 M Cu(II) using
MINEQL+ software (see Section 2.3.)
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Figure A.10: Soluble species of zinc (II) with change in pH. Zinc speciation was modeled in
a high-solids groundwater at a spiked concentration of 1.53x10−4 M Zn(II) using MINEQL+
software (see Section 2.3.)
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Figure A.11: Soluble species of arsenic (III) with change in pH. Arsenic speciation was
modeled in a high-solids groundwater at a spiked concentration of 4.00x10−6 M As(III)
using MINEQL+ software (see Section 2.3.)

Figure A.12: Soluble species of arsenic (V) with change in pH. Arsenic speciation was
modeled in a high-solids groundwater at a spiked concentration of 4.00x10−6 M As(V)
using MINEQL+ software (see Section 2.3.)
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Figure A.13: Soluble species of cadmium (II) with change in pH. Cadmium speciation was
modeled in a high-solids groundwater at a spiked concentration of 2.67x10−7 M Cd(II) using
MINEQL+ software (see Section 2.3.)

Figure A.14: Soluble species of lead (II) with change in pH. Lead speciation was modeled in
a high-solids groundwater at a spiked concentration of 7.24x10−7 M Pb(II) using MINEQL+
software (see Section 2.3.)
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Figure A.15: Variation in lead solubility with pH in four synthetic test waters: “surface
low” (SL), “surface high” (SH), “ground low” (GL), and “ground high”. See Section 2.2
for a description of the test waters used in this study. Solubility at pH 6.5 is dependent
on carbonate concentration (see also Figure A.14). Modeled with MINEQL+ software (see
Section 2.3.)

Figure A.16: Soluble species of lead (II) with change in pH in low solids water. Lead
speciation was modeled in “surface low” test water at a spiked concentration of 7.24x10−7

M Pb(II) using MINEQL+ software (see Section 2.3.)
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A.2. Test water formulations

Table A.1: Formulation of test waters using ACS-grade reagents. Concentrations are given
in mg/L.

Surface low Surface high Ground low Ground high

Salts added

MgCl2 · 6 H2O 36.8 67.8 284.4 362.2

CaSO4 9.1 31.2 119.0 286.0

CaCl2 · 2 H2O 48.9 98.4 208.9 120.3

NaCl 0.0 0.0 0.0 800.9

NaHCO3 100.8 163.8 466.7 763.3

Water quality

Hardness (as CaCO3) 58.0 123.2 369.3 470.0

TDS 164.0 301.0 876.7 2110.6


