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ABSTRACT 
MICROPOLLUTANT-FREE NUTRIENT RECOVERY: ADSORPTION OF 

MICROPOLLUTANTS ON ION EXCHANGERS AND  
BIOSOLIDS-DERIVED BIOCHAR  

 
 
 

Yiran Tong 
 

Marquette University, 2018 

The presence of excessive nutrients in treated wastewater effluent is a growing 
concern in terms of water quality and ecological balance. Thus, removal of nutrients is of 
great interest. Moreover, the removed nutrients can be recovered in forms amenable for 
agricultural reuse, which yields a sustainable supply of nonrenewable phosphorus that 
can be used to support global food production. As nutrient recovery gains interest, it is 
essential that the products be free of harmful contaminants. One class of contaminants of 
great concern is organic micropollutants. To help address these issues, this study 
evaluated the fate and impact of micropollutants during nutrient recovery via an ion 
exchange-regeneration-precipitation process. The adsorptive behavior of the 
micropollutants was evaluated for the ion exchangers and for a sustainable biosolids-
derived biochar that may be useful for separating micropollutants from nutrients prior to 
ion exchange. Bench-scale batch reactors were operated for ion exchange-regeneration 
and adsorption tests. The surface properties of ion exchangers and biochar were 
characterized to help assess the mechanisms of micropollutant adhesion on solid 
adsorbents. The presence of micropollutants in water reduced the kinetic rates of nutrient 
exchange onto ion exchangers. Micropollutants were adsorbed to the phosphate 
exchangers and were released with phosphate ions during ion exchange regeneration. To 
remove micropollutants from water prior to ion exchange, biosolids-derived biochar was 
used since micropollutants were adsorbed to the biochar, but ionic nutrients were not. 
Biochar produced at higher pyrolysis temperatures increased adsorption capacity, as did 
higher ambient temperatures for batch sorption experiments. Under multi-solute 
conditions, not all target micropollutants demonstrated suppressed adsorption. Biochar, 
ammonium, and phosphate exchangers were accordingly arranged in sequence in a flow-
through system. The biochar column removed more than 80% of influent hydrophobic 
micropollutants and 50% of hydrophilic micropollutants, thereby reducing the presence 
of micropollutants in the nutrient removal/recovery process. Thermodynamic parameters 
indicated an endothermic adsorption reaction and heterogeneity in adsorption site 
distribution on the biochar surface. The binding energy and entropy change of adsorption 
were not affected by the presence or absence of other solutes in the matrix. The 
underlying binding mechanism for biosolids-derived biochar adsorption was potentially 
dominated by non-specific hydrophobic interaction and non-covalent interaction 
including hydrogen bonding and π-stacking.
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1.1 The Nutrients-Energy-Water Nexus at Water Resource Reclamation Facilities  

Treating polluted water to high standards for the protection of human and 

environmental health has always been the major focus of water resource reclamation 

facilities (WRRFs). Today, a paradigm shift is occurring that focuses on solving 

problems at the nexus of Nutrients, Energy, and Water (NEW). It is imprudent to 

consider one of these aspects without accounting for their influences on the others. 

The water that is produced at WRRFs is not only discharged to the environment, 

but is also reused in applications such as industry, nuclear power production, and direct 

and indirect potable reuse. With these uses in mind, treatment technologies must account 

for removal of traditional pollutants such as oxygen demanding waste (e.g., biochemical 

oxygen demand [BOD]) as well as emerging pollutants such as pharmaceuticals and 

personal care products, also known as micropollutants.  

Additionally, energy recovery is highly desirable, as is the production of value-

added products from waste streams (Liu et al., 2017; McCarty et al., 2011; Mo and 

Zhang, 2013). Anaerobic treatments such as anaerobic membrane bioreactors (AnMBRs) 

and anaerobic digestion (AD) produce methane, which can offset some energy 

requirements for WRRFs. Anaerobic processes also offer an opportunity for downstream 

nutrient recovery, and thus an option to produce and recover a valuable product instead of 

using energy to convert nutrients to a wasted product (e.g., as N2 off-gas). Treatment 

systems such as these offer an integrated resource-centric approach to remove 

micropollutant contaminants while recovering resources such as carbon, nitrogen, and 

phosphorus to produce value-added products in the form of energy (e.g., methane, 

electricity) and nutrient-enriched fertilizers. 
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1.2 Anaerobic Treatment and Nutrient Recovery 

Due to the nature of anaerobic treatment, non-reactive phosphorous and nitrogen 

can be transformed biologically to orthophosphate and ammonium, which makes WRRF 

effluents a potential point source for discharging reactive nutrients into natural 

waterbodies (Bravo et al., 2017; Seib et al., 2016). Excess concentrations of phosphorus 

and nitrogen in natural waterways stimulate the overgrowth of algae, or eutrophication. 

This can result in serious environmental damage, including hypoxic “dead” zones (as in 

the Gulf of Mexico and about 400 other locations worldwide), toxic cyanobacteria 

blooms, loss of fish habitat, and deterioration of water quality for human use due to color, 

taste, and odor (Mayer et al., 2013; Rittmann et al., 2011). To mitigate these issues, 

wastewater discharges must meet phosphorus and nitrogen discharge limits. Regulations 

and guidelines defining allowable nutrient concentrations are becoming increasingly 

more stringent, as evidenced by recent regulations in Wisconsin (Wisconsin DNR, 2010).  

Ironically, with the problem of too much nutrients, global food production 

simultaneously faces the threat of nutrient scarcity. The source of fertilizer phosphorus is 

currently non-renewable mineral reserves, and Haber-Bosch nitrogen fixation for 

fertilizer production is energy intensive (Neset and Cordell, 2012), both of which can 

limit global food production. Wastewater treatment systems need to play a critical role in 

minimizing the risks to agriculture and water quality by incorporating treatment 

processes focused on sustainable nutrient management, i.e., remove orthophosphate and 

ammonium from water and recover them for reuse as fertilizer. One approach is to use 

ion exchange-regeneration followed with struvite precipitation to concentrate and recover 

phosphate and ammonium in the form of solid fertilizer (Williams et al., 2015).  
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1.3 Pyrolysis for Biosolids Treatment 

Residual wastewater solids are another by-product of wastewater treatment that 

can serve as a valuable resource. Pyrolysis offers great potential for WRRFs as a 

biosolids management strategy. Pyrolysis is a process that involves heating biomass in 

the absence of oxygen at approximately 500-800˚C. The process produces high-energy 

products in py-gas and py-oil, and a solid product, biochar (Liu et al., 2017). The biochar 

can serve as a beneficial soil amendment (Lehmann and Joseph, 2009). A WRRF could 

pyrolyze biosolids to reduce the volume of biosolids produced, which would reduce the 

costs of transporting biosolids for final disposal, and also produce a marketable beneficial 

soil amendment, biochar. If a WRRF already dries biosolids, the energy available in py-

gas and py-oil can be used to offset drying costs (McNamara et al., 2016). In addition to 

serving as a valuable soil amendment, biosolids-derived biochar also has potential as a 

sustainable adsorbent material and could potentially be used to remove micropollutants 

via adsorption.  

1.4 Organic Micropollutants in Wastewater 

The occurrence of organic micropollutants in the environment is usually 

associated with increasing population and anthropogenic activities. Industries and 

municipalities are the biggest sources of organic micropollutants (Schwarzenbach et al., 

2006). It is estimated that 300 million tons per year of synthetic industrial chemicals, 

consumer products such as pharmaceuticals, flame retardants, artificial sweeteners, and 

hormones enter natural waters globally, mainly through industrial and municipal 

wastewater discharges (Blair et al., 2013; Phillips et al., 2010; Schwarzenbach et al., 
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2006; Servos et al., 2005). Other sources that contribute to water pollution include 

agricultural runoff carrying pesticides and herbicides and accidental gasoline spills 

(Schwarzenbach et al., 2006), which can contaminate surface and groundwater directly. 

As WRRFs collect the majority of discharges from anthropogenic activities, they are a 

major collection and release point of organic micropollutants (Servos et al., 2005).  

Micropollutants are of concern because they elicit biological and ecological 

impacts at very low concentrations (ng/L). These compounds do not necessarily result in 

acute toxicity; instead, they cause long-term effects in organisms chronically exposed to 

these compounds. For example, in the South Platte River in Boulder, Colorado, minnow 

populations were sampled upstream and downstream from discharge of a wastewater 

effluent that contained low concentrations of estrogenic compounds. Upstream of the 

treatment plant, the minnow population was approximately 50% male, but downstream, 

males accounted for approximately 20% of the population, and nearly a third of the 

population was intersex (Vajda et al., 2008). Other impacts of micropollutants include 

inducing antibiotic resistance in bacteria in natural and engineered environments (Carey 

et al., 2016).   

1.5 Adsorptive Behavior of Micropollutants in WRRFs 

Micropollutant’s fate in WRRFs can follow one of the following pathways: 1) 

biodegradation during biological treatments, 2) release in the treated effluent, 3) 

volatilization into air, or 4) adsorption onto solids. In this dissertation, only the adsorptive 

behavior of micropollutants onto solid materials will be discussed. The fate of 

micropollutants due to adsorption during biological treatment has been studied previously 

on the basis of the adhesive nature of some micropollutants on sludge solids. The amount 
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adsorbed varies greatly depending on the sludge, as well as the physical and chemical 

properties (such as Kow and pKa) of the pollutants. For example, the extent of adsorption 

of triclosan onto sludge can vary substantially, ranging from 15% to 100%, resulting in 

sludge concentrations ranging from µg/kg to several mg/kg sludge (Blair et al., 2013; 

Lozano et al., 2013).  

The removal of micropollutants in WRRFs can also be achieved via adsorption 

onto solid engineered adsorbents such as activated carbon. For example, activated carbon 

was shown to remove carbamazepine, 17β-estradiol, and sulfamethoxazole removal via 

adsorption (Snyder et al., 2007). Biochar is also a carbonaceous solid material, the ability 

of which to adsorb organic micropollutants from wastewater is gaining more attention. 

For example, endocrine disruption compounds (Jung et al., 2013) and triazine herbicides 

(Xiao and Pignatello, 2015) were removed via adsorption by plant-derived biochar. 

Previous research utilizing biochar as an adsorbent have been primarily conducted using 

biochar derived from plant residuals, whereas very little assessment of biosolids-derived 

biochar’s micropollutant adsorption capacity has been performed.  

Nutrient removal and recovery from wastewater, which is an emerging side 

stream treatment strategy, is gaining more attention, and may also present an adsorptive 

pathway for micropollutants. The treatment process of ion exchange and regeneration 

followed with struvite precipitation can effectively concentrate nutrient ions to produce 

solid fertilizer (Williams et al., 2015). Research has shown that polymeric ion exchange 

resins and the natural ion exchanger zeolite adsorb pharmaceuticals and pesticides 

(Humbert et al., 2008; de Ridder et al., 2012). In this dissertation, solid exchangers are 

used for removing nutrients; however, there is lack of research describing how 
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micropollutant’s adsorptive behavior influences their fate and impact during nutrient ion 

exchange process. Therefore, more adsorption research on this topic is required. There 

are very few studies on micropollutant’s fate during struvite precipitation. Depending on 

micropollutant properties and struvite precipitation conditions, different outcomes may be 

observed. For example, tetracycline in wastewater ended up in struvite crystals 

(Başakçilardan-Kabakci et al., 2007), while carbamazepine and ethinylestradiol 

concentrations in urine remained unchanged during struvite precipitation (). The fate of a 

broader suite of micropollutants during struvite precipitation for nutrient recovery needs 

to be studied.   

Solid adsorbents, including activated carbon or biochar, could be used to remove 

micropollutants from wastewater as a polishing treatment step. For example, hormonal 

micropollutants can be removed via powdered activated carbon (Yoon et al., 2003). This 

removal strategy utilizes the adsorptive behavior of micropollutants. Similarly, biochar 

can be made from pyrolysis of a variety of carbon based feedstocks, but research on 

adsorption to biochar is still in its infancy as an adsorbent to remove micropollutants 

(McLaughlin, 2016). Multiple studies have been conducted to test the feasibility of using 

biochars that are derived from plant residuals and animal manure to adsorb hormones, 

pharmaceuticals and pesticides (Jung et al., 2013; Cederlund et al., 2016; Ahmad et al., 

2013). Similarly, biochar derived from wastewater treatment biosolids should be able to 

adsorb some organic micropollutants. With biosolids-derived biochar’s easy accessibility 

and abundancy for those WRRFs that equipped with a pyrolyzer, more research is needed 

in order to assess removal of micropollutants with biosolids-derived biochar via 

adsorption. Moreover, biochar could potentially be employed prior to nutrient removal 
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and recovery strategies to remove micropollutants prior to forming value-added nutrient 

products such as struvite.  

1.6 Research Objectives 

The overall objective of this dissertation was to qualitatively and quantitatively 

evaluate the adsorptive behaviors of a suite of commonly detected organic 

micropollutants on biochar and ion exchange resins. The compounds were selected due to 

their detection in anaerobic treatment effluents and differences in their physical-chemical 

properties (dissociation constants and hydrophobicity). Their adsorptive behaviors were 

characterized to help determine the impact and fate of micropollutants during nutrient 

removal/recovery processes using ion exchange resins, and the feasibility of employing 

biosolids-derived biochar as an adsorbent for removal of micropollutants.  

Specifically, the first objective was to determine how micropollutants, triclosan, 

17β-estradiol, and sulfamethoxazole impact nutrient removal and recovery using ion 

exchange-regeneration followed by struvite precipitation. Batch experiments were 

conducted to determine the aqueous-phase concentrations of the micropollutants were 

quantified at each stage of the process. The results are presented in Chapter 3. 

The second objective was to establish the feasibility and mechanisms of 

micropollutant removal by biosolids-derived biochar via adsorption. Pyrolysis 

temperature and water quality parameters were varied, and their influences on triclosan 

were evaluated. Biochar properties including surface charge, functional groups, pore size 

distribution and specific surface area were analyzed to assess micropollutant-biochar 

interactions. This study on TCS adsorption is presented in Chapter 4.  
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The third objective was to determine the thermodynamic parameters 

characterizing micropollutant-biochar adsorption to assist in evaluating the spontaneity of 

adsorption, the adsorption mechanisms, and the adsorbent’s binding affinity for the 

micropollutants. Batch experiments were performed on benzalkonium chloride, 

carbamazepine, 17β-estradiol, 17α-ethynylestradiol, and triclosan. These results are 

presented in Chapter 5. 

 The forth objective was to explore the reusability of biosolids-derived biochar, 

and its functionality as a pre-polishing step to remove triclosan, 17β-estradiol, and 

triclosan, for the nutrient ion exchange process. The experiments were operated in flow-

through column reactors. The results are presented in Chapter 6. Finally, conclusions are 

presented in Chapter 7. 
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2 LITERATURE REVIEW: ADSORPTION OF ORGANIC 
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2.1 Introduction 

With respect to micropollutant fate during water/wastewater treatment, 

micropollutants can be discharged with liquid effluent, biodegraded, volatilized, or 

retained on sludge (wastewater) or filter beds packed with ion exchangers via adsorption 

(Jung et al., 2013; Neale et al., 2010). Adsorptive behavior of organic micropollutants 

onto solids in engineered and natural environments substantially affects the fate and 

removal of pollutants that are not favorable to biodegradation (Blair et al., 2013). From 

the perspective of removing micropollutants from the aqueous phase in WRRF, 

commonly used treatment technologies include adsorption filter beds packed with 

carbonaceous materials such as activated carbon. To design better treatment processes for 

removal of micropollutants, the fate and removal of micropollutants related to adsorption 

must be understood. Therefore, deeper insights into the kinetics, equilibrium, and 

Nomenclature 
Q mass loading of adsorbate on solids (mg/g) 
Qe mass loading of adsorbate at adsorption equilibrium (mg/g) 
J flux of adsorbate (mg/g/min) 
kf film diffusion coefficient 
A volumetric surface area of adsorbent (m2/m3) 
C adsorbate concentration in aqueous phase (mg/L) 
Ce adsorbate concentration in aqueous phase at equilibrium (mg/L) 
Ds effective surface diffusion coefficient (mm2/s) 
k1, k2 pseudo first-order (/min) and second-order rate constants (mol/L/s) 
Kow octanol-water distribution coefficient 
K partition/distribution coefficient 
KL Langmuir constant 
Kf Freundlich constant 
Kc thermodynamic equilibrium constant 
∆Hst isosteric heat of adsorption (kJ/mol) 
∆H0 standard enthalpy change of adsorption (kJ/mol) 
∆G0 standard free energy change of adsorption (kJ/mol) 
∆S0 standard entropy change of adsorption (J/mol/K) 
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mechanisms that characterize adsorption behavior are required. For example, analysis of 

both the molecular structure of micropollutants and surface functional groups of the 

adsorbent are needed to extrapolate the potential inter-molecular forces that promote 

adhesion of micropollutants to adsorbents. Additionally, quantifying diffusion or reaction 

rate coefficients for adsorption is helpful in predicting breakthrough curves for fixed bed 

reactors (Chatzopoulos and Varma, 1995).  

The purpose of this chapter is to provide a theoretical basis for adsorption 

equilibrium between organic micropollutants and engineered porous media. The 

discussion draws from contemporary published literature focused on the driving force, 

kinetics, molecular-scale interaction forces, and quantitative methods within the scope of 

aqueous-solid adsorption systems. Moreover, this chapter specifically describes how 

adsorption capacity relates to surface properties of biochar and ion exchange resins. 

Finally, the key research gaps that are addressed in this dissertation are presented at the 

end of this chapter. 

2.2 Adsorbent surface properties and their adsorption abilities 

The adsorption of organic contaminants on solid adsorbents is greatly affected by 

both the nature of the compounds—polar vs. non-polar and neutral molecules vs. 

dissociated ions—and the surface properties of the adsorbent. For instance, an adsorbent 

with smaller sized mesopores can have more steric hindrance effect on molecules 

diffusing onto adsorption sites deep in the pores (Pignatello et al., 2017). Additionally, an 

adsorbent that has a high non-polar organic carbon moiety ratio can be attractive to 

neutral hydrophobic molecules (Meyer et al., 2006). Understanding adsorption kinetics 
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and mechanisms therefore requires knowledge of the adsorbent itself. In this section, the 

surface properties of carbonaceous biochar and ion exchangers are discussed.  

2.2.1 Biochar surface properties and the adsorption of organic contaminants 

Biochar is the carbonaceous residual solid product produced by pyrolysis, which 

is a process that involves heating biomass feedstock in the absence of oxygen (Liu et al., 

2017). Biochar surface properties depend on the characteristics of feedstock biomass, the 

pyrolysis process, and post-pyrolysis handling/treatment of biochar (Downie et al., 2012). 

            Structure and pores: Unlike coals and cokes that contain crystalline particles 

composing graphite-like layers, biochar structure is amorphous in nature (Downie et al., 

2012). Therefore, the types of adsorption sites on biochar vary, and the site type 

distribution is usually not homogeneous. The carbon backbone structure of biochar often 

features slit-shaped pores or honeycomb structures (Keiluweit et al., 2010; Sun et al., 

2012). Biochar pore size can range from sub-nanometer to tens of micrometers (Brewer 

et al., 2014; Downie et al., 2012), but a large portion of biochar pores are micropores (<2 

nm) inside the pore network, while pores connecting to the biochar surface are mostly 

mesopores (2 nm to 50 nm) (Tseng and Tseng, 2006; Xiao and Pignatello, 2015). Steric 

hindrance due to pore geometry occurs when the pore aperture is too narrow for 

adsorbate molecules to quickly diffuse into deeper micropore sites. This effect is 

important when the ratio of pore aperture to the minimum critical organic molecular 

diameter is below 10 (Ruthven, 1992). Xiao and Pignatello ( 2015) studied biochar for 

adsorption of a series of triazines: pyridine, quinoline and prometon. The diffusion 

coefficient of these compounds into the biochar pores followed the order of 

pyridine>quinolone>prometon, which is the reverse order of the critical diameter. This 
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case showed that steric effect is important for triazines to diffuse into deep tunnels. The 

free energies of triazines and benzene on the same biochar also suggested that the 

adsorption of the triazine is suppressed by ~6.2 kJ/mol compared to benzene due to steric 

effects (Xiao and Pignatello, 2015). 

Surface charge: The surface charge of biochar is an important property for 

adsorbing ionic molecules. Biochar may bear electrical charge deficits due to dissociable 

functional groups such as –OH, -H and –COOH in the biochar structures (Mukherjee et 

al., 2011). Surface charge can be measured using ion exchange capacity or zeta 

potential/iso-electric point. Ion exchange capacity for biochar is a term adapted from soil 

property (Mehlich, 1948). Cation exchange capacity (CEC) measures the negative charge 

of biochar for retaining cations, and vice-versa for anion exchange capacity (AEC). Zeta 

potential is more commonly used to quantify surface charge. Zeta potential is the 

potential at the hydrodynamic shear surface of a particle and can be used to predict the 

interaction (repulsion or attraction) between the particle and ions (Zhu and Pignatello, 

2005). Zeta potential is impacted by aqueous phase pH and solution ionic strength. The 

pH at which zeta potential is zero is called the isoelectric point (IEP). The differentiation 

of the terms IEP and point of zero net charge (PZNC) is not clear. Some researchers 

pointed that IEP represents the external surface charge, while PZNC is for external and 

internal surface charges (Mukherjee et al., 2011, Radovic, 2012). However, researchers 

are in agreement that both of these terms represent a zero-surface charge condition.  

The interactions between a charged surface and ions are likely affected by 

coulombic attraction. Both surface charge of biochar and the extent of dissociation of 
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organic pollutants as a function of pH should be taken into consideration when probing 

the role of coulombic interaction.    

Organic content: Aromaticity and polarity are the two common indicators of 

organic content in biochar. Aromaticity is the proportion of aromatic carbon content over 

total carbon content (IUPAC, 2014). The aromaticity of biochar is influenced by 

feedstock and pyrolysis conditions. For example, using wood as the pyrolysis feedstock 

can promote aromaticity because of the high amount of aromatic lignin inherent in wood 

(Antal and Grønli, 2003). Biosolids derived from ash-rich feedstocks, such as municipal 

biosolids and manure, tend to have less aromaticity, which is also less impacted by 

pyrolysis conditions (Wang et al., 2012). As for the impact of pyrolysis conditions, the 

highest heat treatment temperature is often researched for the development of aromaticity 

of biochar. The Hydrogen/Carbon (H/C) index is used to indirectly represent the 

aromaticity—a low value indicates a high organic carbon portion and high aromaticity. 

As pyrolysis temperature increases, carbon concentration in biochar tends to increase, 

and aliphatic carbons become incorporated into aromatic rings by losing a hydrogen 

(Wang et al., 2012). Chen et al. observed that H/C values of pine-needle biochar 

decreased from 1.44 to 0.18 as pyrolysis temperature increased from 100˚C to 700 ˚C 

(Chen et al., 2008). Direct detection of aromatic structures in biochar can be conducted 

through nuclear magnetic resonance (McBeath et al., 2011). Negative correlations 

between biochar aromaticity and the Freundlich parameter n were observed when using 

biochar pyrolyzed at 100-700˚C to adsorb organic contaminants (Chen et al., 2008; Sun 

et al., 2011). High aromaticity (approximately 78% aromatic carbon) and strong 

nonlinear sorption (low n values, <0.4) observed for plant chars suggested that low-
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molecular weight aromatic carbon may play a significant role in the overall sorption of 

fluorinated herbicides (Sun et al., 2011).  

Polarity of carbonaceous adsorbents accounts for the aliphatic portion of the 

biochar and is also related to the adsorption of organic compounds (Kang and Xing, 

2005). The proportion of polar functional groups can be indirectly represented using the 

Oxygen+Nitrogen/Carbon ((O+N)/C) index (Chen et al., 2008). High amounts of oxygen-

containing functional groups, such as carboxyl groups, may increase the overall polarity 

of biochar. In general, high polarity biochar has stronger adsorption affinity and higher 

capacity for polar and ionic organic compounds, and a lower affinity for hydrophobic 

compounds (Grathwohl, 1990; Kang and Xing, 2005). For instance, the adsorption 

capacity parameter, K, of hydrophobic phenanthrene was inversely correlated with the 

polarity index (Kang and Xing, 2005). Increasing pyrolysis temperature can also 

substantially decrease biosolids-biochar polarity (Yuan et al., 2013).  

Other dissociable functional groups: Other groups such as –COOH, -OH, and –

NH2, can serve as hydrogen donors to form H-bonds with organic compounds. The 

increase of these functional groups on biochar often relates to post-treatment steps used 

to condition biochar after pyrolysis. Treatment using oxidizers such as H2SO4 and HNO3 

increased the content of –COOH for cotton seed hull-biochar (Uchimiya et al., 2012). 

Due to the complexity of biosolids, it is also possible for the biochar to retain organic 

hydroxyl groups such as alcohol or phenolic hydroxyl groups (Lu et al., 2012). 

2.2.2 Surface properties of non-carbonaceous adsorbents 

 

Non-carbonaceous adsorbents such as natural and artificial ion exchangers are 

often employed for adsorbing inorganic and ionic contaminants for water/wastewater 
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treatment. The interactions between organic micropollutants and ion exchangers were 

less well known previously, but the structural properties of ion exchangers allow for 

adsorption of organic micropollutants. Since the backbone structures of artificial ion 

exchange resins are more well ordered than amorphous biochar, resin surface properties 

can be more easily elucidated in order to unveil their interactions with organic 

compounds. Widely used DOWEX-M4195 base resins consist of styrene, and to confer 

specificity, functional groups such as bispicolylamine can be permanently attached to this 

matrix (Sengupta and Pandit, 2011). The styrene matrix and the neutral functional groups 

of resins can be attractive to neutral organic compounds. Potential interactions can 

include weak intermolecular forces such as H-bonds and π-interactions. Exchangeable 

sites such as metallic groups on ion exchangers are responsible for the surface charge of 

ion exchangers and their ion exchange potential for ionic compounds via coulombic 

attraction. Ion exchangers can be used to remove and recover ionic orthophosphate and 

ammonium from wastewater. Due to micropollutants presence in wastewater and their 

potential interactions with ion exchange resins, the fate and impact of micropollutants 

during ion exchange for nutrient recovery needs to be addressed.   

2.3 The kinetics of adsorption of aqueous-phase organic compounds onto porous 
media  

 

 

             Adsorption of dissolved molecules or ions onto porous adsorbents is typically 

described as a mass transfer process (diffusion) followed by adsorbate-adsorbent surface 

interactions. On this basis, several mathematical kinetic models have been developed. 

Based on incorporation of consecutive diffusion-adsorption steps (or not), the proposed 
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kinetic models can be categorized into two types: diffusion-controlled kinetics and 

reaction-controlled kinetics.  

2.3.1 Diffusion-controlled kinetics 

 

For molecules or ions in water, diffusion into the pores of porous adsorbents 

includes the following steps (Pignatello and Xing, 1996; Qiu et al., 2009): 1) diffusion in 

bulk liquid, 2) diffusion in the water film surrounding the porous adsorbent, and 3) 

diffusion in the liquid contained in the pores, in most cases called intraparticle diffusion.  

The first step of mass transfer is diffusion of the adsorbate through the bulk 

liquid. This occurs nearly instantaneously after adding the adsorbent into the liquid. Its 

contribution to controlling the diffusion rate is negligible (Pignatello and Xing, 1996; 

Tran et al., 2017). Therefore, diffusion-controlled kinetic models are always controlled 

by film or intraparticle diffusion in batch adsorption systems (Xu et al., 2013). 

The second step of mass transfer is film diffusion. Extending from the surface of 

the adsorbent, liquid forms a relatively stagnant thin film layer that the adsorbate must 

traverse before reaching the solid surface. In the case of liquid/solid adsorption, this thin 

film layer is sometimes called the hydraulic boundary layer (Benjamin and Lawler, 

2013). If film diffusion is the rate-limiting step, the rate of adsorbate accumulation onto 

solids over time can generally be expressed using the simplified linear driving force 

model (LDF) (Britain, 1992; Qiu et al., 2009). In this model, the rate of accumulation of 

adsorbate on an adsorbent is proportional to the concentration gradient between bulk 

solution and the particle-liquid interface; this concentration gradient is the driving force 

for film diffusion. This rate model is derived from a mass balance setting the rate of 
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change of mass of adsorbate on solid equal to the net transport flux of adsorbate into bulk 

solution from the boundary layer (eq. 2.1)  (Benjamin and Lawler, 2013; Cooney, 1998): 

��
�� = ��� = �	
(� − ��)      eq. 2.1 

where Q is the mass load of adsorbate on solids, JBL is the flux at boundary layer 

(mg/g/min), kf is the film diffusion coefficient, A is the volumetric surface area of 

adsorbent (m2/m3), C is the adsorbate concentration at the boundary layer and Cs is the 

adsorbate concentration at the exterior surface of the adsorbent.   

In a well-mixed batch reactor, the concentration gradient in the liquid film is 

negligible; therefore, film diffusion is usually not rate limiting. In column systems, 

however, the concentration gradient could be significant (Pignatello and Xing, 1996). 

Sircar and Hufton ( 2000) compared the simplified LDF model with other more rigorous 

models such as Fickian Diffusion and Quadratic Driving Force for analysis of adsorption 

column data. They concluded that LDF was comparable with other models. Therefore, 

LDF can be applied to describe kinetics for column adsorption, in which film diffusion is 

the rate-limiting process. Furthermore, LDF can be applied to predict breakthrough 

curves of fixed bed operation.  

The third step of diffusion includes pore diffusion, which is when the adsorbate 

penetrates to the center of the adsorbent particle, or surface diffusion, which is when the 

adsorbate flux diffuses along the interior surface of the pores. These two types of 

diffusion are difficult to distinguish in practice (Benjamin and Lawler, 2013). If the 

adsorbate molecules encounter the greatest resistance during the third step, pore/surface 

diffusion will be the rate-limiting step. Therefore, the mass balance will only characterize 

the adsorbate in the solid phase, since changes of adsorbate concentration in bulk liquid 
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and film are negligible. In this case, a control volume is modeled as a thin, annular layer 

of adsorbent bounded by concentric spheres at radii of r and r+dr, and the basic mass 

balance relationship is written as (Benjamin and Lawler, 2013):  

Rate of change of mass of adsorbate stored in the annulus between the two 

concentric spheres=flux of adsorbate diffusing into the annulus at r+dr – flux of 

adsorbate diffusing out of the annulus at r. 
 

By substituting flux (J) in the mass balance equation with its pseudo-Fick’s law 

expression (Collins and Kimball, 1949), the homogenous diffusion model can provide 

insight into changes in Q in time and space, as shown in eq. 2.2 (Cooney, 1998): 

��
�� = ��

��
�

�� ��� ��
�� �  eq. 2.2 

where Ds refers to the effective surface diffusion coefficient and is assumed to be 

constant for the particle, and r is the distance to the center of the adsorbent particle. Many 

special-case rate models have been developed, including the homogenous surface 

diffusion model (HSDM) (Tien, 1994), which considers only surface diffusion, whereas 

the pore diffusion model (PDM) only accounts for pore diffusion (Brauch and Schlünder, 

1975; McKay, 1991; Merk et al., 1981). Since it is difficult to distinguish between pore 

diffusion and surface diffusion, the intraparticle model, a general homogenous diffusion 

model(Cooney, 1998), is commonly used to group pore/surface diffusion together. 

Initial and boundary conditions need to be considered to solve the intraparticle 

diffusion rate equations as Q varies over time (Benjamin and Lawler, 2013; Xu et al., 

2013). For example, the initial condition for the entire adsorbent particle at time 0 is Q=0 

(zero uptake of adsorbate). The boundary conditions can include 1) no gradient of Q at 

the center of the particle and 2) equilibrium conditions between solid and solution phases, 

i.e., equilibrium isotherm (Qe=f(Ce)) (Benjamin and Lawler, 2013). However, numerical 
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solutions to intraparticle diffusion rate equations are complicated even with proper 

assumptions (Cooney, 1998; Westwater and Drickamer, 1957). Therefore, the LDF 

model for intraparticle diffusion is derived as an approximated expression (Alpay and 

Scott, 1992). This linear driving force model for intraparticle diffusion assumes that the 

concentration in solid phase decreases linearly toward the center of the particle (Xu et al., 

2013). Notably, the actual concentration gradient is not linear due to tortuosity in the 

interior of porous adsorbent particles. Therefore, the linear driving force model for 

intraparticle diffusion is a simplified approach of limited validity (Nakao and Suzuki, 

1983).   

2.3.2 Reaction-controlled kinetics 

Another case to consider is the “adsorption reaction”, when adhesion of the 

adsorbate onto the solid surface’s adsorption sites is rate limiting, thereby controlling the 

overall adsorption rate. Therefore, reaction-controlled kinetic models characterize only 

the last step of adsorption, treating the rate of diffusion as negligible. The reaction rate-

limiting kinetic approach is more appropriate for binding with adsorption sites via ion 

exchange or sharing electron pairs via covalent or ionic bond (Y.S. Ho and McKay, 

1998).     

The mathematical expressions of pseudo first-order (PFO) (Lagergren, 1898) and 

pseudo second-order (PSO) rates (Blanchard et al., 1984; Ho and McKay, 1999) are 

illustrated in eq. 2.3 and 2.4, respectively: 

��
�� = ��(�� − �)  eq. 2.3 

��
�� = ��(�� − �)� eq. 2.4 
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where Q (mass adsorbate/mass adsorbent) is the mass adsorption capacity at time 

t, Qe is the capacity at equilibrium, and k1 and k2 are the pseudo first-order and second-

order rate constants, respectively. The kinetic order of the reactions is related to the 

stoichiometry of adsorption site and adsorbate molecule (Plazinski et al., 2009).  

These two adsorption reaction models are used when adsorption itself is the rate-

limiting step during the entire transport-adsorption process. For example, formation of a 

covalent bond between adsorbate and adsorbent or strong physical adsorption, such as ion 

exchange processes, are usually considered rate limiting. Proper applications of PFO and 

PSO kinetic models include adsorption of acidic pharmaceuticals on magnetic 

nanoparticles coated with zeolite (Salem Attia et al., 2013), and adsorption of divalent 

metal ions onto peat (Y. S. Ho and McKay, 1998), all of which were ion exchange 

processes.  

Kinetic models provide direct information on the rate of diffusion or reaction. A 

higher diffusion or reaction rate constant indicates faster uptake of the adsorbate. Besides 

providing straightforward information, adsorption kinetics derived from batch tests are 

important in modeling the fate and transport of adsorbates through porous media such as 

soil, subsurface aquifer and other engineering environments because dynamic fate and 

transport models all include terms for adsorption (Pignatello and Xing, 1996; Xu et al., 

2013). From the perspective of water treatment engineering, kinetic models are a 

prerequisite for predicting fixed bed adsorption performance. While fitting experimental 

data to kinetic models is necessary, it is not sufficient to extrapolate mechanism 

information. To achieve deeper comprehension of adsorptive behavior, batch kinetic 

studies combined with other approaches may be necessary to elucidate the underlying 
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mechanism of sorption (e.g., covalent binding or other physical adsorptions) (Simonin, 

2016; Xu et al., 2013). Complimentary studies on adsorption kinetics, isotherms, 

thermodynamics, characterization of surface properties and adequate numerical analysis 

are needed to elucidate adsorption mechanisms.  

2.4 Adsorption mechanisms of organic micropollutants binding to porous sorbents 

In this literature review, the “mechanism of adsorption” refers to the mechanism 

of actual attachment, regardless of molecule/ion diffusion. Therefore, “pore filling”, 

which is mentioned in some articles as an adsorption mechanism (Inyang and Dickenson, 

2015), is excluded from this discussion because it does not characterize attachment. 

Attachment via adsorption is a process that takes place spontaneously since the associated 

free energy is negative. The driving force of attachment is the sum of a number of forces 

contributing to the total free energy of adsorption (Zhang and Somasundaran, 2006). 

Driving forces include intra- and inter-molecular interactions due to electrostatic 

attractions such as covalent bonding, coulombic attraction and dipole interactions. Dipole 

interactions can include hydrogen bonding (H-bonding), π-interaction, dipole-dipole 

interaction (Keesom interactions), dipole induced dipole interaction (Debye interactions), 

charge-dipole interactions, and fluctuating dipoles (dispersive forces/London Forces). For 

adsorption of organic molecules onto carbonaceous materials, van der Waals forces have 

been included as one type of non-coulombic interaction, in addition to H-bonding, and 

π/dipole interactions (Moreno-Castilla, 2004; Ni et al., 2011). However, this 

classification is problematic because the term van der Waals forces is used by some to 

describe the totality of all intermolecular non-covalent forces, while others use it to 

describe subsets of intermolecular forces (“Get your force right,” n.d.; Williams, 2017). 
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Since this term is lacking in physical meaning and is not sufficiently descriptive, the use 

of “van der Waals force” to describe adsorption mechanisms should be avoided. 

Hydrophobic interactions between non-polar moieties has also been considered a 

mechanism for adsorption attachment (Inyang and Dickenson, 2015). However, 

hydrophobic interaction is not an intermolecular force. It is a non-specific interaction that 

has more to do with decreasing entropy related to chemicals leaving water as opposed to 

being attracted to adsorbents (Williams, 2017).  

 Covalent bonding is irreversible chemisorption through sharing electron pairs 

and is stronger than any form of non-covalent intermolecular forces. Conversely, 

adsorption involving non-covalent interactions is usually considered to be physical 

adsorption. Chemisorption is widely utilized to modify adsorbent surfaces with functional 

group additions. Preparation of hybrid ion exchangers with selectivity for certain ions is 

usually done by chelating functional groups onto polymeric backbone matrices (Blaney et 

al., 2007; Zhao and Sengupta, 1998). Functionalization of carbon nanoparticles with 

covalent modification is also widely achieved via reactions such as carboxylation, 

amidation, fluorination, and free radical chemistry (Kanagaraj and Rao, 1992; Yang and 

Xing, 2010).  

Coulombic interaction is the interaction between two charged moieties. In the 

case of adsorption of organic compounds from aqueous solution, coulombic interaction 

relates to the dissociation of the organic adsorbate and dissociable functional groups on 

the adsorbent surface. Opposite charges on the adsorbate and adsorbent induce coulombic 

attraction. Ion exchanger functionality relies on different strengths of coulombic 

attraction. In the case of water/solid adsorption, pH and ionic strength is critical to the 
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dissociation of functional groups of organic adsorbates. This is reflected in their pKa 

(acid dissociation constant) values. Also, pH can contribute to adsorbent surface charge. 

In some reports, coulombic interactions are referred to as “Electrostatic interactions” (Hu 

et al., 2013; Hyung et al., 2007), which is inaccurate because electrostatic interaction is 

the fundamental basis for all non-covalent intermolecular forces (Hardinger, 2015) 

Hydrogen bonding (H-bonding) is a special case of strong dipole interaction 

occurring between hydrogen donor and acceptor. The hydrogen donor is usually bonded 

to nitrogen (N), oxygen (O) or fluorine (F) within a functional group, such as –COOH, -

OH, –NH2, and electron-rich π-systems. Atoms such as N, O, and F act as hydrogen 

acceptors (IUPAC, 2014; Kah et al., 2017; Yang and Xing, 2010). These hydrogen 

donor/acceptor functional groups on either adsorbent surface or organic molecules can 

form H-bonds. For example, wood-derived biochar rich in oxygen-containing groups 

anchoring on its aromatic and hydrophobic surfaces resulted in high affinity for the 

electronegative ClO4
- group in perchlorate via H-bonding (Fang et al., 2014).  

Charge-assisted H-bonding (CAHB) is stronger than regular H-bonding. CAHB 

includes three categories: double charge-assisted ((±)CAHB), positive charge-assisted 

((+)CAHB), and negative charge-assisted ((-)CAHB) H-bonding (Gilli et al., 2009). 

Among these categories, (-)CAHB is often found in dissociable organic compound 

adsorption onto adsorbent functional groups (Lian et al., 2014; Teixidó et al., 2011). Gilli 

et al. defined (-)CAHB as strong H-bonding between proton donor/acceptor pairs (base as 

donor and acid as acceptor), e.g., between carboxyl group and its conjugate acid ([R-

COO ··· H ··· OOC-R]-) or different acid/base pairs (Gilli et al., 2009). The more similar 

the pKa values of the groups at either end of the hydrogen bond, the stronger the 
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(-)CAHB. Therefore, the strongest (-)CAHB occurs between an acid and its conjugated 

base. Teixido et al. (2011) postulated formation of (-)CAHB between sulfmethoxazole 

and the carboxylate group on biochar’s surface at pH 3-7, where sulfmethoxazole 

molecules dominate (Figure 2.1). The small pKa difference between sulfmethoxazole and 

HOOC-surface values allows close sharing of the proton and confers covalent character 

on this type of H-bond (Teixidó et al., 2011). 

 

Figure 2.1 Sulfamethoxazole interaction with a COO- group on biochar’s surface via 
negative charge-assisted hydrogen bonding ((-)CAHB). The dashed line denotes H-
bonding. 

 
π-interaction is another type of dipole interaction that is weaker than H-bonding. 

This term is used to interpret attractions between neutral organic molecules and electron 

rich π-systems, A π-system is usually a functional group that has π-bonds, which result 

from overlap of diffusive electron orbitals. π-systems such as C=C double bonds or 

aromatic rings can be attractive to polar molecules and other π-systems. For example, 

biomass-derived carbon black has high aromatic content, facilitating π-interactions. The 

aromaticity of biochar usually increases with pyrolysis temperature, since most of the 

aliphatic structures are destroyed (Domingues et al., 2017; Fang et al., 2014). Polymeric 

hybrid adsorbents such as ion exchange resins also contain aromatic rings (Blaney et al., 

2007). An aromatic π-system is electron rich and can either enhance existing H-bonds or 
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behave as proton acceptors. Mahmudov et al. (2010) found that a graphite-like activated 

carbon with aromatic sheet structure favored perchlorate adsorption due to π-system 

facilitation (Fang et al., 2014; Mahmudov and Huang, 2010). Due to the highly 

electronegative nature of π-systems, the attraction to cations is also favorable.  

Intermolecular attractions between π-systems, known as π-π interactions, occur as 

well. π-π interactions occur between oppositely polarized quadrapoles of arene systems 

oriented in a parallel-planar fashion ( “stacking”) (Teixidó et al., 2011). Opposite 

polarization of aromatic systems induced their opposite preference to electrons. 

Therefore, the most widely adopted conceptual model to describe π-π interaction is the π- 

electron donor-acceptor model (EDA) (Hunter and Sanders, 1990; Kah et al., 2017). For 

instance, nitroaromatic moieties as π-electron acceptors can attach to the aromatic sheet 

structures (π-electron donor) of graphite and charcoal (Zhu and Pignatello, 2005). Using 

charge-transfer absorbance in the UV-visible absorption spectrum, π-π EDA interactions 

can be characterized as (Hunter and Sanders, 1990; Wijnja et al., 2004). Raman, NMR 

and fluorescence techniques are also applied to characterize other π interactions (Yang 

and Xing, 2010). 

Other dipole interactions include permanent dipole interactions ( also known as 

Keesom interactions), dipole-induced dipole interaction (Debye interactions) and 

fluctuating dipoles (dispersive forces or London Forces). These intermolecular forces 

may be applicable for adsorbents and adsorbates containing polar functional groups such 

as alkyl halide, ether and nitrile, etc. (Kah et al., 2017; Yang and Xing, 2010). 

Hydrophobic interaction is a type of non-specific interaction that is primarily 

driven by entropy. While its underlying basis is not fully known, it is widely accepted 
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that hydrophobic interactions occur due to the tendency of non-polar groups to aggregate 

in water to minimize their contact with water molecules. Since this non-specific 

interaction is not driven by intermolecular forces with adsorbents, it is inappropriate to 

use the term “bond” for hydrophobic interaction (Meyer et al., 2006; Wijnja et al., 2004; 

Williams, 2017). The octanol-water distribution coefficient (Kow) is an indicator of 

hydrophobicity of organic chemicals. If hydrophobic interaction is the dominant 

mechanism, adsorption of non-polar chemicals on porous materials would be 

proportional to Kow values (Kah et al., 2017); however, this correlation is generally not 

observed, implying that hydrophobic interactions are not the dominant mechanism of 

attraction (Pan and Xing, 2008). Pan and Xing analyzed literature for adsorption 

coefficient of organics on carbon nanomaterials and compounds’ Kow, and failed to 

establish an explicit relationship (Pan and Xing, 2008). 

Table 2.1 summarizes potential mechanisms for aqueous-phase organic 

compound adhesion onto solid adsorbents.   

Table 2.1 Adsorption mechanisms. For intermolecular forces, the strength increases from 
bottom to top. 

physical 
adsorption 

non-specific intermolecular 
interaction 

hydrophobic interaction 

intermolecular force dipole interactions 
π-interaction 
H-bonding 
coulombic attraction 

chemisorption intermolecular force covalent bond 
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2.5 Quantitative methods for characterizing adsorption of organic 
micropollutants on porous media from water 

2.5.1 Isotherms 

An adsorption isotherm is a quantitative method to characterize adsorbate 

equilibrium between aqueous and solid phase at a constant ambient temperature. Typical 

isotherm models used for organic contaminants include Langmuir, Freundlich, Toth 

(Tόth, 1971), Tempkin (Temkin and Pyzhev, 1940) and Dubinin–Radushkevich 

(Dubinin, M.M., Radushkevich, 1947), and other empirical models. The derivations of 

isotherm models for certain chemicals are based on the binding affinity/strength 

distribution on the adsorbent surface (Benjamin and Lawler, 2013). Assuming one 

adsorbate molecule binds with a single site on the adsorbent, and the total number of 

adsorption sites on the surface is limited, binding affinity of the chemical to the 

adsorption site is usually indicated by a partition or distribution coefficient, K, which is 

expressed as shown in eqs. 2.5 and 2.6: 

≡ � + 
(� ) ↔≡ �
  eq. 2.5 

" = #≡$%
#≡$%#%(&')

  eq. 2.6 

Where ≡ S is the adsorption site on the surface, A (aq) is the adsorbate molecule 

in aqueous phase, ≡ SA is adsorbate-adsorption site complex, K is the distribution 

coefficient, and C represents the concentration of the respective species. 

The derivation of the Langmuir isotherm assumes that a surface has a uniform K 

value, i.e., all adsorption sites are identical and have the same affinity for a certain 

adsorbate. Also, the binding of a single adsorbate does not interfere with the binding of 

other molecules. The sites on the adsorbent can be classified as �≡*+, or the occupied 
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sites per unit mass of adsorbent (adsorption capacity), or �≡*, the unoccupied sites. The 

total adsorption sites per unit mass of adsorbent is Qmax. By substituting these values into 

the expression for K, the Langmuir isotherm model is generated (eq. 2.8): 

�≡*+ = �,&-.#%
.#%/�   eq. 2.8 

The term 
.#%

.#%/� is also called the fractional coverage of the sites with a 

distribution value of K (Benjamin and Lawler, 2013) because it equals 
�≡$%
�,&-

. Artificial 

polymeric adsorbents, such as ion exchangers are considered to have adsorption sites 

with a single binding affinity K (Xing et al., 1996), which is usually denoted as KL in the 

case of the Langmuir isotherm. Therefore, Langmuir isotherm are often good choices for 

modeling removal of inorganic ions (Rengaraj et al., 2003; Rengaraj and Moon, 2002). 

However, equilibrium data for adsorption of organic compounds on carbonaceous 

materials such as activated carbon, biochar and carbon nanotubes is rarely fit to the 

conventional Langmuir isotherm.  

In the case that multiple types of sites have different K values, the Langmuir 

isotherm model for each type of adsorption site can be summed to obtain the multi-site 

Langmuir isotherm (eq. 2.9): 

��0�12 = ∑ �,&-,5.5#
�/.5#

6
78�   eq. 2.9 

where Kj is the binding affinity of each type of adsorption site (j). The multi-site 

Langmuir isotherm has been applied, e.g., in the adsorption of phosphate onto soil via ion 

exchange, where the soil samples may have two to three types of adsorption sites 

(Holford et al., 1974; Syers et al., 1973).  



34 
 

 

 

In many adsorbents, the distribution of site types is variable and sites with single-

value or multiple-value K are hard to find. This leads to the extrapolation of the 

Freundlich isotherm, where site distribution is described as semi-continuous. The 

adsorbent comprises a small number of sites with high affinities (larger K values) and an 

exponentially increasing number of sites with steadily decreasing K values. A small 

group of sites is considered to have nearly uniform K value (between K and K+dK). In 

this differential area, it is assumed that the concentration of total adsorption sites can be 

described as a distribution (eq. 2.10) associated with K (Benjamin and Lawler, 2013; 

Halsey and Taylor, 1947): 

Φ�:		 = α"<6  eq. 2.10 

where α and n are constants and 0 ≤ n ≤ 1. The differential adsorption capacity, 

Qdiff, for this area can be characterized by the Langmuir isotherm, modified as shown in 

eq. 2.11: 

��:		 = Φ�:		
.#%

.#%/� eq. 2.11 

By substituting eq. 2.10 into eq. 2.11, and integrating the adsorption capacity over 

all sites (K from 0 to ∞), eq. 2.12 is obtained to describe adsorption capacity: 

Q = @ A.BCD#%
.#%

E"F
G   eq. 2.12 

Halsay and Taylor (Halsey and Taylor, 1947) developed the solution for eq. 13, 

yielding the Freundlich isotherm (eq. 2.13): 

Q = "	�+
6  eq. 2.13 

Where K is the Freundlich parameter, which is usually denoted as Kf in this case, 

reflecting adsorption capacity. The n term ranges from 0 to 1, and is an indicator of 

distribution of binding affinity or binding energy on adsorbent surface—the more 
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drastically the binding affinity changes (indicating the existence of remarkably strong 

affinity sites) across the adsorbent surface, the smaller the n value. For carbonaceous 

materials such as activated carbon and biochar, the adsorption of organic contaminants 

from dilute solution (C <500 µg/L) is often characterized by an n value between 0.2 to 

0.7 (Benjamin and Lawler, 2013). Compared to the Langmuir isotherm, the Freundlich 

isotherm often fits better in the case of adsorption of organic chemicals onto 

carbonaceous materials, possibly because of the uneven distribution of adsorption sites. 

For example, in a study adsorbing the acidic herbicides dicamba and 2,4,5-T on carbon 

nanotubes, Pyrzynska et al. ( 2007) found that the Freundlich isotherm provided a better 

fit than Langmuir for describing their adsorption equilibrium. 

The Freundlich isotherm is described as an empirical model in some literature 

(Ho, 2006; Matsumoto, 1993). However, as shown previously, the Freundlich isotherm 

has a theoretical basis and is related to the Langmuir model, i.e., integration of the 

Langmuir isotherm yields the Freundlich equation (Xing et al., 1996). A few studies 

found that the adsorption/exchange of fluoride and cobalt onto ion exchange resins can fit 

both Langmuir and Freundlich at certain Caq ranges (Meenakshi and Viswanathan, 2007; 

Rengaraj and Moon, 2002), which supports the inherent relationship between these two 

isotherm models.  

In many cases where organic compounds are present at more than trace amounts 

(mg/L) in water, more complicated models are needed (Limousin et al., 2007). Foo and 

Hameed's (2010) review summarized a collection of isotherms including Toth (Tόth, 

1971), Tempkin (Temkin and Pyzhev, 1940), Dubinin–Radushkevich (Dubinin, M.M., 

Radushkevich, 1947), empirical isotherms, etc., which are used to characterize organic 
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compound adsorption (Gholizadeh et al., 2013; Lee et al., 2004; Nastaj et al., 2016). 

Regardless of the form of the isotherm, Limousin et al. (2007) stated that treating the 

model as an integral of the Langmuir isotherm is reasonable. The generalized isotherm 

can be generated by integrating eq. 12 over all available K values, with the site 

distribution equation Φ�:		 determined in each case.   

An isotherm is a useful tool to aid in numeric characterization of adsorption 

behavior. The expression of isotherm equations can predict adsorption capacities on solid 

phases at different equilibrium aqueous-phase concentrations. The Langmuir constant 

Qmax is the measurement of a monolayer’s maximum adsorption capacity, and the 

Freundlich parameter Kf can also roughly reflect adsorption capacity when comparing 

multiple adsorbent-adsorbate systems. Besides providing straightforward information, 

such as illustrating the equilibrium status of adsorbate molecules between aqueous and 

solid phases, isotherm equations are also an important boundary condition to solve 

transport equations for an adsorbate in fixed bed reactors (Benjamin and Lawler, 2013; 

Chatzopoulos and Varma, 1995). Chern and Chien ( 2002) studied nitrophenol adsorption 

onto a fixed bed of activated carbon. They used kinetics and transport equations, in 

combination with Langmuir or Freundlich isotherms, to extrapolate breakthrough curves 

describing the relationship between time and effluent concentration.  

The distribution coefficient K used in derivation of isotherms is related to the 

thermodynamic equilibrium constant (Kc=exp (-∆G0/RT)), and the surface site 

distribution function Φ�:		 is related to K. These underlying thermodynamic bases of 

isotherms can provide insight into adsorption mechanisms, adsorbent surface properties, 

and the degree of affinity of the adsorbents (Foo and Hameed, 2010).  
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2.5.2 Thermodynamics of adsorption 

Thermodynamics, like isotherms, plays an essential role in characterizing 

adsorption equilibrium and mechanisms. Important thermodynamic parameters for 

adsorption include the change of enthalpy/heat (∆H0), the change of entropy (∆S0) and 

the change of standard free energy (∆G0), which are related as shown in eq. 2.14: 

∆IG = ∆JG − K∆�G  eq. 2.14 

The dimensionless equilibrium constant of adsorption, Kc, is related to ∆G0 (eq. 

2.15): 

∆IG = −LKMN"#  eq. 2.15 

where R is the gas constant, T is the ambient temperature (K), and Kc is the 

thermodynamic equilibrium constant. The equilibrium constant can be derived from the 

constants in Langmuir, Freundlich and other isotherm models (Tran et al., 2017). 

Therefore, the two-phase equilibrium of adsorption, i.e., an isotherm, is related to the 

thermodynamic properties of the adsorption system (both adsorbate and adsorbent). In 

this section, the thermodynamics of adsorption is discussed to provide additional 

quantitative insights into the equilibrium of organic micropollutant adsorption and the 

related binding mechanisms.  

2.5.2.1 Isosteric heat of adsorption 

Isosteric heat of adsorption is the differential heat of adsorption at a fixed surface 

(or adsorption capacity, Qe) at equilibrium. This term was originally introduced for 

quantifying gaseous-phase adsorption (Do et al., 2011; Myers, 2002; Myers and Monson, 

2014), and was adapted for adsorption from aqueous solution (Builes et al., 2013; 
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Srivastava et al., 2006). It is defined according to the Clausius-Clapeyron equation (eq. 

2.16): 

 �� = ∆J�� = L �26#O
�� P⁄ R

�O
 eq. 2.16 

where ∆J�� is the isosteric heat of adsorption (kJ/mol), R is the gas constant 

(J/mol⋅K), Ce is the aqueous phase concentration at equilibrium (mol/L) and T is 

temperature (K). On the basis of this relationship, isosteric heat of adsorption at certain 

adsorbent coverages can be experimentally determined by obtaining Ce values using 

isotherm curves at multiple ambient temperatures, and calculating the slope of the lnCe 

versus 1/T curve. Figure 2.2A and 2.2B are typical profiles of isosteric heat changing 

with adsorbent surface coverage.   

 

 Figure 2.2: A) isosteric heat of phenol adsorption by bagasse fly ash varying with 
surface loading, adapted from Srivastava et.al ( 2006), and B) isosteric heat change of 
protein adsorption on ion exchange resin gel, adapted from Chen et al. (2007). 
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The different trends in isosteric heat change over surface loading stem from 

different adsorption site properties. Since isosteric heat is a widely used term that is 

indicative of the energy and strength of binding interactions (Murialdo et al., 2015; 

Weber and Talapatra, 2000), the adsorption site distribution of an adsorbent can be 

postulated from the qst versus Qe profile. For phenol adsorption on bagasse fly ash, Figure 

2.2a shows isosteric heat decreasing with surface coverage. Figure 2.2b is the isosteric 

heat of lysozyme binding with different ion exchange resins; some curves stayed quite 

flat over the range of surface coverage tested. The ion exchange resin’s binding with 

lysozyme can be well characterized by the Langmuir model, which assumes adsorption 

sites have a fixed binding affinity and no interaction among adsorbed molecules. The 

isosteric heat of adsorption should therefore not change with surface adsorbate loading 

(Benjamin and Lawler, 2013; Yoo, 2013). Since bagasse fly ash has highly 

heterogeneous adsorption sites, phenol binding is highest with high-strength sites at low 

surface coverage, because high-energy binding sites are more favorable (Srivastava et al., 

2006). Thus, the isosteric heat of adsorption is higher at the left part of the curve. As 

high-energy sites are gradually occupied, low-energy sites bind with phenol molecules, 

absorbing less heat at high surface coverage (Srivastava et al., 2006). This type of 

isosteric heat distribution aligns with equilibrium isotherm models describing multi-type 

site distribution, such as the Freundlich isotherm (Benjamin and Lawler, 2013).  

Weber et al. proposed a relationship between isosteric heat (qst) and binding 

energy (Eb), as shown in eq. 2.17: 

 �� = ST + 2�K eq. 2.17 
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where Eb is the binding energy of the adsorbate molecule adsorbing on a certain 

type of adsorption site, k is the Boltzmann constant, and T is the temperature. This 

equation shows that the binding energy can be extracted from adsorption isotherm 

measurements (Weber and Talapatra, 2000; Yoo, 2013).  

2.5.2.2 Enthalpy change of adsorption 

The enthalpy change of adsorption is different from isosteric heat of adsorption, 

but the two terms are related. However, use of the two terms is often confusing and, in 

many cases, the isosteric heat of adsorption is described as heat/enthalpy of adsorption 

(Srivastava et al., 2007, 2006). Ideally, the enthalpy change of adsorption can be obtained 

by integrating the isosteric heat from zero to the maximum surface coverage, and 

averaged by the maximum surface coverage (Everett et al., 1972). and the integral of 

enthalpy should be used to estimate free energy change of adsorption (Inglezakis and 

Zorpas, 2012; Tarasevich and Polyakov, 1999). However, there are obstacles for this 

method as well: isosteric heat values can be unpredictable (as shown in the case of the 1.5 

SP line in Figure 2.2b) and it is difficult to determine the value of the maximum coverage 

(Qe).  

Another approach to estimating the enthalpy change of adsorption is based on the 

Van’t Hoff equation at a constant pressure: 

∆JG = −L �26.V
�(�/P)  eq. 2.18 

which can also be written in the form of eq. 2.19: 

MN"X = − ∆YZ

[P + ∆*Z

[  eq. 2.19 
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This equation is derived from eqs. 2.14 and 2.15. By plotting lnKc versus 1/T, ∆J 

is obtained from the slope (noting that enthalpy change of a certain system is not 

impacted by ambient temperature), and ∆� can be generated from the intercept. 

Therefore, knowing Kc, the thermodynamic equilibrium constant, is critical for the 

estimation of enthalpy and free energy change of adsorption. According to the 

expression, Kc is a dimensionless constant. There are a number of studies simply using 

the partitioning coefficient "\ = �� ��⁄ ,  as the thermodynamic equilibrium constant, 

where Cs is the adsorbate concentration on the solid (mg/g) and Ce is that in liquid (mg/L) 

(Feng et al., 2013; Shahwan et al., 2005; Srivastava et al., 2006). However, in this 

relationship, Kp is apparently not dimensionless based on the units of Cs and Ce. 

Additionally, at a fixed temperature, the partitioning coefficient is not constant for an 

adsorption system that behaves as a non-linear isotherm. Therefore, Kp cannot be directly 

used for estimating the enthalpy of adsorption.  Senthil Kumar et al. ( 2014) incorrectly 

applied partitioning coefficients, which varied with equilibrium aqueous phase 

concentration as adsorption thermodynamic equilibrium constants. Tran et al. (2017) 

corrected the mistake and generated a single Kc value at a fixed temperature. Adsorption 

equilibrium constants can be derived from parameters of isotherms, such as the Langmuir 

constant (KL) (Liu, 2009; Milonjić, 2007) and the Freundlich constant (Kf) (Ghosal and 

Gupta, 2015; Tran et al., 2017).  

The sign of the enthalpy change indicates whether the reaction is endothermic 

(positive) or exothermic (negative). Vithanage et al. ( 2016) used van’t Hoff’s equation 

for estimating enthalpy of tea waste-derived biochar adsorbing carbofuran from the 

aqueous phase. The ∆JG was approximately -46 KJ/mol. The negative magnitude 
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indicates that adsorption was an exothermic process. However, endothermic adsorption of 

organic pollutants from the aqueous phase onto carbonaceous materials has also been 

observed (Chen et al., 2012; Fontecha-Cámara et al., 2006; Srivastava et al., 2006). For 

example, Chen et al. (2012) estimated the change of enthalpy for 1,3-dinitrobenzene 

adsorption on biomass-derived biochar to be 14 kJ/mol, and the value for naphthalene 

adsorption was 16 kJ/mol. The endothermic nature of these reactions can be attributed to 

the formation of covalent bonds during adsorption or the roles of adsorbate-solution or 

adsorbent-solution interactions. An absolute value of change of enthalpy greater than 

hundred kJ/mol can indicate the realm of chemisorption via forming of covalent bonds 

(Chowdhury, 2003; Thomas, 1961). Alternatively, in the case of aqueous-phase 

adsorption, endothermic adsorption occurs when adsorbate-water or adsorbent-water 

interactions are overcome before the adsorbate adheres onto the adsorbent.  The heat-

consuming steps include:  

1) adsorbate diffusion in the water matrix, which has to break hydrogen bonds 

formed among water molecules (Fontecha-Cámara et al., 2006),  

2) adsorbate diffusion in adsorbent pores (Anirudhan and Radhakrishnan, 2008; 

García-Araya et al., 2003), and  

3) adsorbate replacing pre-adsorbed water molecules, which also needs heat to 

break hydrogen bonds between water molecules and adsorbent.  

Increasing adsorption temperature promotes external heat input and therefore has a 

positive impact on endothermic adsorption capacity.   
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2.5.2.3 Free energy change of adsorption 

The ability of an adsorption interaction to proceed spontaneously is energetically 

described by the change in Gibbs free energy of the process, ∆IG. When diffusion-

adsorption can be driven or hindered by a collection of factors such as concentration 

gradient, coulombic forces, or other non-coulombic interactions, ∆IG reflects the balance 

between these driving/hindrance forces. The absolute value of ∆IG reflects the degree of 

spontaneity, where a more energetically favorable adsorption usually has a higher 

absolute value (Liu, 2009). A negative ∆IG value indicates that the driving forces 

promote adsorption rather than hinder adsorption. Usually physical adsorption is 

spontaneous with an overall negative ∆IG value (Tran et al., 2017).  

Similar to the standard enthalpy change, ∆IG is also related to Kc (eq. 16). 

Therefore, the estimation of ∆IG depends heavily on correct understanding of Kc, which 

has to be a strictly dimensionless value, as mentioned earlier. Experimentally determined 

|∆IG| of spontaneous organic micropollutant adsorption can be on the order of 10 kJ/mol 

or less, and the value is rarely above 50 kJ/mol. (Chen et al., 2012; Wu et al., 2014; Zhao 

et al., 2013). It is relatively straightforward to experimentally derive the overall free 

energy change of adsorption from adsorption isotherms. However, partitioning overall 

free energy change into multiple contributions stemming from different mechanisms 

(coulombic and non-coulombic driving forces) requires molecular dynamic simulation 

(Samaraweera et al., 2014) or thermodynamic models derived from experimental 

approaches (Lattao et al., 2014; Zhu and Pignatello, 2005).   
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2.6 Conclusions and Research Gaps 

The adsorptive behavior of organic micropollutants is closely associated to their 

fate and removal in natural and engineered environments. Specifically, for engineered 

processes used at WRRFs, insight into the driving force, molecular-scale interactions and 

adsorption equilibrium is helpful for resolving engineering aims including prediction, 

validation and improvement of removal performance via adsorption. Determining 

adsorption isotherms is of essential importance for research on adsorptive behavior, as it 

builds bridges between qualitative and quantitative interpretation of adsorption 

equilibrium, between molecular interaction and pilot scale operation, and between batch 

and continuous reactor performance.  

Within the scope of this dissertation, biochar and ion exchangers are studied due 

to their potential role in the NEW paradigm of wastewater treatment. Specifically, four 

research questions will be addressed, as outlined below: 

1) What is the adsorptive behavior of micropollutants on ion exchangers used for 

nutrient removal and recovery and do micropollutants hinder nutrient recovery? The ion 

exchange-regeneration process for removing and recovering nutrients from wastewater 

plays an essential role in the NEW nexus. One goal for nutrient recovery is to generate 

nutrient-rich products, such as struvite, as value-added products derived from wastewater. 

Due to the presence of micropollutants in wastewater, the fate and impact of 

micropollutants on this engineering process needs to be addressed. Specifically, how do 

ion exchangers’ surface properties, including surface charge, functional groups and pore 

size, along with physicochemical properties of micropollutants, affect the fate of 

micropollutants through nutrient removal and recovery processes? 
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2) Is biosolids-derived biochar able to remove micropollutants via adsorption 

from aqueous phase? Using wastewater biosolids as the pyrolysis feedstock has inherent 

advantages for WRRFs because of on-site accessibility and the necessity of wastewater 

solids handling. Adsorption of micropollutants onto biosolids-derived biochar has been 

much less studied in comparison to studies on biochar derived from other plant wastes. 

Biosolids-derived biochar surface properties, including surface charge, functional groups 

and surface area need to be characterized. Fundamental knowledge generated on 

biosolids-derived biochar properties and their impact on sorption capacity for 

micropollutants in Milli-Q water and wastewater is necessary to frame the potential of 

using biosolids-derived biochar as a useful adsorbent. 

3) What are the thermodynamic profiles for biosolids-derived biochars with 

various micropollutants? It is important to generate a thermodynamic profile for a suite 

of micropollutants (cationic, neutral, anionic) adsorbing onto biosolids-derived biochar 

due to better understand the feasibility of employing biosolids-derived biochar for a range 

of micropollutants. The number of different micropollutants in wastewater is too high to 

conduct experiments on every micropollutant. Thus, experiments that can provide 

fundamental knowledge on how classes of micropollutants sorb to biosolids-derived 

biochar could help inform best practices for biosolids-derived biochar. The change of 

adsorption enthalpy, entropy and free energy needs to be estimated to generate the 

knowledge on binding affinity distribution on biosolids-derived biochar surface and to 

infer dominant adsorption mechanisms. Establishing relationships between these 

thermodynamic parameters and micropollutant’s physicochemical properties can be 
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beneficial for future research to develop models that can guide effective engineering 

design.    

4) Can biosolids-derived biochar serve as a pre-polishing step, which separates 

organic micropollutants from the nutrient-rich stream that undergoes nutrient removal 

and recovery via ion exchange in a flow-through column system? With the fundamental 

knowledge generated on micropollutants’ fate during nutrient ion exchange and the 

potential of biosolids-derived biochar as a useful adsorbent to remove micropollutants, it 

is necessary to further address how nutrients in turn affect micropollutant removal by 

biochar. Biochar’s pre-polishing functionality should be tested prior to ion exchange 

process. The mass distribution of micropollutants and nutrients in the biochar-ion 

exchange integrated system should be established to determine how well the separation of 

micropollutants from nutrient stream can be. A flow-through column reactor need to be 

conducted to better understand scale-up issues from batch to column operations for real 

world applications.  
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3.1 Introduction 

Water resource recovery facilities (WRRFs) are inextricably linked to the nutrient, 

energy, and water nexus as they provide a centralized opportunity to recover energy, e.g., 

as methane; produce high-quality treated water; and recover valuable products, e.g., for 

use as agricultural fertilizers or soil amendments (Carey et al., 2016a). Anaerobic 

treatments, such as anaerobic membrane bioreactors (AnMBRs), produce methane, which 

can offset some energy requirements for WRRFs. Furthermore, AnMBRs do not require 

aeration and could be a more sustainable alternative to conventional activated sludge 

processes (Jimenez et al., 2015; McCarty et al., 2011; Seib et al., 2016; Smith et al., 

2014). Additionally, anaerobic processes offer an opportunity for downstream nutrient 

recovery, and thus an option to produce and recover a valuable product instead of using 

energy to convert nutrients to a wasted product (e.g., as an off-gas). 

The effluent from anaerobic processes usually contains high ammonia nitrogen 

(NH4-N) and inorganic phosphate (PO4-P) (Seib et al., 2016; Smith et al., 2014). 

Accordingly, additional nutrient removal technologies may be needed to treat anaerobic 

effluent to meet increasingly stringent nutrient discharge regulations (Wisconsin DNR, 

2010). While excess phosphorus and nitrogen in environmental waters causes 

eutrophication (Mayer et al., 2013), insufficient nutrient availability is also a concern for 

agriculture (Rittmann et al., 2011). Depleting reserves of mined phosphate, together with 

the energy-intensive nature of Haber-Bosch nitrogen fixation, could limit global food 

production (Neset and Cordell, 2012; Smill and Streatfeild, 2002). Anaerobic effluent, as 

a reservoir of nutrients, is a resource from which to recover nitrogen and phosphorus in 

the form of a solid fertilizer product that can help to close anthropogenic nutrient loops 
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by supplementing nonrenewable phosphate mining and energy-intensive atmospheric 

nitrogen fixation (Mayer et al., 2016). 

Wastewater contains a host of inherently valuable constituents including energy 

and nutrients, but it also contains a mixture of micropollutants that pose potential adverse 

ecological health impacts (Blair et al., 2013). For example, triclosan (TCS) is an 

antimicrobial agent used in a variety of consumer products, and can select for antibiotic 

resistance in engineered and natural systems (Carey et al., 2016b; Carey and Mcnamara, 

2015; Carey and McNamara, 2016; McNamara et al., 2014). 17β-estradiol (E2) is a 

natural hormone that is linked to fish feminization near treatment plant outfalls (Vajda et 

al., 2008). Sulfamethoxazole (SMX) is one of the most popularly prescribed sulfonamide 

antibiotics and can affect nutrient cycling in microbial communities (Hruska and Franek, 

2012;,Underwood et al., 2011). WRRFs were not specifically designed to remove 

micropollutants, and anaerobic processes are often worse at removing micropollutants 

compared to aerobic processes. For instance, Chen et al. (2011) achieved 75% removal of 

TCS in a lab-scale activated sludge reactor, while no removal was observed under 

anaerobic conditions (Chen et al., 2011). Studies on endocrine disruptors such as estrone 

(E1), E2, and 17α-ethynylestradiol (EE2) revealed that anaerobic treatments, e.g. 

AnMBRs, poorly biotransformed these compounds (Monsalvo et al., 2014). Additionally, 

E1 can convert to E2 under anaerobic conditions (Joss et al., 2004), thereby increasing 

concentrations of E2. SMX had variable biological transformation in AnMBR systems, 

ranging from 60% to 99% (Alvarino et al., 2014; Monsalvo et al., 2014). If valuable 

products such as treated water and nutrients are to be recovered from anaerobic effluents, 

it is important to understand the fate of micropollutants to minimize their presence in 



60 
 

 

 

WRRF products and effluent. This study focused on the impact and fate of TCS, E2, and 

SMX during nutrient recovery because of the potential presence of these micropollutants 

in anaerobic effluent and their different physicochemical properties (molecular details of 

which are included in the Appendix 3A).   

One option for removing and recovering nutrients is ion exchange-precipitation. 

In this process, nutrient-selective materials are used to extract and concentrate nitrogen 

and phosphorus via ion exchange and subsequent regeneration followed by precipitation 

of nutrient-rich solid fertilizer products, e.g., struvite (MgNH4PO4). Clinoptilolite is a 

natural zeolite that effectively exchanges ammonium ions (Hedström, 2001). In 

wastewater, phosphorus is most commonly present in the HPO4
2- and H2PO4

- forms 

(Razali et al., 2007). These orthophosphate species can exhibit strong ligand sorption to 

polyvalent metals such as Fe(III) and Cu(II) by forming inner-sphere complexes 

(Sengupta and Pandit, 2011a; Zhao and Sengupta, 1998). Therefore, polymeric anion 

exchangers are usually impregnated with metal salts to selectively exchange 

orthophosphate. After removal, nutrients are concentrated during ion exchange 

regeneration, thereby facilitating precipitation of nutrient-rich solids that can be used as 

fertilizer. Controlled struvite precipitation has been studied in mainstream and side-

stream wastewater (direct precipitation) (Laridi et al., 2005; Münch and Barr, 2001; 

O’Neal and Boyer, 2015) and in membrane-concentrated streams and ion exchange 

regeneration brines (indirect precipitation) (O’Neal and Boyer, 2015; Williams et al., 

2015). Compared to direct precipitation, indirect precipitation is more favorable for 

producing a high purity mineral and easier operational control (O’Neal and Boyer, 2015). 

However, organic micropollutants such as tetracycline and quinolones have been detected 
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in struvite produced from digester filtrate and urine (Antakyal et al., 2011; Başakçilardan-

Kabakci et al., 2007). Thus, if valuable fertilizer is recovered from anaerobic effluents, it 

is essential to thoroughly assess the potential for co-concentration of residual 

micropollutants along with nutrients.  

The objective of this work was to evaluate the fate of the micropollutants TCS, 

E2, and SMX during ammonium and phosphate ion exchange-regeneration and struvite 

precipitation. Batch experiments were conducted to specifically determine: a) the impact 

of micropollutants on nutrient exchange reaction rates, capacities, and desorption in 

Milli-Q water and anaerobically-treated wastewater; b) the fate of the micropollutants 

during ion exchange-regeneration in both water matrices; and c) micropollutants’ fate 

during struvite precipitation. It was hypothesized that a) micropollutants co-existing in 

nutrient-rich stream could decrease nutrient exchange rate and nutrient exchange 

capacities; b) micropollutants could adsorb on ion exchangers and desorb in regeneration 

brine during ion exchanger regeneration; c) micropollutants in regeneration brine, which 

was used for struvite precipitation, was able to precipitate out together with struvite.    

3.2 Materials and Methods 

3.2.1 Ion exchangers  

LayneRT and DOW-HFO-Cu were evaluated as phosphate-selective ion 

exchangers (Blaney et al., 2007; Sengupta and Pandit, 2011a). LayneRT (Layne 

Christensen, The Woodlands, TX) is a 300 - 1200 µm particle size ready-to-purchase 

hybrid anion exchange resin consisting of hydrated ferric oxide (HFO) nanoparticles 

impregnated in a strong base anion exchange polymer (Sengupta and Pandit, 2011a). In 
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accordance with Sengupta and Pandit ’s protocol (Sengupta and Pandit, 2011a), DOWEX 

M4195 (DOW Chemical Company, Midland, MI, 300 - 850 µm particle size) was used as 

the base resin for producing functional DOW-HFO-Cu resin by immobilizing Cu(II) and 

HFO, which provide ligand bonding with HPO4
2- and H2PO4

-, onto the polymer. 

Clinoptilolite, a natural zeolite, was used as a selective ammonium exchanger. The 

clinoptilolite (St. Cloud Mining, Winston, NM, 14X40 mesh, 420 – 1410 µm particle 

size) was pre-conditioned with 1% NaCl solution and rinsed with de-ionized water.  

3.2.2 Ion exchanger characterization 

Characterization of ion exchangers was performed to better elucidate the 

interactions between the dissolved chemicals and the ion exchangers. Ion exchanger 

surface area and pore size were measured using a Brunauer–Emmett–Teller (BET) 

surface analysis instrument (NOVA 4200e, Quantachrome Instruments, Boynton Beach, 

FL). The surface charge of the materials was determined using a Malvern Zetasizer Nano 

S (Malvern Instruments Ltd, Malvern, UK). The ion exchangers’ surface element 

composition was observed via JEOL JSM-6510LV SEM (JEOL USA, Inc., Peabody, 

MA) with an energy-dispersive X-ray (EDX) detector at an accelerating voltage of 10 kV. 

3.2.3 Ion exchange and regeneration batch experiments 

Batch ion exchange tests were conducted to determine if micropollutants would 

be co-captured with nutrient ions and potential adsorption/desorption mechanisms. These 

tests were performed in feed Milli-Q water with 40 mg-N/L as NH4Cl and 5 mg-P/L as 

K2HPO4 (Williams et al., 2015) to mimic plausible nutrient levels in mainstream 

anaerobic treatment effluents (Seib et al., 2016). The feed water was prepared by 
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dissolving 300±50 µg/L each of TCS, E2 and SMX in HPLC-grade methanol. The 

volumetric ratio of methanol stock to water was below 0.5% to negate co-solvent effects 

(Schwarzenbach et al., 2005). The spiked micropollutant concentrations were higher than 

in actual anaerobic effluents (Alvarino et al., 2014; Monsalvo et al., 2014) so that 

reaction rates and adsorption capacities could be determined via liquid chromatography-

mass spectrometry (LC-MS; detection limits were in the low µg/L range). The pH of feed 

water was adjusted to 7 with NaOH.  

For ion exchange tests, 50 mL feed water was added to 60 mL serum bottles. Each 

bottle contained 0.25 g clinoptilolite, 0.05 g LayneRT, or 0.05 g DOW-HFO-Cu resin 

(higher levels of clinoptilolite were added based on higher ammonium concentrations). 

The bottles were mixed on a rotating tumbler for 4 days as preliminary tests demonstrated 

this time was sufficient to achieve equilibrium. For kinetic tests, periodic samples were 

collected, as shown in Figures 3.1 and 3.2. Nutrient exchange typically achieved 

equilibrium in less than 1 day and micropollutant adsorption typically achieved 

equilibrium within 2 days (equilibrium was signified by <5% change in concentrations).  

Ion exchange isotherm tests were conducted to assess potential interference with 

nutrient capture caused by micropollutants. For these tests, 50 mL of feed water were 

added to 60 mL serum bottles. The amount of ion exchanger in each bottle varied: 0.01, 

0.02, 0.03, 0.04, or 0.05 g DOW-HFO-Cu or LayneRT; 0.01, 0.05, 0.1, 0.2, or 0.5 g 

clinoptilolite. Samples were analyzed at time zero and after 4 days. 

Ion exchange regeneration tests were conducted to determine if the 

micropollutants that were adsorbed on the ion exchangers would be released during 

subsequent regeneration. All ion exchangers were regenerated using brine solutions with 
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high levels of Na+, Cl- and OH- (Lunn et al., 2014; Williams et al., 2015). For 

clinoptilolite, the regeneration brine was fixed at 8% NaCl (Williams et al., 2015). The 

concentrations of NaCl and NaOH in phosphate exchanger regeneration brine were 

varied to study their impact on phosphate and micropollutant recovery (Appendix 3B, 

Tables 3B.1- 3B.4). Differences in recoveries as a function of regeneration solution could 

enable process optimization to elicit greater desorption of nutrients and less desorption of 

micropollutants. The regeneration brine for LayneRT ranged from 0 to 2% NaCl and 0 to 

2% NaOH. The regeneration brine for DOW-HFO-Cu ranged from 0 to 5% NaCl and 0 to 

2% NaOH (Sengupta and Pandit, 2011b). The pH of all regeneration brines was 12 to 14. 

Ion exchange tests were initially performed in 250 mL water in 500 mL Erlenmeyer 

flasks. The amount of ion exchanger added to each flask was fixed at 1.25 g clinoptilolite 

or 0.25 g DOW or LayneRT resin. After completing the 4-day ion exchange period, the 

flasks were decanted and 150 mL NaCl+NaOH regeneration solution was added. 

Regeneration lasted for 4 hours, which was sufficient to achieve equilibrium, in 

accordance with previous tests (Williams et al., 2015). Samples were collected for 

nutrient and micropollutant analysis from the feed water, after ion exchange, and after 

regeneration.  

3.2.4 Tests in actual anaerobic wastewater filtrate 

A filtrate sample from a belt filter press used to dewater anaerobically digested 

sludge from Jones Island Water Reclamation Facility, Milwaukee, WI, was acquired to 

test the impact of a complex anaerobic wastewater matrix on the fate and impact of TCS, 

E2, and SMX during ion exchange-regeneration. Water quality parameters including pH, 

chemical oxygen demand (COD), total organic carbon (TOC), and total suspended solids 
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(TSS) were measured in accordance with standard methods (APHA et al., 1998), results 

of which are provided in Appendix 3M. Ammonium-N content in the filtrate was 

approximately 110 mg/L; no additional N was added. Phosphate-P content in the filtrate 

was approximately 1.4 mg/L; additional P was added for a final concentration of 8 mg/L. 

Approximately 300 μg/L each of TCS, E2 and SMX was added to the anaerobic effluent 

(background concentrations were below detection). Each bottle was dosed with 5 g/L of 

clinoptilolite, 1 g/L of LayneRT, or 1 g/L of DOW-HFO-Cu, as described for the batch 

experiments. Regeneration brine containing 2% NaCl and 2% NaOH was used to 

regenerate LayneRT, 2% NaOH and 5% NaCl was used to regenerate DOW-HFO-Cu, 

and 8% NaCl was used to regenerate clinoptilolite. Controls were performed using no ion 

exchangers to investigate the adsorption of micropollutants to the organic carbon in the 

wastewater matrix. Samples were analyzed after 4 days to determine the extent of 

removal and desorption from the ion exchangers. 

3.2.5 Struvite precipitation in the presence of micropollutants 

Batch tests were conducted to determine the fate of micropollutants during 

struvite precipitation in Milli-Q water. A molar ratio of P:N:Mg=1:1:1 was targeted by 

mixing Na2HPO4•7H2O (165 mL, 4.26 g/L), NH4Cl (15 mL, 9.33 g/L), and MgCl2•6 

H2O (20 mL, 26.65 g/L). Approximately 300 µg/L each of TCS, E2, and SMX was 

added. To mimic the regeneration brine, the pH was adjusted to 9 using NaOH and 2% 

NaCl was added. The solution was mixed on a shaker table at 180 rpm for 40 min and 

allowed to settle for 10 min (Williams et al., 2015). Supernatant was collected before and 

after the precipitation reaction for quantification of micropollutants and nutrients.   
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3.2.6 Analytical methods 

The standard phenate and ascorbic acid methods were used to quantify NH4-N 

and PO4-P, respectively (APHA et al., 1998). To eliminate interferences with 

micropollutant detection from background ions, micropollutants were quantified via 

online solid-phase extraction (SPE) with single quadrupole liquid chromatograph-mass 

spectrometry (LC-MS). An online SPE cartridge (Phenomenex, Torrance, CA, USA) was 

incorporated in the LC-MS system (LC-MS 2020, Shimadzu, Columbia, MD, USA). All 

samples were filtered through 0.45 µm PTFE filters. 13C-TCS, estrone (E1), and 13C-

SMX were added as internal standards before SPE. Details of the SPE-LC-MS method 

are provided in the Appendix 3C. Method detection limits were 8 µg/L TCS, 8 µg/L E2, 

and 9 µg/L SMX. Recovery of TCS, E2, and SMX was 70 – 130% to meet the quality 

control criteria (Smith et al., 2010).  

3.2.7 Data analysis 

Adsorption capacity from batch ion exchange tests and percent recovery from 

exchange-regeneration tests were calculated as described in the Appendix 3D. Nutrient 

removal kinetics were modelled as pseudo-second order reactions (which demonstrated 

the best fit for the data), as described in the Appendix 3E.  

Isotherm modeling and statistical analysis (t-test, α level = 5%) were conducted 

using GraphPad Prism 6 (Graphpad Software, Inc., La Jolla, CA). To determine the 

relative influence of NaOH and NaCl on the recovery of NH4-N, PO4-P, or 

micropollutants during regeneration, response surface methodology (RSM) was used in R 

(Appendix 3F) (Montgomery, 2003).  
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3.3 Results and Discussion 

3.3.1 The impact of micropollutants on nutrient ion exchange reaction kinetics  

The reaction rate of nutrient ion exchange with and without micropollutants was 

determined in batch studies. The nutrient ion exchange kinetics in Milli-Q water (Figure 

3.1) were modeled as pseudo-second order reactions (Ho, 2006; Ho and McKay, 1999), 

which provided the best fit (equilibrium curves are shown in Appendix Figure 3G and 

average fitting parameters of linearized nutrient exchange kinetic curves are shown in 

Appendix 3G, Table 3G). The presence of micropollutants significantly decreased 

ammonium and phosphate exchange reaction rate constants (Table 3.1, calculated using 

Appendix 3E, Eq. 5). When micropollutants were present in the water, the reaction rate 

constants for clinoptilolite, LayneRT, and DOW-HFO-Cu decreased by 32%, 85%, and 

80%, respectively (Appendix 3G, Figure 3G).  
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Figure 3.1 Linearized second order nutrient removal kinetics curves, plotted as the 
reciprocal of total adsorbed amount per unit mass of exchanger (1/qt, g/mg) versus the 
reciprocal of time (1/t, 1/min). The plots show nutrient removal kinetics with and without 
micropollutants (MPs) in Milli-Q water for: A) NH4-N removal by clinoptilolite, B) PO4-
P removal by LayneRT, and C) PO4-P removal by DOW-HFO-Cu. The data points 
represent averages and error bars represent ± 1 standard deviation of triplicate 
experiments. 
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Table 3.1 Pseudo-second order reaction rate constants for nutrient ion exchange reactions 
with and without micropollutants  
Nutrient Ion Exchanger  Rate Constant (L/mg/min) p-value 

With 
Micropollutants 

Without 
Micropollutants 

Ammonium Clinoptilolite  0.015 0.022 0.0002 

Phosphate LayneRT 0.003 0.020 <0.0001 

Phosphate DOW-HFO-Cu 0.001 0.005 <0.0001 
 

According to Planzinski et al. (2013), the pseudo-second order reaction model for 

spherical sorbent particles can be well interpreted in terms of an intraparticle diffusion 

model. This model assumes that the overall sorption reaction rate is controlled by the rate 

of sorbate diffusion across the sorbate/solution interface within pores (Plazinski et al., 

2013). In terms of nutrient exchange in this study, reductions in reaction rates in the 

presence of micropollutants may have been caused by the micropollutants interfering 

with nutrient diffusion from the aqueous phase to the solid surface of the adsorbent 

(Klaewkla et al., 2011; Sawyer et al., 2003). Although micropollutants significantly 

decreased nutrient ion exchange reaction rates, their presence did not impact the total 

amount of nutrients adsorbed at equilibrium (Appendix 3G, Figure 3G). 

3.3.2 Adsorption of micropollutants onto nutrient ion exchangers 

Batch studies were conducted to track the fate of micropollutants during nutrient 

removal via ion exchange in Milli-Q water. The three micropollutants were adsorbed to 

varying extents, as shown in Figure 3.2. LayneRT adsorbed 85.6±4.5% TCS, 64.4±4.1% 

E2, and 51.6±8.0% SMX. DOW-HFO-Cu adsorbed 86.2±2.3% TCS, 88.2±4.6% E2, and 

65.1±5.1% SMX. Using clinoptilolite to capture ammonium, TCS and E2 were not 

readily adsorbed (p=0.314 for TCS and p=0.067 for E2), and the SMX concentration at 
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the end of the equilibrium period did not differ significantly from the initial concentration 

(p=0.154), signifying that these micropollutants were not readily removed using 

clinoptilolite.  

 

Figure 3.2 Micropollutant (MP) removal by three ion exchangers in Milli-Q water, A) 
clinoptilolite, B) LayneRT, and C) DOW-HFO-Cu, over time during batch tests. Feed 
water concentrations were ~300±50 µg/L each for TCS, E2, and SMX. Initial nutrient 
concentrations were 40 mg-N/L and 5 mg-P/L, with pH=7. The data points represent 
average results and error bars show ± 1 standard deviation of triplicate experiments. 
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Clinoptilolite has a negative surface charge (Appendix 3H, Figure 3H), making it 

unlikely to adsorb the negatively charged dissociated fractions of TCS, E2, or SMX 

through coulombic attraction. Furthermore, according to pore size analysis, the mode 

pore width of clinoptilolite is 10.2 Å (Appendix 3I, Figure 3I). According to 3D-structure 

measurements in ChemDraw, TCS has a minor dimension of 7.9 Å and a major 

dimension of 13.7 Å. The minor and major dimensions of E2 are 8.5 Å and 18 Å, 

respectively, while the minor and major dimensions of SMX are 14 Å and 15 Å, 

respectively. As the molecular size of the micropollutants is near or larger than 

clinoptilolite’s pores, the likelihood for adsorption of micropollutants is low (Faust and 

Aly, 1998). Poor adsorption of SMX on clinoptilolite was also demonstrated previously 

(Farı́ et al., 2003).  

On the other hand, the phosphate-selective exchange resins, LayneRT and DOW-

HFO-Cu, readily sorbed TCS, E2, and SMX at neutral pH (Figures 3.2B and 3.2C, 

respectively). Gas sorption tests indicated that LayneRT has a mode pore size of 20.2 Å, 

and DOW-HFO-Cu has a mode pore size of 23.4 Å (Appendix 3I, Figure 3I). Thus, the 

phosphate resins’ pores are larger (in comparison to clinoptilolite’s mode pore size of 

10.2 Å) and more accessible for micropollutant adsorption.   

3.3.3 The impact of micropollutants on nutrient ion exchange capacity  

Nutrient ion exchange isotherm modeling was performed using data from batch 

tests conducted with and without micropollutants in the Milli-Q feed water to assess 

micropollutants’ influence on nutrient exchange capacity and mechanisms. Exchange of 
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ammonium using clinoptilolite fit the Langmuir isotherm model (Appendix 3J, Figure 

3A), which assumes one solute ion per adsorption site, forming a single layer on the 

sorbate surface (Halim et al., 2010). The ammonium exchange isotherms with and 

without micropollutants were not significantly different (p=0.756).  

An empirical isotherm (Butt et al., 2006; Limousin et al., 2007a), provided the 

best fit for modeling exchange of phosphate via LayneRT and DOW-HFO-Cu resins with 

and without micropollutants in the feed water (Appendix 3J, Figures 5JB and 4JC). A 

sigmoidal isotherm often occurs when using a homogenous adsorbent (Butt et al., 2006), 

such as LayneRT and DOW-HFO-Cu resins, which are manufactured under controlled 

conditions. Observation using a scanning electron microscope (Appendix 3K, Figure 3K) 

together with surface pore analysis indicated that these phosphate ion exchangers were 

more homogeneous than clinoptilolite, reaffirming the underlying basis for the best fit 

isotherm model behaviors. At near-neutral pH, the predominant orthophosphate species, 

H2PO4
- and HPO4

2-, are Lewis bases (electron pair donors) that can exhibit strong ligand 

adsorption on the HFO in LayneRT resin, as well as on both HFO and Cu2+ in the DOW-

HFO-Cu resin, by forming inner-sphere complexes through coordinate bonding. 

Sigmoidal isotherms provide good representations of this type of phosphate exchange, 

according to previous reports (Blaney et al., 2007; Cumbal and Sengupta, 2005; Hinz, 

2001; Limousin et al., 2007b; Sengupta and Pandit, 2011a). The inflection expected for a 

Type D isotherm was not observed, likely due to the small phosphorus range tested (less 

than 5 mg/L).  

Similar to the case for clinoptilolite, there was no significant difference in 

exchange capacity with and without micropollutants for the phosphate-selective resins 
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(LayneRT p=0.768 and DOW-HFO-Cu p=0.796, Appendix 3J, Figure 3J). Although the 

presence of micropollutants slowed the reaction rates of nutrient ion exchange, as 

described previously, the amount (Qe) of phosphate or ammonium exchanged at 

equilibrium remained similar with or without micropollutants, as did the shape of the 

isotherm. For clinoptilolite, the ammonium isotherm was not expected to change since 

TCS, E2 and SMX did not adsorb effectively (Figure 3.2A). For LayneRT and DOW-

HFO-Cu, it is possible that the low initial concentrations of micropollutants relative to 

nutrients and different adsorption/exchange mechanisms contributed to the lack of 

observed change in the nutrient exchange isotherms with and without micropollutants.  

3.3.4 Potential mechanisms of micropollutant-ion exchanger interaction 

There are two plausible means by which micropollutants could bind with 

phosphate-selective ion exchange resins: A) coulombic attraction due to opposite charges, 

and B) non-coulombic attractions such as hydrophobic interactions, hydrogen bonding, 

and aromatic system π stacking (Carmona et al., 2006; Inyang and Dickenson, 2015).  

In near-neutral pH feed water, TCS and E2 are predominantly in the neutral form 

(88.8% neutral for TCS and 99.9% for E2, Appendix 3A, Figure 3A). Therefore, the non-

coulombic mechanisms for TCS and E2 adsorption by LayneRT and DOW-HFO-Cu 

differ from the electrostatic mechanism that controls phosphate exchange. The aromatic 

pyridyl group in the bis-picolylamine attached to the DOWEX M4195 polymer matrix, 

and the benzene ring of LayneRT’s backbone structure, are able to form π stacking with 

the benzene rings on TCS and E2 molecules (Janiak, 2000; Sengupta and Pandit, 2011b). 

Moreover, with high log Dow values, the extent of TCS and E2 adsorption onto phosphate 

exchangers was relatively high.  
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Negatively charged dissociated SMX is more likely to adsorb to LayneRT and 

DOW-HFO-Cu via coulombic attraction with positively charged moieties that are 

dissociated while in water (Appendix 3H, Figure 3H). At pH 7, the majority of SMX 

molecules are anionic (98.0%) (Appendix 3A, Figure 3A), and have a low log Dow value 

that tends to keep SMX in water. On the other hand, ionic SMX may also be adsorbed to 

the quaternary ammonium groups (R4N+) on LayneRT’s surface via coulombic attraction. 

The removal of ionic SMX by DOW-HFO-Cu may be attributed to the coulombic 

attraction between the ions and chelated HFO or Cu2+ that forms outer sphere complexes 

(Blaney et al., 2007). Therefore, the relatively low extent of adsorption for SMX can be a 

combined effect of hydrophilicity and columbic attraction. Additionally, the π-electron 

rich moiety in SMX’s structure may form π stacking with the ion exchanger surface, 

which may play a minor role. Alternately, phosphate prefers ligand adsorption by forming 

inner sphere complexes via both coulombic and Lewis acid-base attraction with HFO 

(Blaney et al., 2007; Landry and Boyer, 2013). In accordance with these potentially 

different adsorption mechanisms and low micropollutant loadings, ionic SMX is unlikely 

to compete with phosphate for exchange sites on LayneRT and DOW-HFO-Cu resins. 

However, the absence of an inflection point in the phosphate exchange isotherm indicates 

that the functional HFO and Cu2+ sites are far from saturation. Considering the initial 

concentrations of TCS, E2 and SMX (approximately 0.0012 mM, whereas phosphate was 

0.16 mM), the availability of binding sites on the resins was sufficient for phosphate 

adsorption.     

 



75 
 

 

 

3.3.5 The impact and fate of micropollutants during ion exchange regeneration 

Ion exchange regeneration was performed to investigate the fate of the 

micropollutants adsorbed on the ion exchangers, and their potential effect on nutrient 

desorption during regeneration. Following ion exchange in Milli-Q water, regeneration 

brine containing varying concentrations of NaCl and NaOH was used to increase 

adsorption capacity of exhausted clinoptilolite, LayneRT, and DOW-HFO-Cu (Crittenden 

et al., 2012). Micropollutants that were adsorbed onto phosphate exchangers did not 

impact nutrient desorption, as shown in Figure 3.3 (p=0.058 for LayneRT and p=0.699 

for DOW-HFO-Cu). Since micropollutants were not adsorbed by clinoptilolite during the 

ion exchange stage, micropollutants did not have a significant impact on the desorption of 

ammonium (p=0.57). Therefore, clinoptilolite was not considered in further studies of 

micropollutant desorption during regeneration.   

 

Figure 3.3 Nutrient desorption per mass of ion exchanger during ion exchange-
regeneration batch tests, with and without micropollutants (MPs, ~300 µg/L each TCS, 
E2, and SMX, in the pH=7 ion exchange feed waters). The regeneration brine for 
phosphate exchangers was 2% NaOH + 2% NaCl, while 8% NaCl was used for 
clinoptilolite. The data represent average results and error bars show ± 1 standard 
deviation of triplicate experiments. 
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To explore the impact of NaCl and NaOH on micropollutant desorption from 

LayneRT and DOW-HFO-Cu resins, concentrations of NaCl and NaOH in the regenerant 

were varied, as listed in Appendix 3B, Tables 3B.1—3B.4. There was no significant 

correlation between regeneration brine constituents and micropollutant desorption 

(Appendix 3L, Table 3L). Under the tested conditions, micropollutant desorption from 

LayneRT or DOW-HFO-Cu cannot be accurately predicted using the concentration of 

constituents in the regeneration brine, nor is it easy to control desorption by varying brine 

concentration, possibly due to the complexity of micropollutants’ binding with ion 

exchangers. Therefore, the potential desorption of micropollutants is unlikely to influence 

the selection of regeneration brine in real-life operations. Instead, impacts on nutrient ion 

exchange capacity and operation costs will be the most important criteria when selecting 

a regenerant (Cheremisinoff, 2002).  

Although there was no significant correlation between regeneration brine 

concentration and micropollutant desorption, the extent of desorption (based on percent 

mass desorbed relative to initial mass sorbed) varied among the micropollutants (Figure 

3.4). Comparing Figures 3.2 and 3.4, micropollutant desorption was inversely related 

with the degree of adsorption, where compounds that adsorbed poorly were more easily 

desorbed (i.e., SMX). For TCS, the extent of adsorption (Figure 3.2) and desorption 

(Figure 3.4) onto the two phosphate exchangers was similar. For E2, adsorption using 

LayneRT was lower than for DOW-HFO-Cu (Figure 3.2), and desorption was generally 

higher for LayneRT than DOW-HFO-Cu (Figure 3.4), which indicates that E2 has 

stronger binding with LayneRT than DOW-HFO-Cu. 
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Figure 3.4 Summary of results for micropollutant desorption relative to total adsorption 
for batch ion exchange-regeneration tests in Milli-Q water using A) LayneRT and B) 
DOW-HFO-Cu resin (n = 11). Results include triplicate tests of 11 different NaCl and 
NaOH regenerant brine compositions, as detailed in supplemental information Appendix 
5B. Clinoptilolite is not shown because no significant micropollutant adsorption was 
observed. The horizontal bold line indicates the median. The boxes represent the first and 
third quartile of the data set. The whiskers above and below the boxes show the locations 
of the minimum and maximum. The hollow circles signify outliers.   

 

Phosphate readily desorbed from each phosphate exchanger under the 

regeneration conditions tested, but desorption did not correlate to NaCl or NaOH 

concentration (p=0.791 for LayneRT and p=0.380 for DOW-HFO-Cu, first order linear 

regression model; Appendix 3B, Tables 3B.1 and 3B.3). Phosphate desorption was 

3.50±0.19 mg-P/g LayneRT (94.5±5.54% of the portion captured was released) and 

3.69±0.30 mg-P/g DOW-HFO-Cu (74.35±5.31%). The mass of phosphate desorbed from 

LayneRT was not significantly different from that desorbed from DOW-HFO-Cu 

(p=0.12). However, DOW-HFO-Cu resin generally demonstrated greater total mass 

removal of phosphate and lower desorption, possibly indicating stronger binding.  
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Phosphate ions are exchanged by forming inner-sphere complexes with HFO and 

Cu2+ on the exchangers via coulombic interactions, while adsorption of SMX in pH 7 

feed water was possibly due to non-selective coulombic attraction forming outer sphere 

complexes (Blaney et al., 2007). Thus, the attachment of both phosphate and SMX to 

phosphate exchange resins was likely due to electrostatic attractions, which would be 

easily disrupted by the concentrated Cl- and OH- in the regeneration brine (Landry and 

Boyer, 2013). As noted previously, adsorption of TCS and E2 to the two phosphate 

exchange resins was not likely due to coulombic attraction, indicating that the presence of 

strong counter ions would not significantly affect desorption (Landry and Boyer, 2013). 

Desorption of TCS and E2 from both phosphate ion exchangers, and SMX from 

DOW-HFO-Cu (medians<50%) were much lower than phosphorus desorption (>90%). 

These results indicate that the majority of the micropollutants tended to irreversibly 

adsorb to the ion exchangers, regardless of the interactions between micropollutants and 

exchangers (e.g., coulombic or non-coulombic). Landry and Boyer (Landry and Boyer, 

2013) also reported low desorption of diclofenac sorbed on polymeric strong-base anion 

exchange resins (24% using 4% NaCl brine). Even though coulombic forces played a 

major role for diclofenac (pKa= 4.7) attaching to the polystyrene resin in fresh urine (pH 

= 6), high strength regeneration brine could not disrupt the interaction between the 

dissociated diclofenac and the resin (Landry and Boyer, 2013). Previous studies have also 

shown favorable adsorption of chlorinated phenols and aromatic micropollutant anions on 

polymeric exchangers, with a preference for these contaminants over inorganic chloride 

ions present in either feed water or regeneration solutions (Hinrichs and Snoeyink, 1976; 

Lee and Ku, 1996). This was attributed to the non-polar moiety of the aromatic ions 
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leading to simultaneous hydrophobic interactions and coulombic attractions (Li and 

SenGupta, 1998).  

The low desorption to adsorption ratio of hydrophobic micropollutants from ion 

exchangers potentially introduces additional concerns for flow-through reactor operation. 

Based on the lack of effective micropollutant desorption during regeneration, over time, 

ion exchangers may become saturated with adsorbed micropollutants. Consequently, 

micropollutants in the influent may eventually bypass the ion exchange bed, and be 

carried into the ion exchange effluent, which would be discharged to receiving waters. 

3.3.6 The impact and fate of TCS, E2 and SMX during nutrient ion exchange-
regeneration in actual anaerobic filtrate 

 
 

Ion exchangers were tested in anaerobic filtrate supplemented with 300 µg/L each 

TCS, E2, and SMX to investigate the impact of micropollutants on nutrient exchange in a 

real anaerobic effluent matrix containing organic carbon (water quality parameters are 

listed in Appendix 3M, Table 3M). The presence of micropollutants in actual anaerobic 

wastewater did not impact nutrient removal or regeneration (all t-test p-values were 

greater than 0.05, as shown in Table 3.2). This finding was similar to the results in the 

Milli-Q water tests.  

Table 3.2 Nutrient removal and regeneration by ion exchangers in anaerobic filtrate, with 
and without the presence of micropollutants (MPs). All tests were conducted in triplicate, 
and values shown are means ± 1 standard deviation. 

Ion exchanger Unit  No MP With MPs p-value 

Clinoptilolite 
NH4-N mmol/g 

exchanger 
removed 0.69±0.07 0.58±0.15 0.31 

regenerated 0.69±0.07 0.48±0.08 0.31 

LayneRT 
PO4-P mmol/g 

exchanger 

removed 0.13±0.00 0.13±0.00 0.97 
regenerated 0.11±0.00 0.10±0.00 0.10 

DOW-HFO-Cu 
removed 0.13±0.00 0.12±0.00 0.09 

regenerated 0.11±0.01 0.11±0.00 0.09 
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The extent of micropollutant adsorption and desorption during nutrient ion 

exchange-regeneration in the complex wastewater matrix differed compared to Milli-Q 

tests. As shown in Table 3.3, TCS adsorption on the phosphate ion exchangers in the 

anaerobic filtrate significantly decreased compared with previous Milli-Q tests. 

Adsorption of E2 using DOW-HFO-Cu in anaerobic filtrate also decreased significantly 

compared to Milli-Q tests, whereas no difference was observed between the two water 

matrices using LayneRT. Both TCS and E2 desorption were greater in anaerobic filtrate 

tests. These results indicate that constituents in the complex wastewater matrix can 

possibly hinder TCS and E2 adsorption with phosphate exchangers. For these neutral 

molecules, this could be attributed to competition from suspended solids and organic 

carbon. The phosphate exchangers removed 57% of the SMX from the anaerobic filtrate, 

which was similar to results from Milli-Q water tests, indicating suspended solids and 

organic matter did not hinder SMX adsorption. However, desorption of SMX decreased 

in the anaerobic filtrate tests compared to Milli-Q, possibly due interactions between 

SMX and the co-adsorbed wastewater constituents.  
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Table 3.3 Micropollutant (MP), TCS, E2 and SMX, removal and regeneration by ion 
exchangers in anaerobic filtrate compared to Milli-Q water. All tests were conducted in 
triplicate, and values shown are means ± 1 standard deviation. t-tests (p-values shown) 
were used to compare performance in the two water matrices. Clinoptilolite was also 
tested, but did not adsorb micropollutants.   

Ion 
Exchanger 

MP 
% Removal % Regeneration 

Anaerobic 
effluent 

Milli-Q 
water 

p-value 
Anaerobic 

effluent 
Milli-Q 
water 

p-value 

LayneRT 

TCS 50.4±1.4 85.6±4.5 0.0002 74.3±10.8 21.5±11.1 0.004 

E2 59.7±1.9 64.4±4.1 0.09 54.8±3.5 36.3±5.2 0.007 
SMX 56.7±6.9 51.6±8.0 0.48 3.3±0.6 83.1±8.1 <0.0001 

DOW-HFO-
Cu 

TCS 53.8±1.2 86.2±2.3 <0.0001 68.4±2.3 20.3±2.5 0.003 

E2 66.7±1.5 88.2±4.6 0.002 68.3±0.5 5.2±3.3 0.0003 

SMX 71.4±7.1 65.1±5.1 0.26 3.6±1.0 31.7±15.3 0.003 
 

In control experiments without ion-exchangers, approximately 44% of TCS (the 

most hydrophobic compound) was removed by the wastewater matrix, and approximately 

26% of E2 was removed. The most hydrophilic compound tested, SMX, was not removed 

by the wastewater matrix. 

3.3.7 The fate of micropollutants during struvite precipitation 

The concentrations of TCS, E2 and SMX in the aqueous solution did not decrease 

during struvite precipitation (Table 3.4), indicating that these micropollutants were not 

able to adsorb on, or assimilate into, struvite crystals. The distribution coefficient Dow 

(Appendix 3A, Table 3A) shows that at pH 9, which was used for struvite precipitation, 

the majority of TCS and E2 molecules were still hydrophobic, whereas SMX was mostly 

dissociated and hydrophilic. Previous reports suggested that the accumulation of 

micropollutants in struvite cannot be fully explained by hydrophobicity since the 

relatively hydrophilic compounds tetracycline (log Kow = -1.37) and quinolones (log Kow 
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= 0.89) were observed in struvite crystals (Antakyal et al., 2011; Başakçilardan-Kabakci 

et al., 2007).  

Table 3.4 Average ± 1 standard deviation concentrations of TCS, E2 and SMX in the 
supernatant before and after struvite precipitation (n=3) 

Micropollutant Before precipitation 
(µg/L)  

After precipitation 
(µg/L) 

p-value 

TCS 275 ± 31.5 275 ± 18.3 0.98 
E2 266 ± 30.7 282 ± 12.6 0.29 
SMX 234 ± 1.29 251 ± 34.6 0.49 

In previous studies, the majority of tetracycline accumulation in struvite was 

considered to be due to spontaneous assimilation into struvite’s structure during 

formation, rather than being adsorbed onto the surface of pre-formed struvite (Antakyal 

et al., 2011; Başakçilardan-Kabakci et al., 2007). This finding was explained by 

tetracycline’s potential as a ligand, wherein the molecule’s β-hydroxyl ketone moiety can 

donate electron pairs to form stable complexes with Mg2+ or Ca2+ (Başakçilardan-

Kabakci et al., 2007; Schmitt and Schneider, 2000; Tolls, 2001; Turel, 2002). Thus, the 

partitioning of E2, TCS, and SMX to the aqueous phase observed in this study may be 

explained by the compounds’ inability to form coordination complexes with Mg2+ in 

struvite.  

According to the pKa value, more than 98% of E2 was in neutral form at pH 9, 

clearly preventing it from participating in Lewis acid-base reactions with metal ions. For 

TCS, the charged fractions dominate at pH 9. The dissociated phenolic group on TCS 

(Appendix 3A, Table 3A) is affected by resonance due to the presence of benzene. The 

resonance phenomenon makes non-bonded electron pairs of oxygen form double bonds 

with benzene carbon, turning the dissociated phenolic group into more acidic forms, 

which can result in difficulty forming a coordinate bond between TCS and Mg2+ 

(DeRuiter, n.d.; Schwarzenbach et al., 2005).  
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Dissociated SMX also dominates at pH 9. The charged fraction of SMX can form 

coordinate complexes with first and second row transition metals such as Cr, Mn(II), 

Zn(II), Cd(II), and Co(II) (Kanagaraj and Rao, 1992; Kesimli and Topacli, 2001). 

However, as negligible removal of SMX was observed during struvite precipitation, SMX 

may not be able to form complexes with metals such as Mg(II). According to hard and 

soft acids and bases rules (Pearson, 1963), Mg is a hard acid that is relatively 

nonpolarizable; therefore, it is easier for Mg to form stable complexes with hard bases 

such as OH−, which is present in tetracyclines. However, it is more difficult for Mg to 

form stable complexes with the soft base functional groups in SMX such as sulfonamide 

nitrogen, amino nitrogen, and sulfonyl oxygen. Micropollutants that cannot form 

coordinate complexes with the metals in struvite are unlikely to be present in precipitated 

struvite.   

3.4 Conclusions 

This research demonstrated that ion exchange-precipitation can effectively 

recover nutrients from nutrient-rich waters (both Milli-Q and actual anaerobically-treated 

wastewater), regardless of the presence of TCS, E2, and SMX. The result matched the 

hypothesis that the reaction rate of nutrient exchange decreased in the presence of 

micropollutants. However, the extent of nutrient adsorption and desorption was not 

influenced by the presence of these micropollutants, due to low micropollutants 

concentrations and different adsorption mechanisms. The ammonium-selective 

clinoptilolite ion exchanger did not adsorb TCS, E2, or SMX. However, these neutral and 

anionic micropollutants were able to co-adsorb to phosphate exchangers during exchange 

of orthophosphate and were desorbed during ion exchanger regeneration. The hypothesis 
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of micropollutants precipitate out with struvite was rejected, since micropollutants did not 

partition to precipitated struvite, so they do not pose risks in the final solid fertilizer 

product. 

The findings from this research have direct real-world implications. Specifically, 

the adsorption/desorption behaviors indicated that micropollutants could accumulate on 

ion exchangers, which may eventually lead to saturation of the ion exchangers, causing 

bypass of micropollutants into the ion exchange effluent. That would put additional stress 

on receiving natural waters, once treated AnMBR effluent was discharged to the 

environment. When the micropollutants were present in actual anaerobic wastewater, 

they did not interfere with nutrient removal and recovery; however, the complex matrix 

of anaerobic wastewater tended to decrease co-adsorption and increase desorption of TCS 

and E2 from phosphate-specific exchangers. To avoid co-adsorption of nutrients and MPs 

as well as the discharge of micropollutants with the ion exchange effluent, other non-

selective adsorbents, such as biosolids-derived biochar, should be employed prior to ion 

exchange to remove micropollutants before recovering nutrients, which will be studied in 

Chapter 4-6.  

The fate of micropollutants through the ion exchange-precipitation process is 

closely related to the physical and chemical properties of micropollutants, ion 

exchangers, and struvite. For example, clinoptilolite did not sorb the selected 

micropollutants, likely on the basis of surface charge and molecular size disparities. 

Likewise, the inability of the investigated micropollutants to form coordinate complexes 

with the metal ions in struvite crystals appears to be the key factor determining 

partitioning of micropollutants between the aqueous phase and the precipitated struvite 
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product. Future research extending these results to cationic and zwitterionic 

micropollutants can help to derive more universal conclusions related to the impact and 

fate of micropollutants during nutrient ion exchange. 
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4 ADSORPTION OF TRICLOSAN VIA BIOCHAR DERIVED FROM 
PYROLYSIS OF WASTEWATER BIOSOLIDS  
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4.1 Introduction 

Organic micropollutants including hormones, pharmaceuticals and personal care 

products, flame-retardants, artificial sweeteners, and antimicrobials, are widely used in 

consumer products.  As population increases, so does use of these consumer products, 

which inevitably end up in wastewater treatment systems (Ridder, 2012). Water resource 

reclamation facilities (WRRFs) are major sources of organic micropollutant discharges 

into the environment (Servos et al., 2005). Many micropollutants are not degraded, or are 

slowly degraded, in conventional WRRFs (Rossi et al., 2013). Consequently, 

micropollutants are ubiquitous in natural waters and are increasingly detected in 

industrialized and remote environments (Schwarzenbach et al., 2006). Although they are 

found in waters at low concentrations (ng/L), micropollutants cause adverse ecological 

impacts such as feminization of fish (Kidd et al., 2007; Vajda et al., 2008). 

Triclosan (TCS, structure shown in Appendix 4A) is an antimicrobial that is 

widely used for personal hygiene and disinfection products including oral care products, 

and lotion (Carey and Mcnamara, 2015), and is widely found in human urine and WRRF 

effluents (Pycke et al., 2014). While the FDA banned the use of TCS in handsoaps, it is 

still a key ingredient in one of the top-selling toothpastes (McNamara and Levy, 2016). 

Exposure to triclosan might also select for spread of antibiotic resistance, which is an 

emerging public health issue (Carey and McNamara, 2015; McNamara et al., 2014).  

Conventional activated sludge processes are not designed to remove 

micropollutants, although a large fraction is removed in settling tanks due to adsorption 

to biosolids. The removal rate of triclosan via adsorption to biosolids can vary 
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substantially, ranging from 15% to 100% (Blair et al., 2013; Lozano et al., 2013; 

McAvoy et al., 2002; Singer et al., 2002). Even though a substantial fraction of triclosan 

may be removed with the solids, triclosan is still discharged into receiving waters. For 

example, Blair et al. ( 2013) detected 54 ng/L triclosan in WRRF effluent discharged to 

Lake Michigan. Advanced tertiary treatment techniques have been investigated for 

increased removal of micropollutants in WRRFs. Advanced oxidation, UV treatment, and 

membrane filtration can be effective techniques for micropollutant removal (Kimura et 

al., 2003). These methods can have high infrastructure and operational costs (Carballa et 

al., 2007; Manda et al., 2014). Activated carbon can also achieve substantial removal of a 

broad spectrum of micropollutants from water by adsorption (Margot et al., 2013), but 

activated carbon production and feedstock supply can give rise to high environmental 

impacts (Manda et al., 2014). 

Alternative sorbents capable of effectively removing micropollutants are of 

interest to WRRFs. Biochar, which is the carbonaceous residual solid product produced 

by pyrolysis (a process that involves heating biomass in the absence of oxygen), may 

have potential as an effective, low-cost sorbent for the capture of micropollutants. 

Biochar can be produced using a wide range of biomass feedstock sources, including 

wood wastes, plant residuals and animal wastes (Cao and Harris, 2010; Ghani et al., 

2013; Keiluweit et al., 2010). Biochar products have attracted increased attention in 

agronomy as a stable soil amendment to enhance soil fertility and plant growth (Carey et 

al., 2013; Gaunt and Lehmann, 2008). In addition to agronomy applications, biochar has 

been evaluated as a low-cost sorbent to capture inorganic and organic contaminants.  
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Biochar derived from pyrolysis of wood wastes has been applied for removal of 

inorganic contaminants from water. The maximum adsorption capacity was 4.25 mg/g 

and 7.51 mg/g for lead and chromium, respectively, which exceeds performance for some 

activated carbon (Liu and Zhang, 2009; Mohan et al., 2011). Biochar can also be utilized 

to retain nutrients. Yao et al. (2011) used biochar produced from sugar beet tailings to 

remove 73% phosphate from water. Carey et al. (2013) used biosolids-derived biochar to 

remove ammonium from water. The ammonium-saturated biochar subsequently 

improved growth of Kentucky Bluegrass.  

In addition to removal of inorganic compounds, biochar produced from a wide 

range of feedstocks has also been found to adsorb organic contaminants such as catechol, 

humic acid, and endocrine disrupting chemicals (Jung et al., 2013; Kasozi et al., 2010). 

No research yet exists describing the use of wastewater biosolids-derived biochar to 

capture micropollutants. This waste-to-resource process would be implemented by 

pyrolyzing wastewater-derived biosolids to produce a readily renewable sorbent onsite. 

Furthermore, pyrolysis removes organic micropollutants such as triclosan from biochar 

(Ross et al., 2016), indicating that the biochar could be re-pyrolyzed to remove any 

sorbed micropollutants. 

The objective of this research was to determine if biosolids-derived biochar could 

be used to adsorb triclosan, a pervasive micropollutant, in water and wastewater. Bench-

scale batch tests were conducted to determine adsorption capacities under a range of 

physical conditions (pre-conditioning of biochar, solution pH, and pyrolysis temperature). 

Isotherm modeling and characterization of the biochar surface were performed to better 

understand the mechanism of interaction between triclosan and the biochar surface. It 
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was hypothesized that biosolids-derived biochar could remove triclosan via adsorption, 

and the surface properties of biochar changed with the increasing of pyrolysis 

temperature, therefore improving triclosan adsorption. 

4.2 Materials and Methods 

4.2.1 Biochar production and pre-conditioning for adsorption 

Milorganite®, a heat-dried blend of anaerobically digested primary solids and 

waste activated sludge biosolids produced by the Milwaukee Metropolitan Sewage 

District (MMSD), was used as feedstock. The feedstock was pyrolyzed to produce 

biochar by placing 30 g of heat-dried biosolids in a 250 ml flask and purging with argon 

gas for 15 minutes. The flask opening was wrapped with aluminum foil and the flask was 

heated in a muffle furnace at 300˚C, 500˚C, 600˚C, 700˚C or 800˚C for 60 minutes and 

cooled in a desiccator before conditioning.  

All biochar was washed with Milli-Q® (Billerica, MA) water to remove residual 

surface impurities. To produce acid-treated biochar, 1N HCl was used to pretreat the 

biochar, while base-treated biochar was conditioned with 1N NaOH, both at dosages of 1 

g biochar per 10 ml solution. The mixtures were agitated on a shaker table at 200 rpm for 

12 hours. The biochar slurry was filtered with Whatman® (Ann Arbor, MI) 0.7 µm glass 

fiber filters via vacuum filtration, and the recovered biochar was rinsed with deionized 

water. The Milli-Q, acid, or base-conditioned biochar was dried at 90˚C and stored in a 

desiccator prior to use in adsorption experiments. 
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4.2.2 Characterization of biochar properties  

Scanning electron microscope (SEM) imaging - Granular biochar was dried and 

adhered on an SEM specimen mount with carbon tape. The surface morphology was 

observed via JEOL (JEOL USA, Inc. MA, USA) JSM-6510LV SEM at an accelerating 

voltage of 15 kV and ×1000 magnification. 

Elemental, proximate, and surface area analysis - Biochar specific area was 

measured via a Brunauer-Emmett-Teller (BET) surface analysis instrument (NOVA 

4200e, Quantachrome instruments, Boynton Beach, FL). Ash content is the inorganic 

residue left after dry oxidation (Sluiter et al., 2004). The carbon, nitrogen, hydrogen, and 

sulfur contents were analyzed via an ultimate analysis instrument (Vario Micro Cube, 

Elementar, Hanau, Germany). The oxygen content was calculated as the difference 

(Carey et al., 2013).  

FT-IR analysis - A Nicolet 380 FTIR (Thermo Scientific, MA, USA) was used 

to investigate biochar surface functional groups. Method details are provided in Appendix 

4D. 

Zeta potential and point of zero charge (PZC) analysis - To determine the 

biochar’s surface charge, which is potentially associated with the adsorption mechanism, 

zeta potentials were measured using a Malvern Zetasizer Nano ZS (Malvern Instruments 

Ltd, MA, USA). Method details are provided in Appendix 4E. Through interpolation, the 

PZC was determined as the pH where the zeta potential was equal to zero. 
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4.2.3 Adsorption tests 

Batch adsorption tests were conducted to determine the adsorption capacity of 

triclosan on biochar. Glass serum bottles (60 mL) were silanized using 5% by volume 

dichlorodimethylsilane (99.5%, Sigma Aldrich, St. Louis, MO, USA) and 95% by 

volume heptane (99%, Sigma-Aldrich, St. Louis, MO, USA) solution to prevent 

chemicals from adsorbing onto the glass. Triclosan (97%, Sigma Aldrich, St. Louis, MO) 

was pre-dissolved in HPLC-grade methanol (99%, Sigma-Aldrich, St. Louis, MO, USA) 

for use as stock solution. The volumetric ratio of methanol stock to water was below 

0.5% for all tests, which negates co-solvent effects (Schwarzenbach et al., 2005). All 

adsorption tests were conducted in triplicate in 50 mL of solution.  

To determine the effect of pre-conditioning, triclosan stock solution was spiked to 

produce a final concentration of approximately 200 µg/L TCS in Milli-Q water. Acid 

(HCl), base (NaOH), or Milli-Q water-treated biochar (prepared at 600°C) was dosed at 

0.4 g/L.   

The impact of bulk solution pH on triclosan adsorption was tested using 0.4 g/L 

of 600°C HCl-treated biochar (selected based on previous pre-conditioning experiments). 

The pH of the Milli-Q water was adjusted to 3, 5, 7, 9, or 11 using HCl and NaOH. 

Triclosan was added at a concentration of approximately 300 µg/L for all pH 

experiments.  

Adsorption isotherm experiments were conducted in serum bottles by spiking 

approximately 300 µg/L of TCS in Milli-Q water (initial pH approximately 6.5). Biochar 

pyrolyzed at different temperatures (300°C, 500°C, 600°C, 700°C and 800°C) was dosed 

at 0.2 g/L, 0.4 g/L, 0.6 g/L, 0.8 g/L, or 1g/L. Filtrasorb® 400 granular activated carbon 
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(GAC, Calgon Carbon, IL, USA) was used as a comparison to biochar adsorption 

performance.  

A municipal secondary-treated wastewater effluent sample from Jones Island 

Water Reclamation Facility, Milwaukee, WI, was used to test triclosan adsorption to 

biochar in complex matrices. Water quality parameters including pH, chemical oxygen 

demand (COD), total organic carbon (TOC), turbidity, and total suspended solids (TSS) 

were measured according to standard methods (APHA et al., 1998), results of which are 

provided in Table 4G of Appendix 4G. Triclosan stock solution was injected into 

wastewater effluent at approximately 300 µg/L. Each bottle was dosed with 0.4 g/L of 

600˚C HCl biochar. To investigate the adhesion of triclosan to suspended solids, 

solutions injected with TCS without adding biochar were used as a control. The 

background triclosan concentration in the wastewater was below detection.  

The serum bottle reactors were mixed end-over-end using a Cole-Parmer (IL, 

USA) Roto-Torque Variable Speed Rotator for 24 hours (which provided sufficient time 

to reach equilibrium, as determined by the kinetic tests described in Appendix 4B). Water 

samples were collected from the serum bottles and filtered with 0.45µm PTFE syringe 

filters (Agela Technologies, Wilmington, DE) prior to subsequent analysis.   

4.2.4 Analysis of triclosan with liquid chromatography-mass spectrometry (LC-
MS) 

 

 

Aqueous-phase triclosan concentrations were measured with liquid 

chromatography-mass spectrometry (LCMS-2020, Shimadzu Corporation, MD, USA). 

Method details are provided in Appendix 4C. The triclosan quantification limit (based on 

a signal-to-noise ratio of 10:1) was 5 µg/L.  
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4.2.5 Adsorption calculations and statistical analysis 

The adsorption capacity of triclosan on biochar (Qe, µg TCS/g biochar) was 

calculated using eq. 4.1: 

�� = (#Z<#O)×_
`      eq. 4.1 

where C0 is the initial concentration of triclosan (µg/L), Ce is the concentration at 

equilibrium (µg/L), V is the volume of solution (mL), and M is the mass of the sorbent 

(g).  

Isotherm modeling (linear, Langmuir and Freundlich) and statistical analyses (t-

test and ANOVA, α level=5%) were performed using GraphPad Prism 6 (La Jolla. CA, 

USA) software. 

4.3 Results and Discussion 

4.3.1 The impact of biochar preconditioning on adsorption performance  

Preconditioning the biochar with HCl significantly enhanced triclosan adsorption 

onto biochar relative to biochar preconditioned with NaOH or Milli-Q water (Figure 4.1; 

ANOVA, p = 0.0094). The initial bulk solution pH was approximately 6.5, and it 

decreased approximately 1 pH unit over the course of testing, likely due to the intrinsic 

HCl-biochar surface acidity (Hossain et al., 2011; Singh et al., 2010). Based on these 

data, acid pre-conditioning is necessary for biosolids-derived biochar to be effectively 

used as a triclosan adsorbent. 
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Figure 4.1 The effect of biochar pre-conditioning with 1 N HCl, 1 N NaOH or Milli-Q 
water on triclosan adsorption capacity, Qe. Biochar was pyrolyzed at 600 °C, and added 
to water at a dose of 0.4 g/L. The water was spiked with 200 μg/L triclosan. The data 
represent average results and error bars show ±1 standard deviation of triplicate 
experiments. 

 
There are several possible reasons why HCl pre-conditioning might enhance 

adsorption. As shown in the SEM images presented in Figure 4.2, HCl appeared to more 

effectively clean the biochar surface than the Milli-Q water or NaOH. Acid-treated 

biochar also appeared to have fewer granular impurities and be more porous than both 

base- and Milli-Q-conditioned biochar. These visual differences suggest that HCl-biochar 

may offer more surface area for adsorption reactions. Surface area analysis by BET 

verified that HCl substantially increased the specific surface area of the biochar, as shown 

in Table 4.1. The HCl-biochar specific surface area was an order of magnitude greater 

than Milli-Q-biochar. As shown in Figure 4.2B, the NaOH-treated biochar surface was 

smoother and had fewer pores than acid-treated biochar. Other researchers have observed 

that NaOH conditioning of activated carbon can decrease the specific surface area 
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because pores and cracks swell in the presence of aqueous base (Park and Jang, 2002; 

Shim et al., 2001). For carbon-based adsorbents such as activated carbon and biochar, the 

functionality as a sorbent is partially due to the highly porous surface of the solid and the 

extremely high surface area to volume ratio (Wang et al., 2005). 

 

 

 
Figure 4.2 SEM images of biochar produced at 600oC conditioned with A) 1N HCl, B) 
1N NaOH, and C) Milli-Q water. Surface porosity and impurities vary with pre-
conditioning.  
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Table 4.1 Proximate analysis and BET surface area data for biochar, activated carbon 
and heat-dried biosolids. 

Sample 
name 

C 
[%] 

H 
[%] 

N 
[%] 

S 
[%] 

O  
[%] 

Fixed 
Carbon 
[%] 

Volatiles 
[%] 

Ash 
[%] 

BET 
surface 
area 
[m3/g] 

600°C 
Milli-Q 

30 1 4 0.8 4.2 16 24 60 21 

600°C HCl 35 2 5 0.9 16.1 37 22 41 141 
Activated 
Carbon 

82 0.9 0.5 0.8 5.8 87 3 10 755 

Heat-dried 
biosolids 

37 5 7 1 24 8 67 26 1 

 

In addition to specific surface area, the fraction of fixed carbon and ash content 

can influence adsorption. The ash content was lower in HCl-biochar than in Milli-Q-

biochar (Table 4.1). The removal of ash during acid conditioning likely increased the 

porous carbon structure available for adsorption and increased the specific surface area. 

Thus, the cleaning and eroding effect of HCl conditioning makes it a suitable pre-

conditioning step for enhancing the adsorption capacity of biochar. 

Previous research has shown that the surface chemistry of carbon-based 

adsorbents can be altered using inorganic acid modification. On carbon-based adsorbents, 

HCl conditioning increased weak or strong acidic oxygen functional groups and single-

bonded oxygen functional groups such as phenols, ethers and lactones (Chen and Wu, 

2004; Dandekar et al., 1998). For Calgon Carbon® Filtrasorb® 400 activated carbon, 

conditioning with 2N HCl significantly affected functional group composition, as shown 

by FT-IR spectrum data indicating that the hydroxyl functional groups on the carbon 

were transformed into carboxylic, carbonyl, or ether groups after acid washing (Cañizares 

et al., 2006). These changes in surface chemistry enhanced phenol adsorption. Since the 

backbone structure and surface chemistry of HCl-biochar is similar to activated carbon, it 
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is likely that similar chemical behavior occurs on the surface of biochar following acid 

conditioning (Lehmann and Joseph, 2009; Sohi et al., 2010). Indeed, the FT-IR spectra 

(Appendix 4D, Figure 4D) shows differences among the three types of preconditioned 

biochar in this study. For HCl-treated biochar, the presence of broad bands at 1200 cm-1 

and 600 cm-1 indicates that acid treatment increased carboxylic C-O bonds, such as 

phenol, and aromatic C-H bonds on the biochar surface. These shifts in chemical 

composition can alter H-bonding and π-interaction between the sorbent and solutes in 

water (Chen and Wu, 2004). The phenyl groups on triclosan molecules likely interact 

with phenol groups on HCl-biochar via hydrogen bonding, and aromatic groups on both 

adsorbate and adsorbent are able to form non-covalent π-π stacking (McGaughey et al., 

1998), which supports the finding of increased adsorption on the HCl-biochar.  

4.3.2 The impact of bulk solution pH on adsorption performance 

Changes in adsorption as a function of bulk solution pH are important not only 

from a practical standpoint, i.e., near-neutral pH is preferable in water/wastewater 

applications to avoid drastic pH adjustments, but also from a mechanistic perspective. 

Exploring the relationship between pH and adsorption helps to understand which 

mechanisms of adsorption play major roles in removal, e.g., coulombic or non-coulombic 

interactions, which enable science-based process design and operation. 

The bulk solution pH (tested from pH 3 to pH 11) significantly impacted the 

adsorption capacity of triclosan on biochar, as shown in Figure 4.3 (ANOVA, p<0.0001). 

While there was no statistical difference in adsorption capacity at pH 5, 7, and 9, the 

overall trend from pH 3 to 11 suggests that triclosan adsorption increased as pH dropped. 

Protonated triclosan molecules dominate as pH drops below 7.9 (pKa of triclosan), and 
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because they are more hydrophobic than the deprotonated anions, increased adsorption is 

likely to occur on the biochar at lower water pH. The triclosan adsorption capacity at pH 

3 was greater than all other pH values (p<0.05). 

 
Figure 4.3 The impact of initial bulk solution pH on triclosan adsorption (Qe) to biochar. 
The biochar was produced at 600°C and conditioned with 1N HCl. For all experiments, 
the initial nominal triclosan concentrations were approximately 300 µg/L and the biochar 
concentrations were 0.4 g/L. Error bars represent ±1 standard deviation of triplicate 
experiments. 

The bulk solution pH also affects the surface charge of the biochar. The point of 

zero charge (PZC) is the pH at which the number of negative charges are exactly offset 

by the number of positive charges on the surface, i.e., the net surface charge is zero 

(Silber et al., 2010). When solution pH is above the PZC, the biochar surface will carry a 

net negative charge, thus repulsing anions. Zeta potential measurements of the biochar in 

this study indicate a PZC below 4, where the PZC was approximately 3.28 - 3.5, 3 - 3.28, 

and < 3 for 600°C HCl, NaOH, and Milli-Q-treated biochar, respectively (data shown in 

Appendix 4E). When the biochar surface is positively charged (pH < PZC), essentially no 

deprotonated triclosan is present. Thus, direct coulombic attraction cannot account for 
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increased adsorption at pH 3, and is unlikely to contribute to triclosan adsorption on 

biosolids-derived biochar. 

Non-coulombic bonding may lend itself to triclosan adsorption as triclosan has 

both hydrogen donor and acceptor moieties, facilitating hydrogen bonding. As pH drops 

below the PZC, additional protonated functional groups may be present on the biochar 

surface, offering greater potential for hydrogen bonding, and perhaps contributing to the 

increase in triclosan adsorption at pH 3.  

Enhanced triclosan adsorption at pH 3 may also be attributed to the increased 

ionic strength when adjusting the solution pH with HCl. When driven by coulombic 

attractions, the adsorption of organic compounds has been shown to increase with bulk 

solution ionic strength, potentially due to shrinkage or aggregation of sorbates (Aldegs et 

al., 2008; Campinas and Rosa, 2006; Delle Site, 2001). Although ionic strength impacts 

could also be relevant at high pHs due to NaOH addition, the strong electrostatic 

repulsion between the negatively charged biochar surface and the deprotonated triclosan 

and the relative increase in hydrophilicity of the protonated triclosan are likely to 

dominate, leading to decreased adsorption, as observed in Figure 4.3. The impact of ionic 

strength on triclosan adsorption should be investigated in future research.  

When used for wastewater treatment applications, biosolids-derived biochar 

would most likely be used in near-neutral pH solutions. For practical usage, wastewater 

effluent pH is unlikely to be adjusted to acidic levels in order to achieve higher 

adsorption capacity, and it is possible that extreme acidic conditions might not be 

favorable for adsorption of other micropollutants. Accordingly, neutral pH is sufficient 

for practical use. 
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4.3.3 Isotherm modeling and the impact of pyrolysis temperature 

The adsorption capacity as a function of equilibrium concentration was modeled 

using linear, Langmuir, and Freundlich isotherms, the complete results of which are 

shown in Table 4F in Appendix 4F. Overall, the Freundlich model provided the best fit, 

which suggests that many layers of triclosan may adsorb to the biochar surface 

(Schwarzenbach et al., 2005). With the exception of 300°C biochar, the Kf (adsorption 

affinity factor) generally increased while n (n is an indicator of distribution of binding 

energy on adsorbent surface—the more drastically the binding affinity changes across the 

adsorbent surface, the smaller the n value) decreased as pyrolysis temperature increased 

(Figure 4.4 and Table 4.2). These results suggest that triclosan adhesion to the biochar 

surface increases with pyrolysis temperature. Generally, for the same feedstock, as 

pyrolysis temperature increases, biochar will have higher residual carbon content and 

higher aromaticity, which strengthens the bonding between organic compounds and char 

surface (McGaughey et al., 1998; Newalkar et al., 2014). Biochar surface properties also 

varied with pyrolysis temperature, which was discussed in Appendix 4H. Changes in 

these biochar surface properties with pyrolysis temperature suggest that 800˚C biochar 

will experience stronger interaction and higher adsorption capacity, thus supporting the 

observed increase in triclosan adsorption. 
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Figure 4.4 Comparison of triclosan adsorption isotherms using HCl-biochar pyrolyzed at 
varying temperatures and activated carbon. Isotherms are fit to the Freundlich model. 
Experiments are performed in triplicates and averages are shown. For readability, error 
bars are not shown 

 
Table 4.2 Isotherms of HCl-biochar produced at multiple temperatures and activated 
carbon fitted with the Freundlich model.  

Isotherm 
model 

Equation Parameter Sorbent 
 300˚C 500˚C 600˚C 700˚C 800˚C Activate

d carbon 
Freundlich ��

= "	��6 
Kf 56.5 43.2 62.0 62.9 254 554 

n 0.22 0.54 0.45 0.46 0.30 0.44 

R2 0.06 0.91 0.84 0.85 0.98 0.93 

 

Biochar acidity is also affected by pyrolysis temperature. Biochar produced at low 

temperature is usually acidic (Hossain et al., 2011; Singh et al., 2010). This can greatly 

affect biochar’s ability to remove acidic organic molecules in the deprotonated form. 

While surface acidity is relevant in some scenarios, it is important to note that at neutral 

pH, the majority of triclosan molecules are protonated. Therefore, adsorption 
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mechanisms may rely more on hydrophobic interactions and partitioning, whereas 

biochar surface acidity could have less relative impact. 

The adsorption behavior of activated carbon was similar to the 800˚C HCl-

biochar (Figure 4.4). The Freundlich n value indicated that the bonding between the 

activated carbon and triclosan was weaker than the bonding between 800˚C biochar and 

triclosan, which could be attributed to the intrinsic difference between the different 

feedstocks. However, activated carbon offers greater triclosan adsorption capacity 

compared to all types of biochar tested. According to Table 4.1, activated carbon has a 

much lower ash content, higher carbon content, and higher BET surface area than 

biochar, which explains why commercialized activated carbon is a more effective 

adsorbent than the wastewater-derived biochar.  

None of the isotherm models provided a good fit for the 300˚C biochar. Pyrolysis 

temperature can affect physical and chemical properties related to adsorption, resulting in 

differences in the biochar’s triclosan adsorption capacity. The poor isotherm fits for the 

300˚C biochar may be due to the lack of sorption caused by heterogeneity or low specific 

surface area (3.87 m2/g). Volatiles, such as py-oil, might be present at higher levels in 

biochar pyrolyzed at lower temperatures and may clog pores, thereby limiting available 

sorption sites. For 300˚C HCl-biochar, there was no change in capacity as equilibrium 

concentration increased. Thus, the adsorption sites on the 300˚C HCl-biochar were likely 

initially saturated with residual organic matter, thereby severely limiting the triclosan 

adsorption capacity. This suggests that pyrolysis temperatures above 300˚C are needed to 

produce biochar for use as a micropollutant adsorbent. 
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4.3.4 Adsorption performance using low chemical concentrations 

While activated carbon has higher adsorption capacity compared to biochars at 

high equilibrium concentrations, it does not differ significantly from the biochars at low 

equilibrium concentrations (ANOVA, p=0.0748). Figure 4.4 shows that at lower 

equilibrium concentrations, the isotherms appear to converge, which indicates that similar 

capacities may be observed for all of the biochars as well as activated carbon. Although 

testing with high triclosan concentrations in Milli-Q water gives an idea of the influence 

of solution pH and pyrolysis temperature on adsorption mechanisms, concentrations in 

actual WRRF effluents would likely be in the range of 0.02 µg/L to 20 µg/L (Foran et al., 

2000; Ying and Kookana, 2007). As shown in Figure 4.5, when an initial concentration of 

approximately 20 µg/L triclosan was used, there was no significant difference between 

adsorption capacity of the HCl-biochars produced at 300-800˚C or activated carbon 

(ANOVA, p=0.07). This result is significant in that for practical use at environmental 

levels of triclosan, biochar produced on-site at lower temperatures could perform as well 

as activated carbon.  
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Figure 4.5 Comparison of adsorption capacities of HCl-biochar pyrolyzed at 300˚C, 
500˚C, 700˚C, and 800˚C, and activated carbon. Triclosan was spiked at 20 µg/L, and the 
solution pH was 7. Error bars represent standard deviation of triplicate experiments.  

4.3.5 Triclosan adsorption on biochar in treated secondary effluent 

Acid-treated biochar was tested in secondary treated municipal wastewater 

effluent to investigate the feasibility of triclosan adsorption in a complex matrix. For the 

same amounts of sorbent and triclosan, the triclosan removal rate decreased from 

70±10% in Milli-Q water to 32±5.0% in wastewater effluent. The triclosan adsorption 

capacity in wastewater effluent was 239±42 µg/g biochar, as compared to 518±49 µg/g 

biochar in Milli-Q water (Figure 4.4). The suppression effect of the wastewater matrix 

was expected due to the co-existence of TSS and organic constituents, which were 

present in higher concentrations relative to the triclosan (Appendix 4G, Table 4G). In 

control experiments where no biochar was added, triclosan concentrations were similar 

before and after the experiment, indicating minimal adsorption to the wastewater solids. 
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It is likely that the organic matter in the wastewater sorbed to the biochar and reduced 

available sites for triclosan to sorb on the biochar. Future work should focus on 

developing a mechanistic understanding of adsorption competition due to complex 

wastewater matrices, thereby providing a means to improve the selectivity of biochar for 

target micropollutants. 

4.4 Conclusions 

This work demonstrated that acid-conditioned (HCl) biosolids-derived biochar 

could be a suitable alternative to activated carbon for removing triclosan, a pervasive 

micropollutant, from water at near-neutral pH. Preconditioning of the biochar using acid 

was essential for triclosan adsorption. One practical limitation of using HCl to condition 

the biochar as a sorbent may be the cost of chemical inputs. Pyrolysis temperature of 

biosolids has an influence on the biochar’s physical properties, such as pore radius, pore 

volume and surface area. The hypothesis of increasing pyrolysis temperature improving 

triclosan adsorption matches the result. While acid preconditioning was necessary for 

triclosan adsorption, high pyrolysis temperatures do not appear to be necessary for 

production considering the low triclosan concentrations commonly encountered in 

environmental applications.  

Biochar characterization indicated that adsorption may occur mainly due to high 

surface area, hydrophobicity, and potential interaction between biochar and triclosan 

functional groups including hydrogen bonding and π-stacking. This research indicated 

that biosolids-derived biochar is a suitable sorbent for hydrophobic, neutral organic 

micropollutants. Additional research should be conducted to evaluate biosolids-derived 
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biochar as a sorbent for other compounds with varied hydrophobicity and cationic 

compounds. 
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5 ESTIMATION OF THERMODYNAMIC PROFILES FOR ADSORPTION OF 
ORGANIC MICROPOLLUTANTS TO BIOSOLIDS-DERIVED BIOCHAR  
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5.1 Introduction 

Increasing world population and anthropogenic activities generate more severe 

water utilization problems, including scarcity of freshwater resources and the threat of 

emerging contaminants to water quality. Organic micropollutants, including 

pharmaceuticals, hormones, antimicrobials, etc. that are discharged into natural and 

engineered systems are among those emerging contaminants. Low concentrations (ng/L 

to µg/L) of organic micropollutants in the environment do not pose acute toxicity, but the 

long-term impact can disturb aquatic ecological balance (Vajda et al., 2011). They may 

also induce antibiotic resistance in bacteria in natural and engineered environments 

(Carey et al., 2016; Schwarzenbach et al., 2006), which may potentially pose human 

health risks. One of the major sources of organic micropollutants is municipal WRRF 

discharge (Blair et al., 2013; Phillips et al., 2012; Servos et al., 2005) due to the lack of 

complete removal in conventional biological wastewater treatment processes.   

The adsorptive behavior of organic micropollutants on solid materials can 

facilitate their removal from wastewater. One such practice is the use of solid adsorbents 

as a tertiary polishing step to remove organic micropollutants. Compared to advanced 

oxidation, UV treatment, and reverse osmosis, removal of micropollutants via adsorption 

through a packed filter bed can have lower capital and operating costs (Carballa et al., 

2007; Manda et al., 2014). Biochar (pyrolyzed carbonaceous material) has demonstrated 

an ability to retain organic micropollutants via adsorption, giving it the potential to serve 

as an alternative adsorbent to commercial activated carbon for wastewater treatment 

(Ahmad et al., 2013; Jung et al., 2013; Wang et al., 2015). Using the biosolids produced 

during wastewater treatment as the feedstock to produce biochar for use as an adsorbent 
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has inherent advantages for WRRF due to on-site accessibility and the necessity of waste 

disposal.  

To better understand the effectiveness of adsorption, quantitative methods to 

characterize adsorption equilibrium, including isotherms and thermodynamic profiles, are 

needed. Isotherm equations predict adsorption capacities on solid phases at different 

equilibrium aqueous-phase concentrations at a constant temperature. The distribution 

constant, K, in isotherm expressions (such as KL for the Langmuir isotherm model and Kf 

for the Freundlich isotherm model) is susceptible to change when the temperature 

changes, as described by the thermodynamic equilibrium constant (Kc=exp (-∆G0/RT)). 

This underlying thermodynamic basis for isotherm modeling enables experimental 

derivation of critical thermodynamic parameters of adsorption, including isosteric heat, 

standard enthalpy, entropy and free energy change of adsorption.  

Isosteric heat of adsorption is the differential heat of adsorption at a fixed surface 

loading (or adsorption capacity) at equilibrium. Variation in isosteric heat with surface 

loading indicates surface energy heterogeneity. Changes in enthalpy (ΔH) provide 

information regarding the adsorption mechanism. For weak intermolecular forces (e.g., 

H-bonding or π-interactions), the change in enthalpy is much less than that for stronger 

chemical adsorption (which is usually on the order of hundreds of kJ/mol) (Chowdhury et 

al., 2011; Thomas, 1961), wherein covalent bonds are formed. The thermodynamic 

parameters were estimated in some research that used plant-derived biochars (Lian et al., 

2014; Mahmoud et al., 2012; Vithanage et al., 2016). For example, Vithanage et al (2016) 

reported that for carbofuran’s adsorption on tea waste-biochar, the negative total free 

energy change reflected that adsorption did not need external energy input. The enthalpy 
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change was -46 kJ/mol, indicating the exothermic nature of the adsorption and weak 

physical interaction.  However, little is known about the thermodynamic profile for 

micropollutant adsorption to biosolids-derived biochar. Knowledge of adsorption 

thermodynamic parameters briefly provide insight into the spontaneity of adsorption, the 

adsorption mechanisms, and the adsorbent surface properties.  

The objective of this research was to generate thermodynamic adsorption profiles 

for a suite of micropollutants onto biosolids-derived biochar to assist in characterizing the 

spontaneity of adsorption, the adsorption mechanisms, and the adsorbent binding affinity 

for the target micropollutants. Bench-scale batch experiments were conducted to address 

the following specific research objectives: 1) assess the impact of reaction temperature on 

biochar adsorption, 2) ascertain the thermodynamic profile of biochar adsorbing a suite of 

micropollutants through experimental approaches, and 3) evaluate the impact of 

competitive adsorption on micropollutant adsorption. The micropollutants selected for 

this study were carbamazepine (CBZ), 17β-estradiol (E2), 17α-ethinylestradiol (EE2) and 

triclosan (TCS), all of which are frequently detected in treated wastewater effluents 

( Blair et al., 2013; Monsalvo et al., 2014). In circumneutral pH wastewater, these 

contaminants are neutral molecules with varied hydrophobicity. 

Benzyldimethylammonium chloride (BAC-C10), which is an organic quaternary 

ammonium salt, was also studied as a representative cationic micropollutant. It was 

hypothesized that 1) biosolids-derived biochar could adsorb neutral and cationic 

micropollutants; 2) increasing temperature positively impacts biosolids-derived biochar 

adsorption capacity; 3) the adsorption capacity, binding affinity and entropy change have 

positive correlations with micropollutant polarity and hydrophobicity; and 4) competitive 
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adsorption will decrease adsorption of each individual micropollutant, but the 

competition will not alter binding affinity and entropy change.  

5.2 Materials and Methods 

5.2.1 Biosolids-derived biochar production and pre-conditioning  

A heat-dried blend of anaerobically digested primary solids and waste activated 

sludge produced by the Milwaukee Metropolitan Sewage District (MMSD) in 

Milwaukee, WI, was used as pyrolysis feedstock. The feedstock was pyrolyzed to 

produce biochar in accordance with the method specified in Chapter 3: heating to 

600 °C, followed by HCl acid conditioning to reduce ash and increase surface area, as 

shown in Chapter 4. The dried biochar particles were sieved (No. 16 in mesh) to 

approximately 1.36 mm in diameter for use in subsequent adsorption experiments.  

5.2.2 Adsorption batch experiments 

Benzyldimethyldecylammonium chloride (BAC-C10, 97%, Sigma Aldrich, St. 

Louis, MO), carbamazepine (CBZ, 97%, Sigma Aldrich, St. Louis, MO), 17β-estradiol 

(E2, 97%, Sigma Aldrich, St. Louis, MO), 17α-ethynylestradiol (EE2, 97%, Sigma 

Aldrich, St. Louis, MO) and triclosan (TCS, 97%, Sigma Aldrich, St. Louis, MO) were 

pre-dissolved in HPLC-grade methanol for use as feedstock solutions. Feedstock 

solutions were prepared by adding each micropollutant individually (or as a mixture of all 

micropollutants for multi-solute experiments) into Milli-Q water to achieve an 

approximate concentration of 1000±100 µg/L of each micropollutant. The volumetric 
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ratio of methanol stock to water was below 0.5% to negate co-solvent effects 

(Schwarzenbach et al., 2005). Water pH was adjusted to 7 using HCl and NaOH. 

Triplicate batch adsorption tests were conducted in silanized 50 mL serum bottles 

to develop isotherms for the target micropollutants at a range of temperatures. The 

experimental temperature was maintained at 4, 25, 35 or 50˚C (277, 298, 308 or 323 K). 

Biosolids-derived biochar was dosed at 0.12 g/L, 0.2 g/L, 0.8 g/L, 2 g/L, or 2.4 g/L to 

produce each set of isotherms. The serum bottle reactors were mixed end-over-end using 

a Cole-Parmer (IL, USA) Roto-Torque Variable Speed Rotator. The bottles were mixed 

for 48 hours to provide sufficient time to reach equilibrium, in accordance with Chapter 

4. Water samples were collected from the serum bottles and filtered using 0.45 μm PTFE 

syringe filters (Agela Technologies, Wilmington, DE) prior to subsequent micropollutant 

analysis using a Shimadzu LC-MS-2020 (method details are provided in Appendix 5A).  

5.2.3 Data analysis  

The adsorption capacity of each micropollutant on biochar (Qe, μg/g biochar or 

mol/g biochar) was calculated using eq. 5.1:  

�� = (#Z<#O)×a
`   eq. 5.1 

where C0 is the initial concentration of micropollutant (μg/L), Ce is the 

concentration at equilibrium (μg/L or mol/L), V is the volume of solution (L), and M is 

the mass of the adsorbent (g). The Qe and Ce values were used to fit isotherm curves. 

Isotherms were developed to estimate thermodynamic parameters of 

micropollutant adsorption on the biochar. The isosteric heat of adsorption (∆J��) for a 
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given surface loading, Qe, was derived from the Clausius-Clapeyron equation (eq. 5.2) 

using a plot of ln(Ce) versus 1/T to obtain the slope: 

∆J�� = L �(26#O)
�(� P⁄ ) R

�O
eq. 5.2 

where ΔHst is the isosteric heat of adsorption (kJ/mol), R is the ideal gas constant 

(J/mol⋅K), Ce is the aqueous-phase concentration at equilibrium (mol/L) and T is 

temperature (K). One linear curve is also denoted as an isostere.  

The enthalpy (∆H0) and entropy change (∆S0) of adsorption were estimated using 

the van’t Hoff equation, as shown in eq. 5.3: 

MN"X = − ∆YZ

[P + ∆*Z

[   eq. 5.3 

where Kc is the thermodynamic equilibrium constant, which is related to, but not 

exactly the same as, the isotherm constant, K (Tran et al., 2017). eq. 5.4 can be used to 

derive Kc from the Freundlich constant, Kf: 

"X = .bc
�GGG ��Gd

c �
�<6

eq. 5.4 

where n is a Freundlich constant, and e is the density of pure water (1 g/mL) 

(Ghosal and Gupta, 2015). The thermodynamic constant Kc can be obtained from linear 

isotherm constant K (L/g) by a factor of 1,000 g/L (Milonjić, 2007). A linear curve can 

be obtained by plotting ln(Kc) versus 1/T. The enthalpy change can be estimated from the 

slope, and the entropy change can be estimated from the y-axis intercept (eq. 5.3).   

The free energy change of adsorption (∆G0) was estimated using eq. 5.5: 

∆IG = −LKMN"# eq. 5.5 

Linear regression, correlation, non-linear fitting and significance of difference 

analysis were performed using GraphPad Prism 6 (La Jolla, CA, USA). 
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5.3 Results and Discussion 

5.3.1 Single-solute adsorption equilibrium and the impact of temperature 

The adsorption capacity (or surface loading, Qe) versus equilibrium concentration 

in a single-solute aqueous phase for the target compounds was fit to the commonly used 

Freundlich, Langmuir and linear isotherms for trace amount micropollutant adsorption. 

The BAC-C10, CBZ, and EE2 isotherms showed strong linearity (low n values) (Figure 

5.1, Appendix 5B, Table 5B). The E2 and TCS isotherms demonstrated non-linear 

adsorption; therefore, only the Freundlich and Langmuir isotherms were compared for 

adsorption equilibrium of these two compounds. In general, the Freundlich isotherm has 

higher R2 values, therefore, it provides a better fit than the Langmuir isotherm.  
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Figure 5.1 Adsorption isotherms for A) BAC-C10, B) CBZ, C) E2, D) EE2, and E) TCS 
at 4, 25, 35, and 50˚C (277, 298, 308 and 323 K, respectively). The adsorption 
equilibrium of each compound was obtained in a single-solute batch-mode adsorption 
system. The data represent average results and error bars show ±1 standard deviation of 
triplicate experiments. Some error bars are small and not visible. 

 

For the aqueous-phase concentration range tested, BAC-C10 and CBZ had much 

lower equilibrium Qe values than E2, EE2 and TCS, indicating poorer adsorption under 

these conditions. The BAC-C10 molecule has a hydrophobic hydrocarbon chain linked to 

a positively charged nitrogen atom that is also bonded to a benzyl group (Table 5.1) 

(Martínez-Carballo et al., 2007). The existence of both hydrophobic (benzene) and 
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hydrophilic (N-benzyl group) moieties defines the amphiphilic nature of BAC-C10 as a 

surfactant. The molecules in bulk aqueous phase tend to form aggregates, i.e., micelles, 

with hydrocarbon chains pointing towards the center and the hydrophilic heads in contact 

with the surrounding water. Since biosolids-derived biochar has a slightly negative 

charge (as shown in Chapter 4), the low adsorption capacities of BAC-C10 could be 

attributed to the combined effect of both the hydrophilic and cationic nature of the 

micelles. Among the tested neutral compounds, CBZ has the lowest logKow and the 

highest solubility in water (Table 5.1), which could explain its low adsorption capacities. 
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Table 5.1 Physical and chemical properties of the micropollutants in this study. Property 
data were adapted from PubChem and ChemSpider 

Compound Molecular Structure pKa log 
Kow 

Aqueous 
solubility 
mg/L 

Polarity 

BAC-C10 N/A N/A ≥10000 polar 

CBZ 

 

13.9 2.45 112 polar 

E2 

 

10.8 3.94 3.6 non-polar 

EE2 

 

10.3 3.67 11.3 moderately 
polar 

TCS 

 

7.9 4.76 10  non-polar 

 

Interestingly, the degree of linearity of the adsorption isotherm was related to the 

compound polarity. TCS and E2, with non-linear adsorption, are nearly non-polar 

(Petersen, 2015; The Human Metabolome Database). The compounds with linear 

adsorption isotherms, BAC-C10, CBZ and EE2, are more polar molecules. One 

explanation for this trend is that when organic compounds are present at low 

concentrations (< mg/L), biochar exhibits linear adsorption on its more polar amorphous 

organic matter fraction and non-linear uptake on the non-polar charred fractions (Chen et 
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al., 2008, 2012; Lehmann and Stephen, 2009). Linear adsorption on the amorphous 

fraction of biochar is relatively weaker (lower affinity) than non-linear adsorption on the 

char fraction (Lehmann and Stephen, 2009), which should be reflected in the enthalpy 

change of adsorption.  

In general, increasing temperature increased the distribution constant, K, of both 

the Freundlich and linear isotherms (Appendix 5B, Table 5B). For the same equilibrium 

aqueous-phase concentration, higher temperature favors greater adsorption and stronger 

affinity of the target compounds on the biochar, indicating more energy input required for 

these reactions. This indicates that adsorption of organic micropollutants from water onto 

biosolids-derived biochar is endothermic. Estimation of enthalpy change can 

quantitatively establish the endothermic nature of this adsorption process.        

5.3.2 Estimation of thermodynamic parameters for single-solute adsorption 

The estimated isosteric heat of adsorption for each compound in a single-solute 

system at different surface loadings, Qe (mmol/g biochar), is shown in Figure 5.2. The 

linear curves of ln(Ce) over 1/T (isosteres) at varied surface loadings are shown in 

Appendix 5C, Figure 5C. The calculated isostere parameters are shown in Table 5C. As 

all isosteric heat values were positive, adsorption of organic micropollutants from the 

aqueous phase onto biosolids-derived biochar was an endothermic process. Endothermic 

adsorption is rare for gas/carbonaceous solid adsorption systems (Thomas, 1961), but is 

often observed for aqueous/carbonaceous solid adsorption systems (Chen et al., 2012; 

Fontecha-Cámara et al., 2006; Srivastava et al., 2007).  

The endothermic nature of adsorption may be due to 1) overcoming interactions 

with water molecules, in the case of weak physical adsorption, or 2) the formation of 
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covalent bonds during chemical adsorption. In the case of aqueous-phase adsorption, 

heat-consuming endothermic physical adsorption can occur if water molecules interact 

with the adsorbate or adsorbent, and these interactions must be overcome before the 

adsorbate can adhere on the adsorbent. The heat-consuming steps that must be overcome 

can include adsorbate diffusion in the water matrix, which has to break hydrogen bonds 

formed among water molecules (Fontecha-Cámara et al., 2006); adsorbate diffusion in 

adsorbent pores (Anirudhan and Radhakrishnan, 2008; García-Araya et al., 2003); and 

the adsorbate replacing pre-adsorbed water molecules, which also needs heat input to 

break hydrogen bonds between water molecules and the adsorbent. Alternatively, if the 

formation of covalent bonds is the dominant mechanism, the absolute value of the change 

of enthalpy should be on the order of 102 kJ/mol (Chowdhury, 2003; Thomas, 1961).  



130 
 

 

 

 

Figure 5.2 Isosteric heat change (ΔHst) as a function of surface loading (Qe) for A) BAC-
C10, B) CBZ, C) E2, D) EE2 and E) TCS in a single-solute adsorption system. The data 
represent average results and error bars show ±1 standard deviation of triplicate 
experiments. 

The average values of isosteric heat decreased as the adsorbate surface loading 

increased. Isosteric heat is associated with adsorption site binding affinity for a given 

surface loading. Thus, the decreasing trend of isosteric heat suggests that, at low surface 

loading, high-affinity adsorption sites were initially occupied, absorbing more heat. Low-
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affinity adsorption sites that required less heat input bound the adsorbate as the surface 

coverage gradually increased. Biosolids-derived biochar therefore features heterogeneous 

binding sites capable of adsorbing the study compounds (Srivastava et al., 2007).  

More drastic changes in isosteric heat distribution across the surface loading 

range were observed for E2 and TCS, which agrees with the non-linearity of their 

adsorption isotherms. The Freundlich parameter n is an indicator of binding affinity 

distribution on an adsorbent surface. When n is less than 1, the binding affinity changes 

more drastically across the adsorbent surface (Benjamin and Lawler, 2013). As 

previously mentioned, linear adsorption of polar compounds on the amorphous fraction 

of biochar is usually characterized by weaker affinity. The linear adsorption explains the 

lower isosteric heats of BAC-C10 and CBZ than those of E2 and TCS. The isosteric heat 

of EE2 decreased sharply for low surface loading, but the rate of change slowed as 

surface loading increased. The isosteric heat change could stem from EE2 being less 

polar compared to BAC-C10 and CBZ, which allowed a fraction of the molecules to 

adsorb on biochar’s heterogeneous fraction, while the majority of the EE2 molecules 

exhibited less heterogeneous linear adsorption.  

The Gibbs free energy, enthalpy and entropy change of single-solute adsorption 

are related to the thermodynamic equilibrium constant Kc via the van’t Hoff equation 

(Appendix 5D, Figure 5D). The experimentally-derived values are shown in Table 5.2. 

The estimated total enthalpy changes (which signify the total binding energy per unit of 

adsorption) for the micropollutants were all positive, demonstrating the endothermic 

nature of their adsorption from the aqueous phase onto biosolids-derived biochar. 

Adsorption enthalpy changes were one order of magnitude less than the realm of 
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chemisorption, indicating the dominant role of non-covalent binding for physical 

adsorption. Among the tested compounds, those characterized by linear adsorption, BAC-

C10, CBZ and EE2, experienced less change in enthalpy (12.2, 8.3 and 11.7 kJ/mol, 

respectively) in comparison to E2 and TCS (48.9 and 81.4 kJ/mol), which were better 

characterized by non-linear adsorption.  

The entire process for solutes diffusing and adsorbing onto sites was spontaneous, 

as demonstrated by the negative change in Gibbs free energy. The compounds in the 

adsorbed state had more entropy than compounds in the dissolved state, as demonstrated 

by the positive ∆S0 value. The positive ∆S0 value denotes the existence of non-specific 

hydrophobic interactions between the organic molecules or micelles and the biochar 

surface; these non-specific interactions are often associated with a gain in entropy (Chen 

et al., 2012; Meyer et al., 2006). For the neutral compounds CBZ, E2, EE2 and TCS, the 

increase in entropy (∆S0) positively correlated with the hydrophobicity parameter, logKow 

(correlation coefficient=0.8) 
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Table 5.2 Experimentally derived changes in Gibbs free energy (∆G0), enthalpy (∆H0) 
and entropy (∆S0) for adsorption of micropollutants under single-solute conditions 

Compound Temperature K ∆G0 kJ/mol ∆H0 
kJ/mol 

T∆S0 
kJ/mol 

∆S0 
J/mol/K 

BAC-C10 277 -14.2 12.2 25.6 93.0 
298 -14.6 27.7 
308 -16.3 28.6 
323 -18.6 30.0 

CBZ 277 -14.7 8.3 22.9 82.8 
298 -16.6 24.4 
308 -16.8 25.3 
323 -18.7 26.5 

E2 277 -17.4 48.9 64.3 232.3 
298 -12.8 69.1 
308 -28.9 71.5 
323 -25.6 75.0 

EE2 277 -17.6 11.7 29.4 106.7 
298 -20.6 31.6 
308 -21.1 32.6 
323 -22.5 34.2 

TCS 277 -15.6 81.4 96.7 349.3 
298 -18.1 104.0 
308 -33.8 107.5 
323 -28.3 112.7 

 

5.3.3 Multi-solute adsorption equilibrium and thermodynamic profile 

As was the case for single-solute conditions, the Freundlich isotherm provided a 

better fit for E2 and TCS (Figures 5.2C and 5.2E, respectively), while the linear isotherm 

provided a better fit for BAC-C10, CBZ and EE2 (Figures 5.2A, 5.2B and 5.2D, 

respectively) adsorption in multi-solute conditions. In general, for multi-solute 

conditions, temperature increased adsorption of the micropollutants, except for BAC-C10 

at low temperatures. Also, BAC-C10 had low Qe values and poor fit for linear isotherms 

at 4˚C and 25˚C. The poor isotherm fits and negligible impact of low temperatures on 

BAC-C10 adsorption could result from decreased adsorption stemming from competition 
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from other compounds. For the temperatures tested, EE2 adsorption in multi-solute 

conditions was inhibited, as shown by the significant decrease in the linear distribution 

coefficient (p<0.05). The E2 multi-solute isotherm parameters also differed from the 

single-solute isotherms, with a significantly lower Freundlich constant Kf (p>0.05). TCS 

was a stronger competitor for adsorption sites than EE2 and E2. Past research attributed 

the different competitive behaviors to the hydrophobicity of the competitor compounds 

(Wang et al., 2006; Yu and Huang, 2005). The higher the hydrophobicity of the 

competitor, the stronger the competition (Pan and Xing, 2010; Yu and Huang, 2005). 

Not all compounds experienced suppressed adsorption due to competition in the 

multi-solute conditions (Appendix 5F, Table 5F). For CBZ and TCS, adsorption was not 

significantly altered by multi-solute competition at the tested temperatures (ANOVA, 

p>0.05). The competitive behavior of CBZ could be attributed to their higher polarity 

based on Chiou and Kile's study that showed that a polar solute (atrazine) strongly 

suppressed nonlinear sorption of a non-polar solute (trichloroethylene). 
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Figure 5.3 Multi-solute system adsorption isotherms of A) BAC-C10, B) CBZ, C) E2, D) 
EE2, and E) TCS at 4, 25, 35, and 50 oC (277, 298, 308 and 323 K, respectively). The 
data represent average results and error bars show ±1 standard deviation of triplicate 
experiments. Some error bars are small and not visible. 

 
Competitive adsorption did not change the endothermic nature of adsorption and 

the heterogeneous distribution of binding sites on the biochar’s surface according to the 

change in isosteric heat with surface loading plots (Figure 5.4). Negative Gibbs free 

energy changes still indicate the spontaneity of competitive adsorption for the 

temperatures tested (Table 5.3).  

Comparison of the van’t Hoff curves (Appendix 5H, Figure 5H) showed that the 
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total enthalpy and entropy changes for all compounds were not significantly altered by 

competitive adsorption in multi-solute conditions (Appendix 5I, Table 5I, p>0.05), even 

though multi-solute competition decreased some adsorption capacities, to differing 

extents. The binding energy (enthalpy change) and extent of disorder (entropy change) 

are inherent thermodynamic properties of a reaction and are closely related to the 

thermodynamic equilibrium constant. Accordingly, only changes in reaction activation 

energy or physical states of the adsorbent and adsorbate can impact thermodynamic 

properties of adsorption (Michaelides et al., 2003).  
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Figure 5.4 Isosteric heat change (ΔHst) with surface loading (Qe)for A) BAC-C10, B) 
CBZ, C) E2, D) EE2 and E) TCS, in multi-solute conditions. The data represent average 
results and error bars show ± 1standard deviation of triplicate experiments. 
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Table 5.3 Experimentally derived changes in Gibbs free energy (∆G0), enthalpy (∆H0) 
and entropy (∆S0) for micropollutant adsorption under multi-solute conditions. 

Compound Temperature K ∆G0 kJ/mol ∆H0 
kJ/mol 

T∆S0 
kJ/mol 

∆S0 

J/mol/K 
BAC-C10 277 -14.8 7.7 22.5 81.1 

298 -16.2 24.2 
308 -17.5 25.0 
323 -16.6 26.2 

CBZ 277 -14.6 4.2 17.9 64.7 
298 -13.5 19.3 
308 -15.1 19.9 
323 -18.0 20.9 

E2 277 -20.7 52.0 71.4 257.7 
298 -21.0 76.8 
308 -29.4 79.4 
323 -31.9 83.2 

EE2 277 -14.9 14.3 29.42 106.2 
298 -18.1 31.6 
308 -18.2 32.7 
323 -19.8 34.3 

TCS 277 -14.0 89.9 104.5 377.5 
298 -23.8 112.5 
308 -27.4 116.2 
323 -30.8 121.9 

 

5.4 Conclusion 

This research demonstrated that biosolids-derived biochar adsorbed neutral 

micropollutants and the cationic compound BAC-C10, albeit to differing extents. More 

polar compounds such as BAC-C10 and CBZ exhibited more linear adsorption with 

higher Freundlich isotherm n values, indicating weak interactions with the more polar 

amorphous moieties of biochar. The neutral micropollutants’ hydrophobicity positively 

affected their extent of adsorption. Accordingly, the most hydrophobic compound tested, 

TCS, had the highest adsorption capacity under the experimental conditions. The 

estimation of the thermodynamic parameters of adsorption indicated that all of the 
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adsorption reactions were endothermic. Therefore, heat input had a positive impact on the 

adsorption, implying that biochar will work better as wastewater temperature increases. 

Moreover, the thermodynamic parameters indicated heterogeneity in adsorption site 

distribution on the biochar surface, which is expected for biochar derived from a 

heterogeneous feedstock (wastewater biosolids). The underlying binding mechanism for 

neutral compounds could potentially be dominated by non-specific hydrophobic 

interactions based on the positive correlation between change in entropy and log Kow. 

Under multi-solute conditions, E2 and EE2 adsorption was suppressed, while TCS 

adsorption was unaffected, indicating biosolids-derived biochar’s preference for 

adsorption of more hydrophobic compounds. The adsorption of CBZ was essentially 

unaffected under multi-solute condition due to the competitive effect of more polar 

molecules. Parameters reflecting thermodynamic properties, such as binding energy and 

entropy change of adsorption, were not affected by the presence or absence of other 

solutes in the matrix.  

Studying the impact of temperature and the thermodynamic profile of adsorption 

is beneficial for understanding the binding mechanism and limiting factors, such as 

diffusion and temperature, for adsorption on biosolids-derived biochar. For future 

research, quantitative correlations between biochar’s surface properties and the binding 

energy are needed, which would be beneficial in guiding engineering process design to 

most effectively remove micropollutants from contaminated water matrices.      
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6 BIOSOLIDS-DERIVED BIOCHAR ADSORPTION TO REMOVE 
MICROPOLLUTANTS PRIOR TO ION EXCHANGE FOR NUTRIENT 
RECOVERY COUPLED  
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6.1 Introduction 

The role of water resource recovery facilities (WRRFs) has advanced beyond a 

sole focus on treating wastewater, and now encompasses recovery of value-added 

products as well. For instance, anaerobic treatment processes such as anaerobic 

membrane bioreactors have been investigated for their ability to treat wastewater (i.e., 

remove biochemical oxygen demand [BOD5] and suspended solids) while producing 

energy in the form of biogas (McCarty et al., 2011; Seib et al., 2016) and reducing sludge 

production (Mota et al., 2013). However, the effluent from anaerobic treatment processes 

contains high ammonia nitrogen (NH4-N) and inorganic orthophosphate (PO4-P) that may 

necessitate additional treatment to meet stringent discharge regulations (Wisconsin DNR, 

2010). The nutrient-rich effluent from anaerobic treatment is a potential resource from 

which to recover nitrogen and phosphorus. Nutrient recovery from wastewater could help 

close anthropogenic nutrient loops by supplementing supplies of phosphate mined from 

depleting natural reserves and nitrogen produced via the energy-intensive Haber-Bosch 

process (Mayer et al., 2016). 

Ion exchange-precipitation is one technique that can be used to remove and 

concentrate nitrogen and phosphorus from wastewater and recover the nutrients in the 

form of solid fertilizer products, e.g. struvite (MgNH4PO4). Clinoptilolite, which is a 

natural zeolite, can effectively exchange ammonium (Williams et al., 2015). LayneRT 

(Layne Christensen, The Woodlands, TX) is a commercial hybrid anion exchange resin 

which provides strong ligand adsorption of orthophosphate (the most common form of 

phosphorus in nutrient-rich anaerobic effluent (Seib et al., 2016)) via hydrated ferric 

oxide (HFO) nanoparticles impregnated in a strong base anion exchange polymer 
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(Sengupta and Pandit, 2011). Regeneration of these ion exchangers is conducted using 

highly concentrated brines, which results in desorption of ammonium and phosphate into 

a concentrated brine solution that can subsequently be used for precipitation of nutrient-

rich solids suitable for reuse as fertilizer.  

In addition to valuable nutrients, anaerobic effluent may also contain a mixture of 

potentially harmful micropollutants. For instance, the extent of removal for 

antimicrobials such as triclosan, antibiotics such as sulfamethoxazole, and estrogens is 

inconsistent through anaerobic treatments, but tends to be low (Alvarino et al., 2014; de 

Mes et al., 2008; Hruska and Franek, 2012; Malmborg and Magnér, 2015; Monsalvo et 

al., 2014; Samaras et al., 2013). Recovering nutrients via ion exchange from anaerobic 

effluents that also contain micropollutants may result in subsequent problems. For 

instance, a wide range of micropollutants adsorb to polymeric ion exchangers, including 

estrone, ibuprofen, and sulfadiazine (Jiang et al., 2015; Neale et al., 2010). The tendency 

of micropollutants to  adsorb to ion exchangers may result in elevated concentrations of 

micropollutants in the regeneration brines (Neale et al., 2010). For the last step of solid 

fertilizer recovery, i.e., controlled struvite precipitation, studies have revealed that 

synthetic fragrances, 4-nonylphenols and tetracyclines in the feed water were present in 

the precipitated struvite crystals. Thus, strategies to mitigate the risks of micropollutants 

in the recovered nutrient products are needed.   

Micropollutant removal prior to nutrient recovery processes would mitigate these 

risks. Biochar, which has been shown to remove triclosan, bisphenol A, atrazine and 

sulfamethoxazole (Jung et al., 2013), could offer an effective means of adsorbing 

micropollutants to provide removal prior to ion exchange nutrient recovery. Among 
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applicable feedstocks that can be pyrolyzed to produce biochar, wastewater biosolids can 

provide benefits for WRRF management (Hadi et al., 2015). Specifically, municipal 

biosolids are centrally treated, which facilitates their use as a feedstock for biosolids-

derived biochar production followed by on-site utilization as an adsorbent material at 

WRRFs. Pyrolysis of dry biosolids can be a self-sustaining process since the by-products, 

py-gas and py-oil, can be used as energy sources to fuel the process (McNamara et al., 

2016).  

Use of biosolids-derived biochar as an initial step for separating micropollutants 

from nutrient-rich water prior to ion exchange for nutrient recovery was evaluated in this 

study. Two hydrophobic compounds, triclosan (TCS) and 17β-estradiol (E2), and one 

hydrophilic compound, sulfamethoxazole (SMX) were assessed. The research objectives 

were to: 1) determine the impact of ammonium and phosphate on micropollutant 

adsorption to biochar, 2) explore the feasibility for reusing spent biosolids-derived 

biochar using additional cycles of pyrolysis activation, and 3) conduct a mass distribution 

calculation on micropollutants and nutrients through a biochar-ion exchanger flow-

through column system. It was hypothesized that 1) nutrient ions present in water can 

promote micropollutant adsorption on biochar; 2) the functionality of spent biochar as an 

adsorbent can be recovered from pyrolysis; 3) biochar can retain the majority of 

micropollutants without removing nutrients, in the flow-through column system that 

incorporate biochar adsorption and ion exchange to recover nutrients. 
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6.2 Materials and Methods 

6.2.1 Biochar preparation/reactivation and batch adsorption experiments  

Biochar adsorption experiments were performed to determine the impact of 

nutrients on micropollutant adsorption to biochar. Additionally, experiments were 

performed to determine the suitability of reusing spent biochar following activation by 

pyrolysis. 

Biosolids-derived biochar was prepared using methods described in Chapter 4. 

Briefly, heat-dried biosolids from the Jones Island Water Reclamation Facility in 

Milwaukee, WI was used as the pyrolysis feedstock. The biosolids were heated in the 

absence of oxygen at 600˚C for 60 minutes in a furnace. The resulting biochar was acid 

treated using 1 N HCl, which has been shown to improve micropollutant sorption 

capacity to biochar in Chapter 4. To reactivate biochar after one cycle of sorption 

experiments, spent biochar (biochar used in a previous sorption experiment) was dried in 

a desiccator for 1 week and pyrolyzed at 600˚C in a furnace for 60 minutes. The 

reactivated biochar was not acid treated. The reactivated biochar was used to conduct a 

second cycle of adsorption tests. 

The batch adsorption tests were performed in Milli-Q water with 40 mg-N/L as 

NH4Cl and 5 mg-P/L as K2HPO4 to mimic plausible nutrient levels in mainstream 

anaerobic effluents (Seib et al., 2016; Williams et al., 2015). The micropollutants TCS 

(97%, Sigma Aldrich, St. Louis, MO, USA), E2 (98%, Sigma Aldrich, St. Louis, MO, 

USA) and SMX (Sigma Aldrich, St. Louis, MO, USA) were pre-dissolved in HPLC-

grade methanol and stored at 4°C for use as stock solutions. The feed water was injected 
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with the stock solution to yield approximately 350 µg/L each of TCS, E2 and SMX. The 

micropollutant concentrations for batch tests were higher than in actual anaerobic 

effluents (Alvarino et al., 2014; Monsalvo et al., 2014) so that micropollutant adsorption 

capacities could be determined via liquid chromatography-mass spectrometry (LC-MS; 

detection limits were in the low µg/L range). The pH of the feed water was adjusted to 7 

with NaOH. Biochar was mixed with the solutions at a dosage of 0.4 g/L. Sorption 

experiments lasted 4 days to ensure equilibrium was reached (Williams et al., 2015). 

Liquid samples were collected before and after experiments to quantify micropollutants 

and nutrients, as described in the 6.2.3 Analytical Methods section. 

6.2.2 Continuous flow-through column experiments  

Column adsorption experiments were conducted to determine the removal of 

micropollutants and nutrients from synthetic water solutions under continuous-flow 

through conditions, which more closely model real-world applications. All glassware was 

silanized using a 5% by volume dichlorodimethylsilane (99.5%, Sigma Aldrich, St. 

Louis., MO, USA) and 95% by volume heptane (99%, Sigma Aldrich, St. Louis, MO, 

USA) solution to prevent chemicals from adsorbing onto the glass surface.   

Downflow fixed-bed column experiments were conducted using 11 mm inner 

diameter, 60 cm long glass columns (Ace Glass Incorporated, Vineland, NJ, USA).  

Adsorption columns were operated at room temperature and fed by a peristaltic pump 

(Syringe Pump NE-9000G, New Era Pump Systems Inc., Farmingdale, NY, USA) 

programmed at a constant 10 mL/min volumetric flow rate.  

The columns were packed with 12.7 cm adsorbents in depth, between two 

supporting layers of glass wool and glass beads. As shown in Figure 6.1, column 
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configuration consisted of three adsorption columns operated in series with the first 

column packed with six grams of biosolids-derived biochar adsorbent targeting removal 

of the target micropollutants (E2, TCS, and SMX). The effluent from the biochar column 

was collected in a glass beaker, which was used as the influent for the second column. 

The second column was packed with six grams of LayneRT resin, an anionic resin, which 

was used to selectively remove phosphate from solution. The third column was packed 

with six grams of clinoptilolite, a cationic ion exchanger, which was used to selectively 

remove ammonium from solution.  Influent and effluent water samples were collected in 

glass amber vials and analyzed for micropollutants, phosphate, and ammonium.  

 

 

Figure 6.1 Experimental setup for flow-through column studies. Columns were arranged 
to sequentially remove micropollutants (MPs using biosolids-derived derived biochar), 
PO4

3- (using LayneRT ion exchange resin), and NH4
+ (using clinoptilolite ion exchange 

media).   

6.2.3 Analytical methods 

Micropollutants were quantified via online solid-phase extraction (SPE) with 

liquid chromatograph-mass spectrometry (LC-MS). An online SPE cartridge 

(Phenomenex, Torrance, CA, USA) was incorporated in the LC-MS system (LC-MS 

2020, Shimadzu, Columbia, MD, USA) to mitigate interference from the nutrients. All 
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samples were filtered through 0.45 µm PTFE filters. Prior to SPE, 13C-TCS, estrone (E1) 

and 13C-SMX were added as internal standards. Details of the analytical methods are 

similar with that in Chapter 4. Quality control parameters such as method detection limit 

and recovery were similar as described in Chapter 3. The standard phenate and ascorbic 

acid methods were employed to quantify NH4-N and PO4-P (APHA et al., 1998). Samples 

were measured in triplicate for quality assurance.  

6.2.4 Data analysis 

For batch experiments, the mass of nutrients or micropollutants adsorbed per mass 

of ion exchanger (Qe), was calculated using eq. 6.1: 

�� = (#Z<#O)×_
`   (eq. 6.1) 

 

where C0 is the initial concentration of NH4-N (mg/L), PO4-P (mg/L) or 

micropollutant (µg/L), Ce is the concentration at equilibrium, V is the volume of feed 

water (L), and M is the mass of biosolids-derived biochar (g).  

For column tests, the total input mass of micropollutants or nutrients (Minfluent) 

was calculated using eq. 6.2: 

f:6	2g�6� = �:6,1h�. × j0\ × � (eq. 6.2) 

where Cin, ave is the average influent concentration of NH4-N, PO4-P or 

micropollutants, top is the total column operation time, and Q is the flowrate. The total 

mass in each column’s effluent was estimated using eq. 6.3: 

∑ � × #Obb,DkB/#Obb,D
� × (j6/� − j6) ��

l8� (eq. 6.3) 

where n indicates the nth sampling point during operation (maximum of 12), Ceff is 

the effluent concentration of NH4-N, PO4-P or micropollutants for each column, tn is the 
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time when the nth sample was taken, andQ is the flowrate. Total mass removed by each 

column was calculated as the difference between influent and effluent masses (eq. 6.2-eq. 

6.3). The mass of compounds in the effluent from each column was considered to be the 

influent into the subsequent column, assuming no loss in tubing or columns, as 

demonstrated in previous column tests (Kimbell, 2017). The carbon usage rate (CUR) of 

biochar-derived biochar was calculated by dividing the mass of micropollutants removed 

in the biochar column by the total volume of solution passed through the column.  

Statistical analyses (t-test and Tukey’s multiple comparison test, α level = 5%) 

were conducted to test significance of differences using GraphPad Prism 6 (Graphpad 

Software, Inc., La Jolla, CA). 

6.3 Results and discussion 

6.3.1 Biochar as an adsorbent for micropollutants in the presence of nutrients 

In feed water containing 40 mg/L NH4-N and 5 mg/L PO4-P, micropollutants 

were successfully adsorbed onto biochar (Figure 6.2). Average mass adsorbed was 

approximately 330±73 µg TCS/g biochar, 572±20 µg E2/g biochar and 145±12 µg 

SMX/g biochar. For feed water containing micropollutants without nutrients, the average 

mass adsorbed for TCS, E2 and SMX was 215±42, 233±11 and 64±34 µg/g biochar, 

respectively. In both cases, less SMX adsorbed in comparison to TCS and E2. In pH 7 

solution, TCS and E2 are neutral molecules, while the majority of SMX is in the 

dissociated anionic form. Biosolids-derived biochar, as characterized in Chapter 4, had a 

slightly negative surface charge in water. Repellence between the biochar’s negative 

surface charge and anionic SMX could lead to lower SMX uptake compared to the 
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neutral TCS and E2 molecules. Removal of the neutral molecules may be attributed to 

hydrophobic interactions and intermolecular forces between compounds and biochar 

functional groups (Chapter 4 and 5). 

Interestingly, adding nutrient ions to the feed water increased micropollutant 

uptake, perhaps due to increasing ionic strength. Previous studies revealed similar 

relationships between ionic strength and adsorption of organic micropollutants to 

carbonaceous adsorbents. For example, Fontecha-Cámara et al. and Kim et al. observed 

that adsorption of herbicides and compounds in sunscreen from water onto activated 

carbon and biochar increased with higher ionic strength (Fontecha-Cámara et al., 2007; 

Kim et al., 2016). These results were attributed to compression of electrical double layers 

by adding salt, i.e. ammonium and phosphate salts. The thickness of the double layers 

surrounding both biochar and micropollutants was compressed by an increase in the ionic 

strength of the solution (Kim et al., 2016; Rashid et al., 1972). This allows 

micropollutants to more easily diffuse towards the biochar surface.  

Although the adsorption capacities of TCS, E2 and SMX on commercial activated 

carbon are orders of magnitude higher (> mg/g adsorbent) than biosolids-derived biochar 

(Behera et al., 2010; Çalışkan and Göktürk, 2010; Fukuhara et al., 2006), at the low 

micropollutant concentrations encountered in real wastewaters, biosolids-derived biochar 

could still be adequate for removing micropollutants (Chapter 4). An added benefit is the 

potential for on-site production of biochar at WRRFs. 
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Figure 6.2 Micropollutant (MP) mass adsorption per gram of biochar (BC; primary Y-
axis) and nutrient mass adsorption per gram of biochar (secondary Y-axis). The biochar 
concentration was 0.4 g/L. The bars represent average results and error bars show ±1 
standard deviation of triplicate experiments. 

 

The acid-treated biosolids-derived biochar did not efficiently adsorb phosphate or 

ammonium ions (Figure 6.2), with 0% removal of P and < 7% for N. The surface of this 

biochar is negatively charged as mentioned in Chapter 4; therefore, phosphate ions are 

likely repulsed. Generally, phosphate adsorption capacities for biochar derived from 

different feedstocks are low (Hale et al., 2013; Takaya et al., 2016). Certain feedstocks 

that are modified with, or are intrinsically rich in, cationic metals such as magnesium can 

achieve phosphate adsorption due to ligand binding (Fang et al., 2014; Yao et al., 2011). 

The negligible phosphate adsorption observed in this study could be due to lack of this 

binding mechanism. Unlike phosphate ions that need metals to form ligand bonds, SMX 

has an aromatic moiety in its molecular structure and is able to form π-stacking on the 

biochar surface even though SMX was primarily in anionic form under these 

experimental conditions (Chapter 3). However, the repulsive effect of the biochar’s 

surface charge likely interferes with the approach of SMX ions, resulting in relatively low 

adsorption of SMX. The biochar in this batch test offered no effective adsorption of 
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ammonium ions, whereas other studies using wastewater biosolids as the pyrolysis 

feedstock have observed adsorption (Carey et al., 2015; Takaya et al., 2016). Differences 

in results may stem from different pre-wash strategies (acid wash versus base wash).  

6.3.2 Impact of biochar regeneration with pyrolysis  

Previous studies suggested that micropollutants were removed from the solid 

phase through pyrolysis (Hoffman et al., 2016; Ross et al., 2016). Thus, the spent 

biosolids-derived biochar was regenerated in a furnace at 600˚C. After each of two 

sequential regeneration cycles, the regenerated biochar was still capable of adsorbing 

micropollutants (Figure 6.3). The first regeneration cycle (denoted as “1-biochar”) 

increased biochar adsorption capacity for TCS, but there was no significant change in 

TCS adsorption capacities using biochars after the second regeneration (denoted as “2-

biochar”, Appendix 6A, Table 6A). For E2, the adsorption capacity of the pristine 

biochar (denoted as “0-biochar”) and 2-biochar were essentially the same, whereas the 1-

biochar was significantly higher. This indicates that regeneration of biochar did not 

substantially influence E2 adsorption. However, for SMX, regenerated biochar adsorption 

capacities were lower than 0-biochar, with no significant decrease in SMX adsorption 

capacity after multiple regeneration cycles. The results imply that using pyrolysis to 

regenerate spent biochar is effective for multiple cycles. The wide variation in the 

relationship between biochar regeneration cycles and micropollutant adsorption 

capacities could be the result of heterogeneity of the feedstock municipal biosolids (Font 

et al., 2005). In practice, pyrolysis reactors at WRRFs would be fed a blend of pristine 

biosolids and spent biochar to produce useable biochar adsorbents while simultaneously 

removing micropollutants adsorbed in previous adsorption cycles 
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Figure 6.3 Micropollutant mass adsorption per gram of biochar over multiple 
regeneration cycles. Pristine biochar is denoted as 0-biochar, 1-biochar refers to a single 
regeneration cycle, and 2-biochar refers to two cycles. The bars represent average results 
and error bars show ±1 standard deviation of triplicate experiments. 

 

Similar to pristine biochar, regenerated biochar did not effectively adsorb nutrient 

ions (Appendix 6B, Figure 6B and Table 6B). However, the phosphate in water increased 

4% after application of pristine biochar (p=0.004). Due to increasingly strict phosphorous 

discharging regulation, caution has to be paid when employing biosolids-derived biochar 

to ensure phosphorous is not released in the treated effluent. There was no significant 

change in ammonium concentration in water.  

Collectively, the batch studies indicated that biosolids-derived biochar could be a 

reusable adsorbent for selective removal of micropollutants while leaving nutrients in 

water for subsequent recovery. Unit operations consisting of columns packed with 

biochar followed by columns packed with nutrient-selective ion exchangers and finally 

struvite precipitation could be used to recover nitrogen and phosphorus while eliminating 

potential risks caused by micropollutants in the water or struvite.  
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6.3.3 Continuous flow columns: Biochar and ion exchangers in series for 
sequential micropollutant and nutrient removal 

 

 

Based on biosolids-derived biochar’s ability to adsorb micropollutants without co-

adsorbing phosphate or ammonium, the biosolids-derived biochar column was operated 

ahead of the LayneRT and clinoptilolite columns (Figure 6.1). Thus, the biosolids-

derived biochar column acted as a pre-polishing step to remove micropollutants ahead of 

nutrient ion exchange. The columns were denoted as BC-column (biochar), L-column 

(LayneRT) and C-column (clinoptilolite).  

The TCS concentration in the BC-column effluent started at 20% of the influent 

concentration and gradually increased to approximately 30% after 200 bed volumes 

(Figure 6.4). For the L-column, effluent, TCS was less than 20% of the treatment train’s 

influent. Approximately 20% of the system influent TCS remained in the C-column 

effluent. The E2 concentration in the BC-column effluent was 10% of influent within the 

first 100 bed volumes treated and then increased to 20% of the influent. In the L- and C-

columns effluents, E2 concentrations were approximately 10% of the system’s influent. 

SMX in the BC-column effluent rapidly increased and remained above 60% of influent. 

The SMX concentration in the L- and C- column effluents increased to 40-50% of the 

influent after 200 bed volumes. Overall, removal of SMX was much poorer than TCS and 

E2, which may due to the hydrophilicity of SMX. At pH 7, the distribution ratio of ionic 

compounds, logDow, for TCS, E2 and SMX is 4.70, 3.94 and -0.43, respectively. With 

higher logDow values, hydrophobic TCS and E2 are more easily adsorbed to solid 

biochar. The low logDow value of SMX is indicative of the compound’s tendency to 

remain in water. 
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Figure 6.4 A) TCS, B) E2 and C) SMX effluent concentrations relative to influent 
concentrations (C/C0) for each column (biochar, LayneRT, and clinoptilolite) as a 
function of the number of bed volumes treated.  

The column system removed 90% of total influent TCS and E2 and 70% of total 

influent SMX (Figure 6.5). The majority of TCS and E2 was removed by the BC-column. 

Of the three columns, SMX removal was also greatest in the BC-column. The CUR for 
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TCS, E2 and SMX was 236 µg/L, 275µg/L and 127µg/L, respectively, the relative order 

of which is the same as that observed for biochar adsorption capacities in batch tests. The 

L-column retained 9% of influent TCS, 6% of E2, and 20% of SMX, indicating that 

LayneRT was able to adsorb micropollutants to a limited extent. Clinoptilolite did not 

remove TCS or E2, but removed 2% of influent SMX.  

 

Figure 6.5 Percent of total influent TCS, E2 and SMX mass removed by each media 
(bicohar, LayneRT, and clinoptilolite) in the sequential flow-through system in single-
column run. 

The use of biochar in the sequential column operation enabled removal of the 

majority of TCS, E2 and SMX prior to the nutrient exchange columns. However, since 

removal of the more hydrophilic SMX was relatively low, improving removal of 

hydrophilic compounds by improving the BC-column performance would be an 

important future step. 



160 
 

 

 

Nutrient concentrations in the effluent are shown in Figure 6.6. The phosphate 

concentration increased from an average of 4.85 mg PO4-P/L to 5.22 mg PO4-P/L across 

the BC-column (Figure 6.6), signifying that the biochar media possibly released 

phosphate. With the more stringent regulation on phosphorous in wastewater treatment 

discharge, leaching phosphorus from treatment media could be the limitation of the 

system. However, as shown in this study, putting ion exchange column after can mitigate 

the phosphorous leaching from biochar column, because almost no phosphorus flowing 

out from ion exchange columns before breakthrough (Figure 6.7). The C-column had the 

exact same PO4-P concentration profile as the L-column because it provided negligible 

PO4-P removal, so it reflected the influent PO4-P profile. The system successfully 

removed 89.5% of influent PO4-P (Figure 6.7), all of which was attributed to the L-

column.  
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Figure 6.6 A) PO4-P and B) NH4-N effluent concentration relative to influent 
concentration (C/C0) for each media (biochar, LayneRT, and clinoptilolite) as a function 
of the number of bed volumes treated in single-column run.  

As shown in Figure 6.6, approximately 8% of input NH4-N was removed in the 

BC-column, and 10% was removed in L-column, but the majority passed through the 

BC- and L-columns and was mainly removed in the C-column. The C-column achieved 

an average of 60% of the total influent NH4-N (Figure 6.7), and was exhausted after 40 

bed volumes. The removal of NH4-N by BC- and L-columns could be due to a slight 

inconsistency in NH4-N measurement (standard deviation for multiple measurements was 

approximately 1.1 mg/L), since the input NH4-N concentration was high (~45 mg/L) 

compared to the PO4-P concentration in this study.  
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Figure 6.7 Percent of total influent mass of N and P removed by each media (biochar, 
LayneRT, and clinoptilolite) from the sequential flow-through system in single-column 
run.  

6.4 Conclusions 

Biosolids-derived biochar effectively adsorbed TCS and E2, and to a lesser 

extent, SMX. The presence of nutrient ions in the water significantly increased 

micropollutant adsorption, which matched the first hypothesis. Nutrient ions were not 

effectively adsorbed by biochar. Therefore, biosolids-derived biochar has the potential to 

selectively remove micropollutants from a nutrient-rich stream, such as an anaerobic 

membrane bioreactor effluent, while leaving the nutrients in the water for subsequent 

recovery of micropollutant-free nutrient-rich fertilizer products.  

To test the second hypothesis, spent biochar was re-pyrolyzed to remove 

micropollutants. The regenerated biochar was reused for two additional cycles, and the 
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adsorption capacities for TCS and E2 did not substantially change WRRFs that are 

equipped with pyrolysis reactors could re-pyrolyze the biochar to remove micropollutants 

(Ross, et al., 2016) and then reuse the adsorbent biochar without needing an additional 

acid wash. 

The sequential column flow-through system achieved 90% removal of influent 

TCS and E2, in addition to 70% removal of SMX. The biochar column removed the 

majority of micropollutants, thereby reducing the chances of micropollutants being 

adsorbed by ion exchangers. The other benefit of operating the biochar column before ion 

exchange was that influent nutrients were not efficiently retained by the biochar column, 

which left a considerable amount of ammonium and phosphate for subsequent recovery. 

In general, the results matched the third hypothesis. Additionally, biochar leached 

phosphate which would be a major problem as WRRFs aggressively work to reduce 

effluent P concentrations. Putting resin columns after biochar mitigates the concern of 

biochar leaching P. By leveraging micropollutant removal in the biochar column, 

nutrients can be concentrated in the subsequent ion exchange regenerant for precipitation 

of recovered struvite with less chance of inclusion of micropollutants in the fertilizer 

product.  
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7 CONCLUSIONS 
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WRRFs have an essential role in mitigating pollution in environmental waters. 

They also have potential to produce valuable resources such as fertilizer. In this 

dissertation, adsorption of nutrients, i.e. orthophosphate and ammonium, and organic 

micropollutants were studied because these two groups of contaminants are of growing 

concern in terms of water quality and resource recovery. Specifically, anaerobically 

treated effluent that contains high nutrient levels can undergo nutrient removal and 

recovery via ion exchange regeneration followed by struvite precipitation. However, it is 

important that both the treated water and nutrient-rich fertilizers recovered through this 

process are free of harmful contaminants such as micropollutants. 

While WRRFs are central collection points for micropollutants, they were not 

designed to remove organic micropollutants. Indeed, biological unit operations are not 

efficient at removing micropollutants, and anaerobic treatment process in particular are 

poor at removing micropollutants. Therefore, wide-spread implementation of anaerobic 

treatment for secondary treatment would likely offer little removal of micropollutants and 

nutrients.  

The overarching goal of this dissertation was to qualitatively and quantitatively 

assess the adsorptive behavior of neutral and ionic organic micropollutants in terms of 

their fate and impact during nutrient recovery via ion exchange-regeneration, as well as 

micropollutant removal using biosolids-derived biochar as a sustainable adsorbent.    

7.1 Key findings 

The first objective was to assess organic micropollutant’s fate and impact on the 

nutrient removal and recovery process. Ion exchange-regeneration followed with struvite 

precipitation was employed to remove, concentrate and recover orthophosphate and 



169 
 

 

 

ammonium from simulated and real anaerobic treatment effluent. The results 

demonstrated that ion exchange-regeneration followed by struvite precipitation could 

effectively remove and recover phosphate and ammonium. The presence of triclosan 

(TCS), 17β-estradiol (E2), and sulfamethoxazole (SMX) in nutrient-rich waters did not 

reduce the extent of nutrient exchange and desorption from ion exchangers, but decreased 

the reaction rate of nutrient exchange. The ammonium-selective clinoptilolite ion 

exchanger did not adsorb TCS, E2, or SMX, likely due to steric hindrance effect of pores. 

However, these neutral and anionic micropollutants were able to co-adsorb on phosphate 

exchangers during exchange of orthophosphate and were desorbed during ion exchanger 

regeneration. The micropollutants did not precipitate together with struvite, so they do 

not pose risks in the final solid fertilizer product.  

The adsorption/desorption behaviors of the micropollutants indicated that they 

could accumulate on ion exchangers, which may eventually lead to saturation of the ion 

exchangers, causing bypass of micropollutants into the ion exchange effluent, which 

would put additional stress on receiving natural waters. When the micropollutants were 

present in actual anaerobic wastewater, they did not interfere with nutrient removal and 

recovery; however, the complex matrix of anaerobic wastewater tended to decrease 

adsorption of TCS and E2 and increase desorption of TCS and E2 from phosphate-

specific exchangers. To avoid co-adsorption as well as release of micropollutants with the 

ion exchange effluent, other non-selective adsorbents, such as biosolids-derived biochar, 

could be employed prior to ion exchange to remove micropollutants before recovering 

nutrients. 



170 
 

 

 

The second objective was to evaluate the feasibility and mechanisms of 

micropollutant adsorption by biosolids-derived biochar. TCS was selected as a 

representative hydrophobic micropollutant for this work. The influence of pyrolysis 

temperature, water quality parameters, and biochar properties such as surface charge, 

functional groups, pore size distribution and surface area on TCS removal and adsorption 

equilibrium were evaluated. The results demonstrated that acid-conditioned (HCl) 

biosolids-derived biochar could be a suitable alternative to activated carbon for removing 

TCS from wastewater at near-neutral pH. Preconditioning of the biochar using acid was 

essential for TCS adsorption as it increased availability of adsorption sites. Pyrolysis 

temperature had an influence on the biochar’s physical properties, including pore radius, 

pore volume and surface area. Accordingly, pyrolysis temperature affected TCS 

adsorption equilibrium at high aqueous-phase concentrations. However, high pyrolysis 

temperatures do not appear to be necessary considering the low TCS concentrations 

commonly encountered in environmental applications.  

The third objective was to determine the impact of temperature on adsorption 

equilibrium for a suite of neutral and cationic micropollutants using biosolids-derived 

biochar as the adsorbent. The thermodynamic parameters were estimated to characterize 

the spontaneity of adsorption, the adsorption mechanisms, and the adsorbent’s binding 

affinity for the micropollutants. This research demonstrated that biosolids-derived 

biochar was able to adsorb neutral and cationic compounds, though adsorption of cationic 

compounds was much less compared to neutral compounds. The extent of adsorption of 

the neutral micropollutants was positively correlated to micropollutant hydrophobicity as 

measured by Kow. Increased temperature positively impacted adsorption of the studied 
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compounds. The estimation of the thermodynamic parameters of adsorption under single-

solute conditions indicated that adsorption was endothermic. Moreover, the 

thermodynamic parameters indicated heterogeneity in the biochar’s surface. The binding 

mechanism for neutral compounds could potentially be dominated by non-specific 

hydrophobic interactions based on the positive correlation between the change of entropy 

and log Kow. Under multi-solute conditions, adsorption capacities were suppressed to 

differing extents, but thermodynamic parameters, such as binding energy and entropy 

change of adsorption, were not affected by the presence of other solutes.  

The fourth objective was to determine the impact of nutrient ions on 

micropollutant adsorption to biochar, the reusability of biosolids-derived biochar, and its 

functionality as a pre-polishing step for nutrient ion exchange in a flow-through column 

system. TCS and E2 were effectively removed by biochar, while SMX was not as readily 

adsorbed. Nutrient ions increased adsorption of all three micropollutants by biochar. The 

nutrients were not effectively adsorbed by biochar. Spent biochar was re-pyrolyzed to 

remove micropollutants, and this regenerated biochar was able to adsorb TCS and E2. 

The biochar-LayneRT-clinoptilolite flow-through system achieved 90% removal of 

influent TCS and E2, in addition to 70% removal of SMX. The biochar column removed 

the majority of micropollutants, thereby reducing the likelihood of micropollutants being 

adsorbed by ion exchangers. The influent nutrients were not efficiently retained by the 

biochar column, or even released from biochar, which left ammonium and phosphate for 

subsequent capturing in their respective selective ion exchanger columns. By leveraging 

micropollutant removal in the biochar column, nutrients can be concentrated in the 
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subsequent ion exchange regenerant for precipitation of struvite with less chance of 

inclusion of micropollutants in the fertilizer product.  

7.2 Future work recommendations 

This research revealed that neutral and anionic organic micropollutants can 

potentially have negative impacts on nutrient ion exchange-regeneration process. This 

finding stems from neutral molecules’ interactions with phosphate exchangers via H-

bonding and π-interaction, while anionic compounds interact with phosphate exchangers 

via coulombic attraction. To derive more universal conclusions related to the fate of 

micropollutants during ion exchange-regeneration, the interactions of cationic or 

zwitterionic micropollutants with both positively and negatively charged exchangers 

should be studied. In this dissertation, ion exchange-regeneration experiments were 

conducted using batch reactors and a single exchange-regeneration cycle. The fate and 

impact of micropollutants during multi-cycle experiments or long-term operation in 

continuous flow reactors is recommended to establish the influence of engineering 

factors, such as flow rates and ion exchanger fouling.  

During pyrolysis of the spent biochar adsorbent, micropollutants could be 

thermochemically degraded or simply volatilized. Methods can be developed to collect 

emissions from biochar regeneration. Through analyzing the emissions, evaluation of the 

volatilization potential of the micropollutants and their degradation products should be 

established to determine if they will have functionality, e.g., estrogenicity. This 

information is essential to evaluate potential pathways of conversion of waterborne 

micropollutants to emerging airborne pollutants. 
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The contribution of each adsorption mechanism to total free energy change for 

biochar adsorption can be determined through experimental or simulation approaches. 

Both experimental and simulation methods require thorough characterization of biochar 

structure to establish quantitative correlations between biochar’s surface properties and 

the binding energy. For example, determination of aromatic carbons via nuclear magnetic 

resonance can help calculate the contribution of π-interaction to adsorption. With 

quantitative information on the contribution of mechanisms, improvements in biosolids-

derived biochar properties, such as engineering biochar surface functional groups, can be 

developed to achieve elevated removal efficiency for specific micropollutants.  

  



174 
 

 

 

Appendices  

Appendix 3A. Micropollutant structures and physical-chemical properties 

TCS, E2 and SMX were selected as representative micropollutants due to their 
wide range of pKa and log Kow values. They have been found in anaerobic membrane 
bioreactor (AnMBR) effluent, with E2 being removed by less than 50% during AnMBR 
treatment (Monsalvo et al., 2014). The molecular structures, pKa, and log Kow values for 
the micropollutants given in Table 3A were obtained from the ChemSpider website. Dow 
is the octanol-water distribution coefficient, which is pH dependent. The calculation of 
Dow is shown in eq. 3A.1 (Schwarzenbach et al., 2005): 

 
m0n = α:,1X:� × "0n (eq. 3A.1) 

 
where αi,acid is the relative fraction of dissociated anion at a given pH (A-/HA), 

which can be calculated using eq. 3A.2 (Sawyer et al., 2003): 
 

pH = q"1 + log u+C

Y+v (eq. 3A.2) 

 
Table 3A. Molecular structures and physical-chemical properties of the micropollutants 
tested in this study 
 
Compound Molecular 

Structure 
pKa log 

Kow 
log Dow at 
pH 7 

log Dow 
at pH 9 

Triclosan (TCS) 

 

7.90 4.76 4.70 3.62 

17β-estradiol (E2) 

 

10.79 3.94 3.94 3.93 

Sulfamethoxazole 
(SMX) 

 

5.70 0.89 -0.43 
 

-2.40 
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Figure 3A illustrates the log concentration of the protonated and deprotonated 
fractions of TCS, E2, and SMX as a function of solution pH. 

 
Figure 3A. Log concentration diagrams as a function of pH for A) TCS, B) E2, and C) 
SMX neutral molecules and dissociated anions.  
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Appendix 3B. Phosphate and micropollutant mass desorption per gram of ion 
exchange resin 

 
Resin regeneration was performed using brines containing varied concentrations 

of NaCl and NaOH, as shown in Tables 3B-1 – 3B-4. The values are the averages for 
triplicate tests. The regeneration of micropollutants from clinoptilolite was not evaluated 
as no micropollutants were adsorbed during the ion exchange stage.  
 
Table 3B.1. PO4-P mass desorption per gram of LayneRT as a function of regenerant 
brine composition. 
 
% NaOH in brine  % NaCl in brine  P (mg P regenerated/g resin) 
2 2 3.27 
2 0.5 3.63 
2 1 3.79 
2 0 3.23 
1 2 3.60 
1 0.5 3.51 
1 1 3.68 
0.5 2 3.28 
0.5 0.5 3.48 
0.5 1 3.47 
0 2 0.73 

 
Table 3B.2. Micropollutant mass desorption per gram of LayneRT as a function of 
regenerant brine composition. 
 
% NaOH  % NaCl  TCS (µg/g resin) E2 (µg/g resin) SMX (µg/g resin) 
2 2 42.5 50.4 118 
2 0.5 12.1 60.3 23.1 
2 1 22.5 59.9 78.6 
2 0 23.9 5.99 94.8 
1 2 13.1 64.0 152 
1 0.5 17.0 44.0 141 
1 1 22.0 37.6 160 
0.5 2 27.4 320 7.77 
0.5 0.5 11.9 66.3 11.7 
0.5 1 25.1 30.2 155 
0 2 13.7 9.81 126 
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Table 3B.3. PO4-P mass desorption per mass of DOW-HFO-Cu as a function of 
regenerant brine composition. 
 
% NaOH  % NaCl  P (mg P regenerated/g resin) 
2 2.5 3.25 
2 0.5 4.05 
2 5 3.39 
2 0 3.99 
1 0.5 3.93 
1 5 3.81 
1 2.5 3.83 
0.1 0.5 3.67 
0.1 5 3.27 
0.1 2.5 3.69 
0 5 0.13 

 
Table 3B.4. Micropollutant mass desorption per gram of DOW-HFO-Cu as a function of 
regenerant brine composition. 
 
% NaOH  % NaCl  TCS (µg/g resin) E2 (µg/g resin) SMX (µg/g resin) 
2 2.5 2.25 21.8 150 
2 0.5 42.9 5.77 56.4 
2 5 46.9 11.9 57.3 
2 0 61.1 3.00 71.1 
1 0.5 22.9 10.5 61.3 
1 5 30.8 31.6 99.1 
1 2.5 22.0 1.10 92.0 
0.1 0.5 14.5 27.3 3.87 
0.1 5 5.63 6.48 76.6 
0.1 2.5 23.5 43.2 57.8 
0 5 15.2 41.9 7.35 

  



178 
 

 

 

Appendix 3C. LC-MS operation and analysis 

 
Internal standards of 13C-TCS, E1, and 13C-SMX in methanol were added in 2 

mL LC-MS vials. The solvent was evaporated before samples were added. The target 
concentration of the internal standards was 100 µg/L. Filtered water samples were mixed 
with methanol (50:50) to make 1 mL solutions in the vials. The LC system was plumbed 
with an online solid phase extraction (SPE) cartridge prior to the chromatography 
column. A binary gradient of Milli-Q water (Pump A) and 100% HPLC-grade methanol 
(Pump B) in combination of 99% water + 1% methanol (v/v) (Pump C) was used as the 
eluent. Pump C began at 1 mL/min for two minutes to load the sample onto the SPE 
cartridge. Then Pump C eluent was reduced to 0.01 mL/L. Then Pump A and B gradients, 
which began with 65% methanol at 0.3 mL/min gradient, and increased to 100% 
methanol within three minutes, were maintained to the 13th minute to unload samples 
from the SPE cartridge to the chromatography column. Pump C ramped down to 65% 
methanol and remained to the 14th minute to allow column re-equilibration. The binary 
eluent flow rate was 0.3 mL/min. The retention time was 8 min for TCS, 7 min for E2, 
and 5 min for SMX. Sample injections of 10 µL were passed through a Phenomenex® 
(Torrance, CA) Strata-X reversed phase functionalized polymeric sorbent in an online 
SPE cartridge and a Luna 3u C18 reverse-phase column. The MS detection methods of 
TCS, E2, SMX and their internal standards are listed in Table 3C.  

 
Table 3C. Mass spectrometry operation parameters for micropollutants and 13C-labeled 
internal standards. For all analyses, the acquisition mode was used for ion monitoring 
(SIM) and the ionization method was electrospray ionization (ESI). 

Compound  m/z Method detection limit (µg/L) 
TCS  287 8 
13C-TCS  299 NAa 
E2  271 8 
E1  269 NAa 
SMX  254 9 
13C-SMX  260 NAa 
NAa These compounds were used as internal standards, so the method 

detection limit is not applicable 
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Appendix 3D. Calculations of exchange or adsorption capacity and percent recovery  

 
The mass of nutrients or micropollutants adsorbed per mass of ion exchanger (Qe) 

was calculated using eq. 3D.1: 

�� = (#Z<#O)×_bOOw
`  (eq. 3D.1) 

 
where C0 is the initial concentration of NH4-N (mg/L), PO4-P (mg/L), or 

micropollutants (µg/L); Ce is the concentration at equilibrium; Vfeed is the volume of feed 
water (L); and M is the mass of ion exchanger (g).  

 
Percent recovery (R) was calculated using eq. 3D.2: 
 

L = #xOy×_xOy
(#Z<#O)×_bOOw

× 100% (eq. 3D.2) 

 
where Creg is the concentration of NH4-N (mg/L), PO4-P (mg/L), or 

micropollutants (µg/L) in the regeneration solution; and Vreg is the volume of 
regeneration solution. 
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Appendix 3E. Modeling of nutrient removal kinetics 

 
Nutrient removal kinetics were modelled as pseudo-second order reactions (which 

demonstrated the best fit for the data), using eq. 3E.1 (Ho, 2006; Ho and McKay, 1999): 
  

�
}~

= �
�}O�

× �
� + �

}O
 (eq. 3E.1) 

where t is time (min), qt is the total adsorbed nutrient amount per unit mass of ion 
exchanger at time t (mg/g), Qe is the total adsorption at equilibrium, and k is the pseudo-
second order reaction rate constant, obtained by plotting 1/Qe versus 1/t.  
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Appendix 3F. Response surface methodology (RSM) analysis 

 
The data were fit using first and second order linear regression to explore 

potential correlations between independent variables, i.e., NaCl and NaOH concentration, 
versus percent micropollutant desorption. First and second order regression equations are 
represented in eq. 3F.1 and 3F.2, respectively: 

 
L`� ���0�\�:06 = ��� + �G + � (eq. 3F.1) 

L`� ���0�\�:06 = ���� + ���� + ������� + �G + � (eq. 3F.2) 
 

where �: is NaOH or NaCl concentration, �: is the regression coefficient, which 
denotes the effect of independent variables to the response variable, and � is the error 
term. 
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Appendix 3G. Nutrient removal: time to equilibrium  

To determine the time to equilibrium for nutrient exchange reactions, 
clinoptilolite was added at a concentration of 10 g/L to the feed water, as described in the 
main text. LayneRT and DOW-HFO-Cu were added at 1g/L. Samples were collected 
over time. Phosphate and ammonium were measured using the standard methods (APHA 
et al., 1998). Nutrient ions concentration remaining in water (mg/L) versus time (min) 
was plotted, as shown in Figure 3G. The time to equilibrium was determined to be 4 
days. The linear fitting parameters using pseudo-second order kinetics are listed in Table 
3G.  

 
Figure 3G: Nutrient removal for: A) NH4-N removal by clinoptilolite, B) PO4-P removal 
by LayneRT, and C) PO4-P removal by DOW-HFO-Cu with and without micropollutants 
(MPs). The insets show the early part of the curve, characterized by more rapid changes 
in nutrient concentrations as a function of time. The data points represent average results 
and error bars show ± 1 standard deviation of triplicate experiments. 
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Table 3G. Averaged fitting parameters of linearized nutrient exchange kinetic curves 
 

Media / Nutrient 

With Micropollutants Without Micropollutants 
Slope 
(1/kQe

2) 
Intercept 
(1/(Qe)) 

R2 Slope 
(1/kQe

2) 
Intercept 
(1/(Qe)) 

R2 

Clinoptilolite/NH4-N 5.558 0.2973 0.9916 3.685 0.2872 0.9789 
LayneRT/PO4-P 24.21 0.2501 0.9833 4.595 0.2761 0.9472 
DOW-HFO-Cu/PO4-P 36.67 0.1951 0.9994 9.469 0.2241 0.9644 
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Appendix 3H. Ion exchanger surface zeta potential 

 
Ion exchangers were ground to fine powder (<20 µm diameter) in order to make 

diluted suspensions. The solution pH was then adjusted with HCl or NaOH. The zeta 
potential was immediately measured, results of which are shown in Figure 3H. 

 

Figure 3H. Zeta potential of the ion exchangers as a function of solution pH, A) 
clinoptilolite, B) LayneRT, and C) DOW-HFO-Cu.
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Appendix 3I. Pore size analysis  

 
Pore size distribution of ion exchangers was calculated from nitrogen/ion 

exchanger adsorption isotherms by applying the Density Functional Theory (DFT) 
method using Quantachrome® ASiQwinTM (Quantachrome Instruments, FL) data analysis 
software (Landers et al., 2013; Quantachrome Instruments, 2010). The change in volume 
of the spheres dV(r) is a function of the size distribution; therefore, dV(r) is used to 
represent the frequency of occurrence of a given size (Rathbun et al., 1971). The sharp 
peak in each figure indicates the mode of half pore width. Gas adsorption measurement 
was performed using an AutoSorb Gas sorption analyzer from Quantachrome®. 
 

 
Figure 3I. Pore size distribution of A) clinoptilolite, B) LayneRT, and C) DOW-HFO-
Cu, with mode pore size shown as the sharpest pea
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Appendix 3J. Nutrient exchange isotherms   

 
Figure 3J shows ion exchange isotherms for NH4 and PO4, with and without 

micropollutants present in the feed water. The ammonium exchange isotherms are fit 
with a Langmuir model, while the phosphate exchange data was best fit using an 
empirical sigmoidal isotherm model (Type D) (Limousin et al., 2007).   

 
Figure 3J. Nutrient exchange isotherms with and without micropollutants (MPs, ~300 
µg/L each TCS, E2, and SMX in the feed water). A) NH4 exchange onto clinoptilolite, B) 
PO4 exchange onto LayneRT, and C) PO4 exchange onto DOW-HFO-Cu. The data points 
represent average results and error bars show ± 1 standard deviation of triplicate 
experiments.
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Appendix 3K. Scanning electron microscopy (SEM) imaging  

 
The SEM images of the ion exchangers shown in Figure 3K indicated that 

phosphate resins have a more homogeneous surface than the natural clinoptilolite. The 
crack in LayneRT is due to drying of the resin.  
 

 
Figure 3K. SEM images of A) clinoptilolite, B) LayneRT, and C) DOW-HFO-Cu. 
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Appendix 3L. Correlation statistics 

 
Table 3L shows statistics for the second order regression. The independent 

variables are percent concentrations of NaCl and NaOH in the regeneration brine and the 
dependent variable is percent desorption of each micropollutant from LayneRT resin or 
DOW-HFO-Cu resin. The regression was performed in R.  
    
Table 3L. Second order regression statistics (p-values are shown) for the correlation 
between NaCl and NaOH concentrations in LayneRT or DOW-HFO-Cu regeneration 
brine and micropollutant percent desorption. 
 

 LayneRT DOW-HFO-Cu 
 TCS E2 SMX TCS E2 SMX 
Intercept 0.08 0.71 0.94 0.19 0.31 0.87 
NaCl 0.80 0.79 0.58 0.24 0.30 0.10 
NaOH 0.89 0.61 0.42 0.41 0.49 0.19 
NaCl*NaOH 0.27 0.91 0.80 0.74 0.93 0.67 
(NaCl)2 0.79 0.61 0.73 0.21 0.39 0.14 
(NaOH)2 0.87 0.55 0.46 0.76 0.61 0.41 
Adjusted R2 0.02 -0.43 -0.30 0.17 0.1197 0.39 
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Appendix 3M. Water quality parameters for the belt filter press filtrate sample 
from anaerobically digested wastewater sludge  

 
Table 3M shows the water quality parameters of the filtrate sample, including pH, 

chemical oxygen demand (COD), total organic carbon (TOC), and total suspended solids 
(TSS). 
 
Table 3M. Belt filter press sample for digested sludge filtrate qualities 
 
pH COD (mg/L) TOC (mg/L) TSS (mg/L) 
7.49 50 88 12 
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Appendix 4A. Triclosan structure and physical-chemical properties 

The triclosan molecule, shown in Figure 4A, is a trichlorinated binuclear aromatic 
that is classified as a pesticide and antimicrobial drug (Halden and Paull, 2005). Triclosan 
has a pKa value of 7.9. The log Kow value of 4.76 suggests that the compound is 
hydrophobic. The vapor pressure of 4.65E-06 mm Hg indicates it is characterized by low 
volatility. 

 
 

 
Figure 4A. Triclosan chemical structure   
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Appendix 4B. Kinetics studies 

To determine the adsorption equilibrium capacity, 600°C HCl-biochar was added 
at a concentration of 0.4 g/L to Milli-Q water spiked with triclosan at an initial 
concentration of approximately 130 µg/L. Samples were taken over time and were 
quantified using the LC-MS. The results are shown in Figure 3B. The equilibrium time 
was determined to be 24 hours, as indicated by less than 5% change in concentration for 
consecutive samples. 
 

  
Figure 4B. Triclosan adsorption kinetics curve  
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Appendix 4C. LC-MS operation 

Filtered water samples were mixed with methanol (50/50) in 2 mL amber vials. A 
binary gradient of Milli-Q water and 100% HPLC-grade methanol was used as the eluent. 
The method described by Ross et al. (2016) was modified and applied. The gradient 
began at 80% methanol, raised to 100% methanol at 8 minutes, ramped down to 80% 
methanol from 8 to 9 minutes and remained at 80% methanol to 13 minutes to allow 
column re-equilibration. The eluent flow rate was 0.4 mL/min. Sample injections of 20 
µL were passed through a Phenomenex® (Torrance, CA, USA) Luna 3u C18 reverse-
phase column (150×3 mm, 100Å pore size). Triclosan was detected in mass-spectrometry 
with negative electrospray ionization (ESI-) at a mass-to-charge (m/z) ratio of 287.  
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Appendix 4D. FT-IR spectra of HCl, NaOH, and Milli-Q water treated biochar  

Biochar, pyrolyzed at 600°C and pretreated with HCl, NaOH or Milli-Q water, 
was ground to fine powder (<10 µm). The resulting FT-IR spectra of the different 
biochars is shown in Figure 4D. Variability observed in the spectra may be due to the 
amorphous nature of biosolids-derived biochar. 
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Figure 4D. FT-IR spectra of biochar produced at 600˚C, treated with A) HCl, B) NaOH, 
and C) Milli-Q water.  
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Appendix 4E. Biochar zeta potential  

Biochar, pyrolyzed at 600°C and pretreated with HCl, NaOH or Milli-Q water, 
was ground to fine powder (<10 µm). Approximately 0.01 g of biochar powder was 
suspended in 40 mL of Milli-Q water. The solution pH was then adjusted with HCl or 
NaOH. The zeta potential was immediately measured using a Malvern Zetasizer Nano ZS 
(Malvern Instruments Ltd, MA, USA). Results are shown in Figure 4E. 

 

 

 

 
Figure 4E. Zeta potentials of biochar produced at 600˚C, pretreated with A) HCl, B) 
NaOH, and C) Milli-Q water.
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Appendix 4F. Isotherm fitting 

Table 4F. Isotherms of HCl-biochar produced at multiple temperatures and activated 
carbon fitted with linear, Langmuir and Freundlich models.   

Isotherm 
model 

Equation Parameter Sorbent 
 300˚

C 
500˚C 600˚C 700˚C 800˚C Activated 

carbon 
Linear ��

= 
�� + � 
A 0.345 3.09 2.40 4.82 8.29 30.0 

B 120 190 237 153 332 1440 

R2 0.05 0.94 0.76 0.92 0.86 0.88 

Langmuir ��

= ��1�"���
1 + "1��

 

Qmax 

(x104) 
0.51 9.02 5.70 1.44 4.42 1.50 

KL 0.04 0.01 0.02 0.04 0.20 0.03 
 

R2 0.07 0.87 0.90 0.76 0.98 0.97 

Freundlich �� = "	��6 Kf 56.5 43.2 62.0 62.9 254 554 

n 0.22 0.54 0.45 0.46 0.30 0.44 

R2 0.06 0.91 0.84 0.85 0.98 0.93 
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Appendix 4G. Treated wastewater effluent qualities 

Table 4G. Treated municipal wastewater effluent qualities 
 

pH COD (mg/L) TOC (mg/L) Turbidity (NTU) TSS (mg/L) 

7.2 BD* 70 2.1 4.6 

 

*: BD: below detection. Detection limit: 125 mg/L  
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Appendix 4H. Impact of pyrolysis temperature on biochar pore properties 

Pyrolysis temperature of biosolids has an influence on the biochar’s physical 
properties, such as pore radius, pore volume and surface area. Pore radius and volume 
data for biochar were generated via the density functional theory (DFT) method, and 
surface area was obtained from multi-point BET isotherm through gas sorption analysis.  

 
Figure 4H shows pore size distribution with pore radius (half pore width) for 

biochar produced from 500 to 800˚C. All of these biochars contained micropores (r<10Å) 
and mesopores (r between 10-250Å), which is in agreement with previous studies stating 
that micropores constitute a pore network while mesopores connect pore networks to the 
biochar surface (Tseng and Tseng, 2006; Xiao and Pignatello, 2015). The minimum 
critical TCS diameter is 8Å, which can be much less than biochar’s pore aperture. 
Therefore, steric hindrance potentially happens when TCS diffuses deeper into micropore 
networks, but is less likely to happen when TCS molecules diffuse into pore openings on 
the biochar surface. Pore radii of biochar produced at 500 and 700˚C (Figure 3HA and 
3HB) were no more than 20Å, while 600 and 800˚C biochars had wider spread within the 
mesopore range.  
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Figure 4H. Pore volume distribution curves for biochar produced at A) 500˚C, B) 600˚C, 
C) 700˚C and D) 800˚C. The pink circle is the differential volume for pore radius (half 
pore width) change. The black square is the cumulative pore volume. 
 

The most frequent pore radius value corresponds to the highest peak of 
differential pore volume distribution (Figure 4H). Table 4H shows the most frequently 
occurring pore radii of all tested biochars, which generally decreased as pyrolysis 
temperature increased. The most freequently occuring pore radii of biochar were less than 
10 Å for all pyrolysis conditions, indicating that a large portion of biochar pores are 
micropores (Tseng and Tseng, 2006). 

 
Table 4H shows the values of all parameters from the biochar analysis. The 

existence of larger mesopores in the 600˚C biochar in comparison to the 500 and 700˚C 
biochars leads to greater cumulative pore volume of 600˚C biochar than the 500 and 
700˚C chars. However, cumulative volume in the 600˚C biochar was smaller than the 
800˚C biochar.  

 
The BET surface areas of the biochar are in agreement with the evolution of the 

cumulative pore volume. For the development of pore properties at temperatures <700˚C, 
heterogeneity of the feedstock biosolids can possibly be the limiting factor. Even though 
there is fluctuation at 600-700˚C, 800˚C increased biochar surface area. The fluctuation 
occurring at 600-700˚C is reflected by the TCS adsorption isotherm parameters. The 
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difference between the Kf and n values of 600 and 700 ˚C was not as drastic as pore 
property differences. Accordingly, in addition to pore properties, other factors such as 
aromaticity of biochar, which evolves with pyrolysis temperature (Wang et al., 2012), 
affect TCS adsorption at 600-700˚C.    
 
Table 4H. Biochar surface area, pore properties, and TCS adsorption parameters as a 
function of pyrolysis temperature 

 
 
  

 500˚C 600˚C 700˚C 800˚C 
Pore radius (mode) Å 8.34 8.05 7.52 6.12 
Cumulative pore 
volume cm3/g 

0.07 0.23 0.07 0.25 

BET surface area m2/g 141  174 141 221  
Freundlich parameter 
Kf 

43.2 62.0 62.9 254 

Freundlich parameter 
n 

0.54 0.45 0.46 0.30 
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Appendix 5A. LC-MS operation and analysis 

Internal standards of benzyldimethyldodecylammonium chloride (BAC-C12), 
licarbazepine (L-CBZ), estrone (E1), and 13C-TCS methanol stock solutions were added 
in 2 mL LC-MS vials, separately for single-solute experiments and all together for multi-
solute experiments. The solvent was evaporated before samples were added. The target 
concentration of the internal standards was 100 µg/L. Filtered water samples were mixed 
with methanol (50:50) to make 1 mL solutions in the vials.  

 
For BAC-C10 and TCS, a binary gradient of Milli-Q water (Pump A) and 100% 

HPLC-grade methanol (Pump B) was used as the eluent. An isocratic flow of 0.4 mL/min 
(4% Pump A+96% Pump B) was maintained for 10 min. Sample injection was 5 µL.  

 
For CBZ, a binary gradient of Milli-Q water (Pump A) and HPLC-grade 

acetonitrile in combination of 0.1% formic acid (v/v) (Pump B) was the eluent. Pump B 
started at 20% and ramped up to 95% at 9 min. The gradient maintained for 1 min and 
decreased to 20% at the 12th min. The binary eluent flow rate was 0.3 mL/min. Sample 
injection volume was 10 µL.  

 
For E2 and EE2, the eluents were Milli-Q water (Pump A) and 100% HPLC-

grade methanol (Pump B).  Pump B started at 65% and ramped up to 85% at the 8th min. 
The gradient maintained for 5 min and decreased to 35% at the 15th min. The binary 
eluent flow rate was 0.4 mL/min. Sample injection volume was 15 µL.  

 
All samples were passed through a Phenomenex® (Torrance, CA) Luna 3u C18 

reverse-phase column.  
 
The MS detection limits of BAC-C10, CBZ, E2, EE2, TCS and their internal 

standards are listed in Table 5A. Recovery of tested compounds was 70 – 130%. 
 
Table 5A. Mass spectrometry operation parameters for micropollutants and internal 
standards. For all analyses, the acquisition mode was used for ion monitoring (SIM) and 
the ionization method was electrospray ionization (ESI). 
 
 
 
 
 
 
 
 
 
 
 

Compound m/z Retention 
time 

Internal 
standard 

m/z Method detection 
limit (µg/L) 

BAC-C10 276 1.4 BAC-C12 304 5 
CBZ 237 7.5 L-CBZ 255 4 
E2 271 4.2 E1 269 6 
EE2 295 4.3 12 
TCS 287 2.9 13C-TCS 299 8 
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Appendix 5B. Isotherm fitting parameters for micropollutants under single-solute 
conditions 

Adsorption equilibrium data was fit with linear, Langmuir and Freundlich 
isotherms, due to the isotherms’ application for low-concentration (< mg/L) adsorption. 
As Table 4B shows, K, KL, and Kf values are partitioning coefficients for linear, 
Langmuir and Freunlich isotherms, respectively. The portioning coefficients are 
important because of their relationship with thermodynamic equilibrium coefficients. 

Table 5B. Isotherm parameters for micropollutants under single-solute conditions 
 
Compound Isotherm Parameter 4˚C 25˚C 35˚C 50˚C 
BAC-C10 Linear K 0.469 0.359 0.569 1.03 

B 72.63 471.70 503.40 239.70 
R2 0.923 0.978 0.711 0.972 

CBZ Linear K 0.59 0.822 0.715 1.05 
B 154.70 120.90 294.20 269.30 
R2 0.908 0.929 0.925 0.999 

E2 Freundlich Kf 23.35 40.95 63.76 105.70 
n 0.55 0.57 0.51 0.46 
R2 0.856 0.949 0.954 0.9653 

Langmuir Qm 1885 9797 3863 7135 
KL 0.0022 0.0005 0.0058 0.0033 
R2 0.856 0.900 0.932 0.936 

EE2 Linear K 2.10 4.00 3.80 4.37 
B 244.40 -31.68 725.20 836.70 
R2 0.987 0.992 0.997 0.966 

TCS Freundlich Kf 19.35 26.97 207.30 107.90 
n 0.73 0.71 0.43 0.58 
R2 0.974 0.866 0.985 0.959 

Langmuir Qm 5438 26784 3646 8340 
KL 0.0009 0.0002 0.0102 0.0018 
R2 0.955 0.856 0.945 0.840 
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Appendix 5C. Isostere curves for micropollutants under single-solute conditions 
 

 
Figure 5C. Isostere curves for A) BAC-C10, B) CBZ, C) E2, D) EE2, and E) TCS at 
multiple surface loading (Qe) values, in single-solute tests. 
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Table 5C. Slopes of isostere curves for micropollutants under single-solute conditions 
 
Compound Qe mmol/g biochar lnCe/(1/T) 
BAC-C10-S 0.0032 2.03 

0.0038 1.91 
0.0052 1.91 
0.0064 1.81 
0.0128 1.58 

CBZ-S 0.0021 1.97 
0.0025 1.71 
0.0030 1.56 
0.0034 1.47 
0.0042 1.35 

E2-S 0.0018 5.13 
0.0037 4.86 
0.0055 4.72 
0.0073 4.61 
0.0110 3.71 

EE2-S 0.0034 6.25 
0.0037 1.85 
0.0052 1.72 
0.0111 1.65 
0.0148 1.54 

TCS-S 0.0017 4.31 
0.0035 3.53 
0.0052 3.08 
0.0069 2.76 
0.0138 1.98 
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Appendix 5D. Single-solute van’t Hoff curves for calculating change of enthalpy, 
free energy and entropy 
 

 

 

Figure 5D. Single-solute van’t Hoff curves for A) BAC-C10, B) CBZ, C) E2, D) EE2, 
and E) TCS.   
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Appendix 5E. Isotherm parameters for micropollutants under multi-solute 
conditions 
 

 

Table 5E. Isotherm parameters for micropollutants under multi-solute conditions 
 

Compound Isotherm Parameter 4˚C 25˚C 35˚C 50˚C 
BAC-C10 Linear K 0.63 0.70 0.91 0.47 

B -117.60 -17.31 87.78 232.30 
R2 0.655 0.672 0.948 0.9999 

CBZ Linear K 0.57 0.24 0.37 0.81 
B 54.46 252.40 281.20 159.10 
R2 0.850 0.960 0.981 0.724 

E2 Freundlich Kf 16.67 12.86 108.90 87.22 
n 0.66 0.81 0.52 0.63 
R2 0.711 0.977 0.971 0.901 

Langmuir KL 1518 2871 2354 3089 
B 493.9 440.8 210.6 228 
R2 0.663 0.961 0.939 0.924 

EE2 Linear K 0.64 1.48 1.23 1.61 
B 211.90 308.10 501.30 518.10 
R2 0.905 0.996 0.842 0.885 

TCS Freundlich Kf 13.61 54.21 95.87 109.3 
n 0.75 0.60 0.55 0.51 
R2 0.812 0.969 0.951 0.910 

Langmuir KL 5957 3598 3364 2888 
B 1562 344.7 130.4 123 
R2 0.767 0.954 0.921 0.815 
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Appendix 5F. Comparison of significant difference between single-solute and multi 
solute isotherms 
 

 

Table 5F. p-values for comparing the difference between single-solute and multi-solute 
isotherms  
 
Compound 4˚C 25˚C 35˚C 50˚C 
BAC-C10 N/A N/A 0.208 0.062 
CBZ 0.926 0.012 0.254 0.589 
E2 0.017 <0.0001 <0.0001 <0.0001 
EE2 0.0003 <0.0001 0.0002 0.003 
TCS 0.035 0.850 0.072 <0.0001 

N/A indicates that linear fitting of BAC-C10 in multi-solute condition is not good (<0.7), 
therefore they cannot be compared with single-solute condition. 
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Appendix 5G. Isostere curves for micropollutants under multi-solute conditions 
 

 

 
Figure 5G. Isostere curves for A) BAC-C10, B) CBZ, C) E2, D) EE2, and E) TCS at 
multiple surface loading (Qe) values in multi-solute tests.   
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Table 5G. Slopes of isostere curves for micropollutants under multi-solute conditions 
 
Compound Qe mmol/g biochar lnCe/(1/T) 
BAC-C10 0.0016 1.28 

0.0019 0.97 
0.0024 0.77 
0.0026 0.62 
0.0032 0.42 

CBA 0.0021 1.23 
0.0025 1.07 
0.0030 0.97 
0.0034 0.90 
0.0042 0.81 

E2 0.0018 4.23 
0.0037 3.76 
0.0055 3.49 
0.0074 3.30 
0.0110 3.03 

EE2 0.0034 2.76 
0.0037 2.62 
0.0052 2.29 
0.0111 2.12 
0.0148 1.90 

TCS 0.0017 3.83 
0.0035 2.97 
0.0052 2.47 
0.0069 2.12 
0.0138 1.27 
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Appendix 5H. Multi-solute van’t Hoff curves for calculating change of enthalpy, 
free energy and entropy 
 

 

 
Figure 5H. Multi-solute van’t Hoff curves for A) BAC-C10, B) CBZ, C) E2, D) EE2, 
and E) TCS.  
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Appendix 5I. Comparison of differences between single-solute and multi-solute 
adsorption enthalpy and entropy changes 
 

 

Table 5I. p-values for comparing the difference between single-solute and multi-solute 
enthalpy and entropy changes 
 
Compound  p for comparing ∆H0 p for comparing ∆S0 
BAC-C10 0.744 0.166 
CBZ 0.795 0.124 
E2 0.966 0.248 
EE2 0.706 0.0004 
TCS 0.894 0.897 
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Appendix 6A. The impact of biochar regeneration on micropollutant adsorption 
capacities 
 
 

Biochar was regenerated for 2 cycles. Table 6A shows the p-values of Tukey’s 
multiple comparison test on adsorption capacities of micropollutants on pristine biochar 
(0-biochar) and biochar produced in first and second regeneration cycles (1-biochar and 
2-biochar, respectively). 
 
 
Table 6A. Tukey’s multiple comparison test on adsorption capacities of micropollutants 
on multi-cycle regenerated biochar  
  
Compound Regeneration cycle comparison (p value) 
 0- VS 1-biochar 0- VS 2-biochar 1- VS 2-biochar 
TCS 0.037 0.034 0.890 
E2 0.080 0.683 0.307 
SMX 0.001 0.053 0.023 
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Appendix 6B. Changes in nutrient concentration in biochar batch adsorption tests  

The concentrations of PO4-P and NH4-N in synthetic water solution, before and 
after biochar adsorption are shown in Figure 6B.  

 
Figure 6B. Nutrient concentrations in water before and after biochar adsorption: A) PO4-
P, and B) NH4-N.  0 refers to pristine biochar. 1 and 2 refer to the biochar that were 
regenerated and reused for one and two cycles. 
 

The significance of the concentration difference before and after reaction is tested 
using a t test. Statistics are shown in Table 6B. 
 
Table 6B. PO4-P nutrient concentrations before and after biochar adsorption. P value 
indicates the significance of the concentration difference before and after the reaction. 
 
Biochar 
type 

PO4-P 
initial 
conc. 
mg/L 

PO4-P 
end conc. 
mg/L 

p value NH4-N 
initial 
conc. 
mg/L 

NH4-N 
end conc. 
mg/L 

p value 

0 4.91±0.04 5.11±0.04 0.004 42.99±2.26 40.22±4.15 0.37 
1 4.87±0.01 4.67±0.04 0.002 43.85±1.56 41.78±4.67 0.51 
2 4.77±0.02 4.67±0.06 0.063 41.85±3.07 40.88±1.50 0.65 
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